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The impact of urban air quality on human health is of worldwide concern and 
responsible for 40,000 early deaths in the U.K. alone. Industry’s relocation to 
suburban areas, caused vehicle tailpipe emissions to become the largest air 
pollution contributor. Although new fuels, engine modifications, legislation and 
improved urban planning, resulted in pollutant reductions, air quality remains 
a concern. To that end, resuspended road dust (RD) has been identified as 
one of the largest contributors to urban airborne particulate matter (PM).  
This study focused on potentially harmful elements (PHEs) in RD (specifically 
Cr, Cu, Fe and Pb) to investigate their health hazards associated with chronic 
exposure to urban RD. The study required seasonal collections of RD from an 
urban site in Manchester, U.K. over a two-year period. Total Cr, Cu, Fe and 
Pb concentrations in the fine fractions (<125 µm) were determined for each 
sample and indicated enrichment of PHEs in the smaller particles. In addition, 
this study reports for the first time on the seasonal and size fraction variations 
of the structural and chemical nature of individual RD particles, as determined 
by sequential analysis using computer controlled scanning electron 
microscopy with energy dispersive x-ray detection (CC-SEM-EDX) and micro 
Raman spectroscopy. Furthermore, investigation of the similarities of the <38 
µm fraction with the <10 µm fraction, indicated that it could be used as a proxy, 
thereby contributing to new knowledge. To assess human risk on exposure, in 
vitro data were used to inform the seasonal and particle size variance of the 
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bioaccessibility via the respiratory and gastrointestinal routes. Finally, the 
study featured a risk assessment of the metal exposure using a version of the 
EPA risk assessment protocol adapted in this for use with RD, which features 
as a timely contribution to the field.  
The study highlighted the enrichment of PHEs in finer fractions of RD, 
seasonal speciation of metals in different size fractions and individual particles, 
and behaviour of RD in simulated biological fluids. However, the hypothesis 
and overarching theme concerning the effect particle chemical structure has 
on potential human health effects proved harder to elucidate, illustrating the 
incredibly complex nature of this field of study. Accordingly, a final chapter 
featuring a comparative case study of Hg enrichment and bioaccessibility in 
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Chapter 1. 
Introduction, Aims and Objectives 
This chapter serves as an introduction to this project,  providing a 
succinct overview of the current advancements in the topic of air 
quality, with a particular focus on the input from urban road dust. 
The chapter concludes by outlining the aims and objectives of this 
project. 
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1.1 Introduction 
Environmental particles of airborne size are of importance due to their impact 
on human health. There is a wealth of evidence to suggest that particles of 
respirable and inhalable size are linked to adverse health effects on humans. 
The World Health Organisation (WHO) suggests that particulate matter (PM) 
is responsible for 8% of lung cancer deaths, 5% of cardiopulmonary deaths 
and 3% of respiratory infection deaths (WHO 2009). This is underpinned by 
cohort and epidemiology studies published in scientific journals, linking 
mortality to PM (Dockery et al. 1993; Villarubia et al. 2012; Stockfelt et al. 
2017) 
During the latter part of the 20th century, tailpipe emissions from road vehicles 
were acknowledged as the biggest contributor to urban pollution (Riccio et al. 
2016). Accordingly, scientific research and policy geared itself toward reducing 
tailpipe emissions for private and commercial vehicles, to the point where cars 
with zero tailpipe emissions are prevalent (Sperling and Gordon 2009; Ozilgen 
2017), leading to a sharp decline in the contribution of tailpipe emissions to 
PM (Thorpe and Harrison 2008; Mathissen et al. 2011). This trend is expected 
to increase further with new diesel cars and vans being banned from sale in 
the U.K as of 2040 (DEFRA 2017). The diminishing influence tailpipe 
emissions have on air pollution has led to more emphasis being placed on 
other major contributors to airborne particulates, possibly the most significant 
being road dust (RD) (Rexeis and Hausberger 2009; Kumar et al. 2013a). 
It is well documented that RD makes up a considerable portion of total 
suspended particles, believed to be in some cases up to 74% (Hien et al. 1999; 
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Harrison et al. 1997). Further research indicates that RD is the largest and 
second largest contributor to particulate matter with an aerodynamic diameter 
<10µm (PM10) and particulate matter with an aerodynamic diameter <2.5µm 
(PM2.5), respectively (Landis et al. 2017). 
Early research on the topic of atmospheric particles correlated PM mass 
concentrations and numbers of particles with diseases of a cardiovascular, 
pulmonary and upper respiratory nature (Spengler et al. 1980; Quackenboss 
and Leibowitz. 1989). During the last decade, focus has shifted direction 
towards the chemical composition of these particles (soot, black carbon, 
organic carbon, polyaromatic hydrocarbons (PAHs), inorganic elemental) 
(Kendal et al. 2001). Of late, however, the importance of the chemical structure 
of these particles has been recognised as it is ultimately the microchemical 
surface reactions between particles and body cells that determine the toxic, 
carcinogenic and mutagenic risks (Chen et al. 2010; Rohr et al. 2011), with 
metal components being heavily implicated in this process (Duong and Lee 
2009). While it is well acknowledged that RD is a large contributor of metals to 
PM, it certainly appears that the lack of any research on the chemical 
microstructure of RD particles amounts to a large gap in the knowledge of this 
field. Current research on RD frequently uses a risk assessment equation to 
characterise risk of exposure to bulk concentrations of metals present (Tang 
et al. 2017; Masto et al. 2017), however this simply assumes all metals are 
100% bioaccessible and risk assessment equations are inadequately applied 
to RD. In vitro studies are increasingly utilised to overcome this problem of 
bioaccessible concentrations of metals (Li et al. 2017). Little consideration, 
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however, is given to ensure the appropriate size particles are analysed or that 
the simulated bodily fluids are properly analogous to those present in the 
human body. 
The primary focus of this project is to gain a comprehensive understanding of 
harmful metal contamination in respirable and ingestible particles present in 
urban road dust (Manchester, UK). Furthermore, the risk that ingestion and / 
or inhalation of these particle could pose to human health will be investigated 
by developing a fine-tuned risk assessment model utilising in vitro data. The 
bulk analysis and bioaccessiblity studies focus on Cr, Cu, Fe and Pb. These 
four metals are of particular interest because of their abundance as 
environmental pollutants and their acknowledged impact on health. Cr and Pb 
are commonly found in a wide range of studies addressing the impact of metal 
pollutants on health (Gondal et al. 2015; Fu et al. 2015; Liu et al. 2014). Cu 
and Fe are both heavily implicated in the Fenton reaction (Godoi et al. 2016) 
as well as having significant input to RD from the earth’s crust and 
anthropogenic sources (Potgieter-Vermaak et al. 2012a).  
The study will feature seasonal collections of road dust (RD) over a period of 
two years. The analytical techniques used over the course of this research will 
determine the bulk elemental concentrations of Cr, Cu, Fe and Pb, analysis of 
individual particles, the bioaccessibility of these metals and a comprehensive 
risk assessment. In addition, a case study reporting the abundance and 
bioaccessibility of mercury from three different international sites, Manchester 
U.K., Johannesburg, South Africa and Curitiba, Brazil, is presented. The case 
study intends to substantiate one of the fundamental concepts of this study, 
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documenting that the bioaccessibility of metals is source dependent and thus 
the health effects vary significantly from site to site and are dependent on the 
chemical structure of the pollutant rather than the bulk elemental 
concentration. Using this approach, a comprehensive understanding of how 
the chemical composition of RD influences the potential health effects to 
humans. 
To achieve this, a number of novel methods of RD analysis will be undertaken: 
Firstly, a dual approach to individual particle analysis using Raman 
Spectroscopy and computer controlled scanning electron microscopy. 
Quantification of hexavalent chromium in RD will also be a novel feature. 
Additionally, this study will expand on a method published by Boisa et al. 
(2014) to investigate the possibility of using <38 µm RD fractions as a proxy 
for the documented inhalable <10 µm fraction in a novel fashion. Finally, an 
adaptation of the USEPA inhalation risk assessment calculation will be 
reported and justified for use on metal contaminants in RD. Completion of 
these goals will contribute a valuable portion of knowledge to the field. 
1.2  Aims and Objectives 
It is hypothesised that the chemical form in which metals are present in 
environmental particles is the main factor determining its fate in the 
environment and humans. To test this hypothesis, the aims of this study are: 
I. To gain a comprehensive understanding of the metal composition of 
individual inhalable and ingestible RD particles. 
II. To elucidate the bioaccessibility of inhalable and ingestible particles. 
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III. Develop an appropriate risk assessment methodology for RD by 
modifying existing approaches.  
IV. To apply such methodologies to a case study of the human inhalation 
exposure to Hg in RD in three cities around the world.  
These aims will be carried out objectively as described below, where numeric 
bullet points correspond to the respective numeric bullet points of aims above: 
I. Assessing bulk metal concentrations and the individual particle 
assemblage of metals in RD using ICP-OES, SEM-EDX and Raman 
Spectroscopy, contributing to new knowledge by describing inhalable 
and ingestible individual particle structure and chemical composition. 
Justifying the use of RD particles for inhalation estimates by showing 
that small size fractions of RD can be used as a proxy for inhalable 
sized fractions in a novel fashion. 
II. Bioaccessibility will be determined for size segregated particles, 
collected seasonally, by modelling the ingestion using the BARGE 
method and inhalation route using artificial lysosomal fluid (ALF).  
III. A risk assessment protocol will be developed by modifying the USEPA 
model so that it is more applicable to RD, thereby providing a new 
approach to risk assessment. 
IV. Finally, a case study reporting the abundance and bioaccessibility of 
mercury from three different international sites, Manchester, U.K., 
Johannesburg, South Africa and Curitiba, Brazil, is presented. The 
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case study intends to substantiate one of the fundamental concepts of 
this document, reporting that the bioaccessibility of metals is source 
dependent and thus the health effects vary significantly from site to 
site.  
Together with a critical appraisal of other published studies, this study will 
show that the intricacies of particle structure have a profound effect on the 
potential harm to humans upon exposure to these particles via the inhalation 
and ingestion routes. The addition of this case study will further exemplify the 
need to perform comprehensive analysis of particles on a site-by-site basis to 
understand the potential risk to human health.  
The next chapter is a critical review of literature on the topics covered in this 
chapter. The intention of completing a literature review is to provide a more 
comprehensive analysis of the gaps in research and to further necessitate the 
rationale of this study.  
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Chapter 2.  
Literature Review 
This chapter provides a critical review on the topic of air pollution 
and the sizeable influence which road dust has on this field. This 
chapter will guide the reader to gaps in the knowledge on this topic 
and support the aims of this study outlined in chapter 1  
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2.1  Literature Review Introduction 
Air quality is of significant importance to the majority of the world’s population 
for a variety of reasons (health implications, visibility, climate change, etc.). 
For example, the World Health Organisation (WHO) estimates that in 2012, 7 
million premature deaths were caused by ambient air pollution worldwide 
(WHO 2014). Forty thousand premature deaths are believed to occur in the 
U.K. as a result of outdoor air pollution (Royal College of Physicians 2016). 
Furthermore, it is estimated that over 80% of the world’s population is exposed 
to pollution exceeding WHO recommended concentration levels (Brauer et al. 
2012). To understand the impact that air quality has on human and 
environmental health, the nature and type of pollutants need to be defined. 
The scientific consensus dictates that historically there are four main outdoor 
pollutants, ozone, nitrogen oxides, particulate matter (PM) and, less 
significantly in the modern era, sulfur dioxide (Brunekreef and Holgate 2002). 
Sources of these pollutants are numerous, but typically comprise of industrial, 
domestic and vehicular emissions (Mauderly 1994; Deacon et al. 1997; Ghio 
et al. 2012; Bespalov et al. 2016).  
2.2  Particulate Matter 
PM can be described as airborne particles composed of resuspended road 
dust, resuspended minerals, trace metals, elemental carbon, organic carbon, 
sulfate salts, nitrate salts, ammonium, water, pollen etc. in a solid and/or liquid 
phase (Cheung et al. 2011; Srimuruganandam et al. 2012). The complex 
nature and ability to penetrate the body, implicates PM as one of the most 
concerning pollutants from a public health standpoint. Ordinarily, PM is 
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separated further into two distinct size fractions, coarse (larger than 10 µm 
aerodynamic diameter) and fine (smaller than 10 µm) particles. The fine 
fraction is further classified as particulate matter smaller than 10 µm (PM10) 
and particulate matter smaller than 2.5 µm (PM2.5). PM10 represents the 
thoracic fraction of particles, capable of reaching the lower respiratory system; 
PM2.5 represents the respirable fraction, capable of reaching the portion of the 
lungs where gas exchange occurs (Brunekreef and Holgate 2002). Results 
from cohort studies support this, indicating that long-term exposure to PM can 
shorten life expectancy (Pope et al. 2002). Perez et al. (2015) indicate that 
mortality for any medical cause increased by 0.2% (confidence interval 95%) 
with every 10 µg m-3 incremental increase in PM10 over a study period of 10 
years in France. Moreover, cohort studies have concluded that a significant 
risk persists even in areas of relatively low background PM pollution (Stockfelt 
et al. 2017). Treating these two different size fractions of PM separately is 
justified by findings from Lopez-Villarubia et al. (2012) where epidemiological 
evidence suggested that PM10 had a higher impact on respiratory mortality 
relative to PM2.5, which had a higher impact of cardiovascular mortality. 
Accordingly, several public health organisations have produced guidance for 
concentrations at which PM can pose health risks. The aforementioned 
research, however, shows that these guidance mass concentrations are well 
above that at which measurable effects on mortality have been observed. 
Table 2-1 summarises guidelines from WHO, European Commission and the 
United States Environmental Protection Agency. 
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Table 2-1: Airborne particulate matter guidance according to WHO, European Commission 
and USEPA. 
  PM2.5 PM10 
WHO 24 hour mean 25 µg m-3 50 µg m-3 
Annual mean 10 µg m-3 20 µg m-3 
European 
Commission 
24 hour mean N/A 50 µg m-3 * 
Annual mean 25 µg m-3 40 µg m-3 
USEPA 24 hour mean 35 µg m-3 150 µg m-3 
Annual mean 12 µg m-3 N/A 
*This figure should not be exceeded more than 35 times per year 
PM10 and PM2.5 mass concentrations have been observed to average 154.9 
µg m-3 and 30.0 µg m-3 respectively in Cyprus based on a daily sampling period 
of one year between January 2012 and January 2013 (Achilleos et al. 2016). 
Studies in northern China have indicated average PM10 concentrations across 
four monitoring sites of 144.3 µg m-3 between the years 1998 and 2009 (Chen 
et al. 2016). PM10 concentrations at three different sampling sites in Lebanon 
averaged 54.7 µg m-3, 60.7 µg m-3 and 74.7 µg m-3 between May 2009 and 
April 2010 (Massoud et al. 2011). Studies in Europe indicate PM10 
concentrations averaged 40 µg m-3 over a period of one month between 
October and November 2008 in Holland (Boogaard et al. 2010). Data is 
available courtesy of air quality England (AQE) which shows that in 2016 PM10 
concentrations on Oxford Road, Manchester averaged 27 µg m-3 with a 
maximum daily mean of 95 µg m-3 from 1st of January to 31st of July 2017 (AQE 
2017).  
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In an attempt to adhere to guidance set out, both increasingly stringent laws 
and public scrutiny have led to significant advancements in approaches to 
reduce concentration of PM (Dahl et al. 2006; van Vuuren et al. 2011). The 
U.K Department of Environment, Food and Rural Affairs (DEFRA) reported 
that emissions of PM10 in the U.K fell by 42% between 1990 and 2001 (DEFRA 
2005). In the same study, however, it was reported that the contribution of 
resuspended matter to PM10 increased, while the contribution from road 
transport remained steady. This has led to increased attention from the 
scientific community on other major contributors to airborne particulates, 
particularly road dust (RD) (Rexeis and Hausberger 2009; Kumar et al. 2013a). 
The next section of this review chapter exclusively focuses on the toxic nature 
of RD and its contribution to air pollution. 
2.3  Road Dust as a Contributor to Airborne Particles 
As iterated in the last section of this chapter, it is well documented that a 
significant proportion of airborne particles are derived from RD, which has 
been resuspended by the action of meteorological conditions or turbulence 
caused by traffic (Almeida et al. 2006; Tanner et al. 2008; Thorpe and Harrison 
2008). A number of studies, globally have investigated the portion of RD which 
makes up various size fractions of PM. This has been calculated using factor 
analysis of radionuclides and acid soluble elements, as demonstrated by Hien 
et al. (1999) whom indicated findings from Ho Chi Minh City, Vietnam, where 
resuspended road dust accounted for 74% of the total suspended particulate 
matter. This study cited the work of Harrison et al. (1997), whom calculated 
the proportion to be 62 ± 3 % in Lahore, Pakistan. In this same study, Harrison 
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et al. (1997) found that RD made up 32 ± 5 % of PM2.1 µm at an urban site in 
Birmingham, U.K. Amato et al. (2009) indicated that resuspension made up 32 
% of PM10, 15 % of PM2.5 and 3 % of PM1. This was carried out using positive 
matrix factorization (PMF), a factor analysis technique which uses metal 
concentrations as determined by ICP-AES and (assumed, but not explicitly 
clarified) water soluble ions as indicators. In addition to these studies, Landis 
et al. (2017) concluded that RD is respectively the largest and second largest 
contributor to PM10 and PM2.5, based on a study in Alberta, Canada. This study 
similarly used metals to inform the PMF technique of source identification.  
The results of these studies outline the necessity to consider RD an important 
contributor to air pollution, because of its documented toxicity. In addition, the 
varying degrees to which it contributes to PM outline the need to study it on a 
site by site basis. This supposition motivates the aims of this study, to 
extensively characterise RD at a specific site, and add support for the 
hypothesis (that RD varies site to site) by means of a case study which looks 
at a particular metal, mercury.  
This section provides a succinct justification for RD to be considered an 
important contributor to air pollution. The next step is to consider the practical 
process of collecting RD for experimental procedures. The following section 
considers the approaches which have been documented in literature in a 
critical style, to consider the best approach for the scope of this study. 
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2.4  Sampling and Handling Techniques 
RD studies generally necessitate an appropriate collection technique; 
important considerations for a suitable technique include gaining a 
representative sample and one which is free from contaminants. The majority 
of studies opt for collection with a plastic dustpan and brush (De Miguel et al. 
1997; Yang et al. 2010; Zhang et al. 2012; Ma and Singhirunnusorn 2012; 
Acosta et al. 2015; Li et al. 2015; Wei et al. 2015) or by simply sweeping 
directly into a bag (Liu et al. 2014). However, use of stainless steel pans have 
been published (Christoforidis and Stamatis 2009). The most prominent 
alternative technique of sample collection is by use of vacuum cleaner (Duong 
and Lee 2011; Watanabe et al. 2013; Khanal et al. 2014). While the use of 
dustpan and brush has been criticised as potentially showing a bias against 
smaller particles (Robertson et al. 2003), the evidence to support this appears 
to be misquoted. Additionally, there is evidence to suggest that vacuum 
collection of particles can cause resuspension of particles (Woodfolk et al. 
1993), and even when allergen trapping vacuum bags are used, particles 
between 0.5 µm and 1 µm (maximum diameter tested for) still pass through 
the vacuum cleaner (Vaughan et al. 1999). Additionally, the authors indicate 
that there was some concern as to the nature of these particles and that they 
potentially originate from the components within the vacuum cleaner. In the 
context of the RD studies aforementioned, which used vacuum cleaners to 
collect RD, only Duong and Lee (2011) mention any modification to the 
vacuum cleaner, which interestingly happens to be use of allergen trapping 
vacuum bags.  
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Minimising the effect of meteorological conditions is a consideration for 
appropriate collection, a handful of studies refrain from sampling after 
precipitation for a week (Ma and Singhirunnusorn 2012) or two weeks (Liu et 
al. 2014). There is evidence to suggest that this may not be the best method 
for capturing a representative sample of all particle sizes. Bris et al. (1999) 
show that a greater efficiency of smaller particles are collected under wet 
conditions using vacuum collection methods, relative to dry dust. This seems 
like a reasonable assertion when one considers that it has already been 
documented that finer particles are more easily resuspended in dry conditions 
(Hien et al. 1999).  
To conclude this section, the best way to collect RD is open to discussion, 
however, the simple approach of using a plastic dustpan and brush appears 
to be the best. Chiefly as it seems to bypass as many potential contaminants 
as possible, particularly from metal components, whether they are from a 
vacuum cleaner of a metal pan. There is a significant emphasis on avoiding 
metal contamination of RD, particularly as the majority of studies focus on the 
metal components within RD, this is the topic which is addressed in the 
following section.  
2.5  Bulk Geochemical and Individual Particle Approaches to Analysis 
of RD 
RD often consists of numerous components from a range of sources particular 
to any given area; crustal soil and particles from abrasive action on vehicles 
and road surfaces are typically the main constituents (Pant and Harrison 2013; 
Tanner et al. 2008). The anthropogenic contributors to RD result in its high 
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enrichment with potentially harmful metals such as As, Cr, Hg, Mn, Ni, Pb V, 
Zn (Schauer et al. 2006; Lueng et al. 2008; Zhao et al. 2012; Luo et al. 2012). 
Elucidating the elemental profile of a substance is a key step in approaches to 
understanding health concerns associated with RD. Generally, metals are 
considered one of the key causes of chronic health effects and inhalation of 
resuspended RD or dust ingestion are two major routes of exposure to RD (Du 
et al. 2013). Health complications due to exposure include asthma, various 
cancers, brain haemorrhage etc. (Charlesworth et al. 2011). Table 2-2 
summarises common metals associated with specific chronic health 
conditions. 
Table 2-2: Metals found in RD and associated health effects. 
Metal Health concerns Reference 
Al Neuropathological, neurophysical and 
neurochemical changes 
(Miu et al. 2003) 
Cd Carcinogenic (Zhang et al. 2009) 
Cr Carcinogenic in +6 state (Goldbohm et al., 2006) 
Cu DNA damage via Fenton reaction (Wiseman 2015) 
Fe DNA damage via Fenton reaction (Wiseman 2015) 
Mn Heart conditions (Cavallari et al. 2008) 
Ni Carcinogenic (Kasprzak et al. 2003) 
Pb Affects brain and nervous system (Zhang et al. 2013) 
V Affects nervous system (Li et al. 2013) 
Zn Pulmonary effects (Mueller and Seger 1985) 
 
Typically, the analytical process of quantitative analysis of metals requires 
them to be in solution, unless X-ray fluorescence spectroscopy is used (XRF) 
(Yang et al. 2010). Accordingly, dissolution in concentrated acid is necessary 
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prior to analysis. The majority of studies opt for a microwave assisted aqua 
regia digestive solution (mixed HNO3 and HCl 1:3 (v/v)) (Duong and Lee 2011; 
Jordanova et al. 2014; Khanal et al. 2014; Padoan et al. 2017). However, the 
use of HF is common in combination with other concentrated acids such as 
HNO3 and HClO4 (De Miguel et al. 1997; Liu et al. 2014) or HNO3 and H2O2 
(Wei et al. 2015) to enable the complete dissolution of silicates. However, use 
of a suitable certified reference material (CRM) can justify the use of any of 
these digestion techniques. Padoan et al. (2017) demonstrate this, 
implementing a CRM to prove appropriate extraction efficiency of target 
elements using aqua regia.  
The majority of RD studies opting to use Inductively Coupled Plasma – Mass 
Spectroscopy (ICP-MS) for analysis, benefitting from the low detection limit 
and multi-elemental nature of the instrument (De Miguel et al. 1997; Zhang et 
al. 2012; Watanabe et al. 2013; Khanal et al. 2014; Wei et al. 2015). However, 
Inductively Coupled Plasma – Optical Emission Spectroscopy (ICP-OES) 
(Sysaolva and Szakova 2006; Liu et al. 2014; Zannoni et al., 2016) and various 
types of absorption spectroscopy (Duong and Lee 2011; Ma and 
Singhirunnusorn 2012; Acosta et al. 2015) techniques have also been put to 
effect. While the potential for a lower limit of detection associated with ICP-MS 
make it seem like a more attractive technique, the reality is that the metal 
concentrations in RD, particularly those commonly analysed, are abundant 
enough for this not to be a concern. ICP-MS can also be a problematic analysis 
technique for samples of this nature where a high percentage of total dissolved 
solids (%TDS) exist. In RD digests, this would result in the necessity to dilute 
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solutions down so that %TDS are approximately 0.2 - 1 % w/w, depending on 
instrument (Hein et al. 2017). This would open up the potential to lose 
accuracy due to experimenter error, though the subject of serial dilutions has 
not been raised in any of the papers which use ICP-MS to analyse metals in 
RD.  
While metal concentrations in RD have been shown to be linked with 
subchronic health conditions, it is certain that the relationship is complex. In 
vivo studies show that the composition of particles is instrumental in alterations 
of cardiac function. Chen et al. (2010) demonstrated that over a period of six 
months, exposure of mice to suspended particles of various origins (oil 
combustion, long-range transport, traffic derived, incineration etc.) led to 
adverse cardiovascular events, namely alterations in both heart rate and heart 
variability. Rohr et al. (2011) further support this hypothesis, carrying out a 
similar experimental protocol, implicating the role of metals from local industrial 
sources in the cardiovascular events. Accordingly, there has been some 
research geared towards elucidating metal composition of individual particles 
by using scanning electron microscopy with energy dispersive X-ray analysis 
(SEM-EDX) (Ault et al. 2012; Weinbruch et al. 2014; Niu et al. 2016), the 
former authors postulating that over the three-year study period, seasonal 
changes in iron rich coarse particles from anthropogenic sources could 
correlate with the health effects that are associated with exposure. This study 
therefore probes the link between properties of individual particles and health 
effects. While this conclusion from Ault et al. (2012) is interesting and aligns 
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with the hypothesis outlined in chapter 1 of this document, the proof of this 
concept is not shown within the paper, nor has it been published since.  
Other approaches use Raman Spectroscopy for gaining a comprehensive 
assessment of individual particles (Taylor and Robertson 2009; Potgieter-
Vermaak et al. 2012a). All these studies concerned with characterising 
individual particles show that there is scope for analysing particles within the 
interest of health. None of the studies adequately link health-orientated 
experimentation to this approach though. Potgieter-Vermaak et al. (2012a) 
combine the single particle approach with in vitro experimentation. This is an 
interesting and novel approach, but the dataset lacks depth and there are 
assumptions on inhalable particle size which may not be properly 
substantiated. Therefore, it seems necessary to further investigate the 
potential use of in vitro techniques to complement single particle analysis. This 
represents a significant gap in the literature which this study aims to fill with 
use of both SEM-EDX and Raman Spectroscopy. Once a firmer grasp on the 
nature of individual particles is achieved, the challenge is then to appropriately 
determine the effects on human health. This will be done using in vitro 
approaches, these are outlined in the subsequent two sections, firstly 
regarding the inhalation route, then the ingestion route of entry.  
2.6  In vitro Techniques – Inhalation Route 
In vitro techniques using artificially produced solutions analogous to bodily 
fluids have been presented as a suitable method for modelling the effects of 
pollutants from both PM and RD on the human body via both the inhalation 
and ingestion routes (Twining et al. 2005; Wragg and Klinck 2007; Colombo 
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et al. 2008). Often metals leached into simulated biological fluids are quantified 
using spectroscopic techniques and compared directly to total metals present 
to give bioaccessibility of metals using equation 2-1. (Boisa et al. 2014a). 
Bioaccessibility expresses the concentration of a pollutant, which is able to 
leach into a biological fluid and therefore assumed to be accessible to the 
body, as a percentage of the total concentration of that pollutant which is 
present (Bower et al. 2017). This approach essentially normalises bulk 
concentrations to allow deductions to be made on the form in which a pollutant 
is present. 
Equation 2-1: Equation for bioaccessibility of any given metal. 
𝐵𝑖𝑜𝑎𝑐𝑐𝑒𝑠𝑠𝑖𝑏𝑖𝑙𝑖𝑡𝑦 (%) =  
[𝐿𝑒𝑎𝑐ℎ𝑎𝑡𝑒𝑠](𝑚𝑔 𝑘𝑔−1)
[𝐴𝑐𝑖𝑑 D𝑖𝑔𝑒𝑠𝑡𝑖𝑜𝑛](𝑚𝑔 𝑘𝑔−1)
 × 100 
Despite this, there is a lack of any standardised technique in the literature, 
especially for the inhalation route. Many studies disagree on the correct type 
of lung fluid to use and, in particular, the correct size of particle to include and 
the length of appropriate exposure time. 
There are several different lung fluids commonly used in the literature which 
are designed to mimic two distinct sections of the lungs. Firstly, the 
extracellular environment, deep within the lungs where lung fluid exists at a 
fairly neutral pH of 7.4, and secondly the more acidic fluid (pH 4.5) which 
inhaled particles contact during phagocytosis (Zoitos et al. 1997; Marques et 
al. 2011). The most commonly used variant of the more neutral lung fluid is 
Gamble’s solution (Wragg and Klinck 2007; Colombo et al. 2008; Cabouche 
et al. 2011; Zereni et al. 2012; Potgieter-Vermaak et al. 2012; Lima et al. 
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2013). However, there are studies detailing modified versions of Gamble’s 
solution which include citric acid and phosphoric acid among several other 
reagents (Gray et al. 2010). Other studies modelling the extracellular 
environment use modified versions of phosphate-buffered saline (PBS), 
adjusted to pH 7.4 (Charrier et al. 2011, while others opt for a simulated 
epithelial lung fluid (SELF), which is a more complex solution with organic, 
inorganic and enzyme constituents (Boisa et al. 2014a). Comparisons 
between these different lung fluids in order to disseminate the differences in 
these approaches are challenging. This is highlighted by the fact that metal 
leaching varies significantly between studies even when comparable 
approaches were taken. For example, bioaccessibility of Pb using Gamble’s 
solution has been reported as high as 15-41% (Wragg and Klinck 2007) and 
as low as 0.3% (Potgieter-Vermaak et al. 2012a). One could argue that the 
range of sources of lead and their variation between sites is responsible for 
this; elements with fewer sources could provide results that are more 
consistent. This is illustrated in studies from Zereni et al. (2012) and Colombo 
et al. (2008) where platinum group elements from catalytic converters were 
exposed to Gamble’s solution; bioaccessibility of 0.11-0.43% and 0.45% 
respectively were reported. One exception, however, is reported in studies by 
Cabouche et al. (2011) and Boisa et al. (2014a), where the same certified 
reference material (BCR 038) was exposed to Gamble’s solution and SELF, 
respectively. Bioaccessibility was reported to be 3.3% ±0.2 and 0.3% by 
Cabouche et al. (2011) and Boisa et al. (2014a), respectively. Ultimately, the 
purpose of these fluids is to serve as an appropriate proxy for human lung 
fluid. Unfortunately, there is very little in the way of literature to compare these 
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fluids with human lung fluid. One study by Leclercq et al. (2017) compared 
water, PBS and Gamble’s solution to human respiratory mucus, and 
concluded that Gamble’s solution provides comparable results.  
Studies modelling the more acidic solution tend to opt for the artificial 
lysosomal fluid (ALF), though there are variances in the pH used, pH 4.3 
(Wiseman and Zereni 2014) pH4.4 (Zereni et al. 2012), pH4.5 (Colombo et al. 
2012; Potgieter-Vermaak 2012a; Witt et al. 2014). Table 2-3 details the 
composition of the four extracellular lung fluids and the ALF. 























pH 7.4 7.4 7.2-7.4 7.4 ±0.2 4.5 
Sodium 
chloride 
6.019 6.8 114 12.04 3.21 
Potassium 
Chloride 
0.298 - - - - 
Magnesium 
chloride 




0.126 - 7.8 0.3 0.071 
sodium 
sulfate 




0.368 - - 0.512 0.128 
sodium 
acetate 




2.604 2.3 - 5.4  
sodium citrate 
dihydrate 
0.097 - - - 0.077 
ammonium 
chloride 
- 5.3 - - - 
Phosphoric 
acid 
- 1.2 - - - 
Monosodium 
phosphate 
- 1.7 - - - 
sodium 
carbonate 
- 0.63 - - - 





- 0.2 - - - 
Glycine - 0.45 - 0.752 0.059 
Sulfuric acid - 0.51 - - - 
Citric acid - 0.42 0.3 - 20.8 
Potassium 
phosphate  
- - 2.2 - - 
Ascorbic acid - - 0.2 0.036 - 
L-glutathione - - 0.1 0.06 - 
Uric acid  - - 0.1 0.032 - 
Potassium 
chloride 
- - - 0.596 - 
Albumin - - - 0.52 - 
Cysteine - - - 0.244 - 
DPPC - - - 0.2 - 
Mucin - - - 1 - 
Sodium 
hydroxide 
- - - - 6 
Sodium 
tartrate 
- - - - 0.09 
Sodium 
lactate 
- - - - 0.085 
Sodium 
pyruvate 
- - - - 0.086 
 
Another consideration for appropriate modelling of the inhalation route is the 
length of time particles should be exposed to lung fluids. General uncertainty 
amongst the scientific community, as well as documented variability of particle 
residence time within the lungs (depending on the individual’s health Sturm 
2013) usually results in a range of exposure times being modelled. For 
example, 4 - 24 h (Charrier et al. 2014), 2 - 630 h (Wragg and Klinck 2007) 1 
h – 30 days (Colombo et al. 2008) 15 min – 72 h (Cabouche et al. 2011) 1 h – 
28 days (Potgieter-Vermaak et al. 2012a). In vivo studies on rats indicate that 
65-90% of particles are cleared within 24 h (Hoffman and Asgharian 2003). 
A final consideration concerning appropriate modelling of the inhalation route 
is the correct size of particles to be used. Many studies opt for particles in the 
range of PM10 and PM2.5 for assessing the bioaccessibility of metals in lung 
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fluid, as it is believed that particles of this size are more likely to be inhaled 
(Dias da Silva et al. 2015; Zereni et al., 2012). One distinct limitation, however, 
is the liquid to solid ratio (mL g-1), which is far higher than recommended 
elsewhere (Hamel et al. 1998; Twining et al. 2005; Wragg and Klinck 2007), 
all of whom based their estimates on comparability to the in vivo exposure. To 
overcome this, the use of larger RD particles for assessing bioaccessibility of 
metals via the inhalation route is common, with RD <20 µm, <63 µm and <37 
µm being used (Schaider et al. 2007; Potgieter-Vermaak et al. 2012a; Guney 
et al. 2017). Despite the inability of large particles to enter the deep lungs 
where the more acidic lung fluid environment exists (Davies and Feddah 
2003), RD aggregates can be broken down by meteorological conditions or 
vehicular turbulence (Thorpe et al. 2007). Furthermore, particle numbers 
increase with decreasing size (Kong et al. 2012), accordingly one could argue 
that RD fractions <20 µm, <63 µm and <37 µm etc. are representative of 
inhalable particles. The uncertainty regarding the presence of RD as 
aggregates, and the representation of inhalable particles in larger fractions is 
something which will be addressed in this study by exhibiting how fractions of 
RD which can be swept from the road represent those which become airborne 
and are of inhalable size. 
2.7  In vitro Techniques – Ingestion Route 
Similarly to the inhalation route of exposure, there are several different 
documented techniques for modelling human exposure to pollutants via the 
ingestion route. Several studies opt for a simple method, exposing either PM 
or RD to hydrochloric acid (Bavec et al. 2018) or 0.4 mol dm-3 glycine adjusted 
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to pH 1.5 with hydrochloric acid (Wang et al. 2016) to model the leachability of 
metals in the stomach. Other studies also include fluids designed to simulate 
the intestinal phase following the stomach phase (Wang et al. 2013; Huang et 
al. 2014; Li et al. 2017). There is also growing support for the universal BARGE 
method (UBM) outlined by Wragg et al. (2011) in which particles are exposed 
to artificial saliva, artificial gastric fluid, artificial duodenal fluid and artificial bile 
sequentially to simulate the mouth, stomach and intestines. This procedure 
has been implemented for use with for soils and road dusts in the literature 
(Okorie et al. 2012; Reis et al. 2014; Goix et al. 2016; Bourliva et al. 2017). In 
vivo support for the BARGE method has also been published (Denys et al. 
2012), whom compared the BARGE method of bioaccessibility of Sb, Ca and 
Pb from soils with the juvenile swine physiological model, assessing 
bioaccessibility of the same metals. The juvenile swine physiological model 
has been deemed an accurate representation of human gastrointestinal 
bioaccessibility (Weis and LaVelle 1991; Rees et al. 2009), however is not 
preferred in this study because of the surrounding ethical issues and financial 
costs.  
There is also disagreement in the literature as to the size of particles which 
can appropriately be used for modelling the ingestion route of exposure. 
Ingestion of particles, especially by children, is usually assumed to happen via 
the hand to mouth process described by Duggan et al. (1985), where particles 
of up to 250 µm adhere to the hands when in direct contact with soil. Other 
studies quote particle sizes appropriate for the hand to mouth process at up to 
125 µm (Hamel et al. 1998; Casteel et al. 1997). This seems unlikely to be 
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appropriate when considering ingestion of RD, but has been used in the 
literature to justify characterisation of metals within particles <250 µm (Okorie 
et al. 2012; Rodrigues et al. 2014). Other studies on gastrointestinal 
bioaccessibility of RD restrict themselves to smaller particles, assuming that 
exposure takes place through direct ingestion or via mucociliary cleansing 
(Gradon et al. 1996). Accordingly, RD particles <63 µm are commonly used 
although <22 µm ± 13.25 µm, <10 µm and <2.5 µm have also been published 
(Li et al. 2017; Wang et al. 2016; Zereni et al. 2017; Kong et al. 2011). Many 
of these studies cite the fact that particles up to and over 100 µm can be 
transported by suspension (Kennedy and Hines 2002; Yeung et al. 2003; 
Tanner et al. 2008). Accordingly, this study will test a number of size fractions 
of particles as a means to provide a valuable contribution to this area of 
research. This process could facilitate comparisons between studies where 
different size particles have been used. 
This section and the one preceding outline the approaches to determining 
bioaccessibility of potentially harmful metals and the in vitro techniques used 
to determine this. To contextualise these quantities of bioaccessible metals in 
terms of human health, an approach whereby one can estimate the 
subsequent effects is essential. The next section critically appraises the 
available literature on risk assessment to find the best approach for the results 
of this study. 
2.8  Risk Assessment  
Risk assessment is widely used to contextualise pollutant contamination within 
PM, RD and soils, with a view to assessing their impact on human health (Shi 
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et al. 2011; Wang et al. 2013; Singh and Gupta 2016; Masto et al. 2017; Ma 
et al. 2017). Risk assessment can be defined as the process of identifying 
hazards and calculating their probable adverse effects with respect to 
exposure (Posthuma et al. 2008).  
The most commonly used model for PM, RD and soil is based on the Risk 
Assessment Guidance for Superfund (RAGS): part A (USEPA 1989), which 
published a series of equations to calculate exposure and subsequent health 
risks associated with volatile chemicals and suspended soils from 
contaminated sites. The original documentation details a seven-step process 
beginning with a preliminary site inspection and ending with a five-year review 
in an attempt to standardise the process. This seven-step process was later 
adapted in the EPA Soils Screening Guidance Superfund (USEPA 1996) 
including a conceptual site model (CSM) as step 1. The model proposed by 
the USEPA is believed to be the most advanced (Cachada et al. 2016), and is 
certainly the most cited in literature, however various other countries including 
the UK, Canada and perhaps most notable the Netherlands have developed 
their own models (Canlon 2007). Despite the different approaches, the goal of 
each is ultimately the same, namely to assess the impact of pollutants on 
human health. 
In literature, the process of displaying a conceptual site model (CSM) is 
frequently forgone; the majority of studies simply allude to pollutants, exposure 
sources, exposure mediums, exposure routes and exposed population in 
introduction and methodology sections within the text. There are, however, 
some more explicit examples (Tielemans et al. 2008; Ma et al. 2017), which 
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provide evidence of a more considered approach by conducting a CSM. Once 
the pollutants and the route(s) of exposure have been determined, an average 
daily dose (ADD) can then be calculated for a specific pollutant via either the 
inhalation, ingestion or dermal absorption exposure routes. Equations 2-2, 2-
3 and 2-4 outline the calculations for ADD via each of these exposure routes. 
Table 2-4 summarises the parameters of each of the three equations (Shi et 
al. 2011; Chen et al. 2014; Liu et al. 2014; Lu et al. 2014; Ma et al. 2017). 
Equation 2-2: Average daily dose of pollutant via the ingestion route. 
𝐴𝐷𝐷𝑖𝑛𝑔 =




Equation 2-3: Average daily dose of a pollutant via the inhalation route. 
𝐴𝐷𝐷𝑖𝑛ℎ  =  
𝐶 ×  𝑅𝑖𝑛ℎ × 𝐸𝐹 × 𝐸𝐷
𝑃𝐸𝐹 × 𝐵𝑊 × 𝐴𝑇
 
 
Equation 2-4: Average daily dose of a pollutant via the dermal absorption route. 
𝐴𝐷𝐷𝑑𝑒𝑟𝑚  =  




Equation 2-5: Lifetime average daily dose for carcinogens via the inhalation route. 
𝐿𝐴𝐷𝐷𝑖𝑛ℎ  =  
𝐶 × 𝐸𝐹
 𝐴𝑇 × 𝑃𝐸𝐹
× (
𝑅𝑖𝑛ℎ 𝑐ℎ𝑖𝑙𝑑 × 𝐸𝐷𝑐ℎ𝑖𝑙𝑑
𝐵𝑊𝑐ℎ𝑖𝑙𝑑
+  




Table 2-4: Parameters used in equations 2, 3 and 4. 
Component Definition (units) 
ABS Dermal absorption factor 
AT Averaging Time (days) 
BW Body Weight (kg) 
C Concentration of contaminant (mg kg-1) 
CF Conversion factor (kg mg-1) 
ED Exposure duration (years) 
EF Exposure frequency (days year-1) 
PEF Particle emission factor (m3 kg-1) 
Ring Ingestion rate (mg day-1) 
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Rinh Inhalation rate (m3 day-1) 
SA Surface area (cm2) 
SL Skin adherence factor (mg cm-2) 
 
A non–carcinogenic hazard quotient (HQ) can then be calculated by dividing 
the ADD by a reference dose (RfD) specific to a chemical. The concept of RfD 
is adapted from the no-observed-adverse-effect-level (NOAEL) evaluations 
used to characterise drug safety (Dorato and Englehardt 2005). NOAELs are 
derived from either epidemiology studies on humans, or in vivo studies, RfDs 
are then calculated by dividing an NOAEL value by an uncertainty factor, which 
is assigned with reference of the quality of research which went towards the 
NOAEL value (Barnes and Dourson 1988). In the context of risk assessment 
of metal exposure, the reference dose acts as an exposure to metals below 
which the health concerns of the chemical are not a concern. Therefore, a 
HQ<1 is not considered a health concern. HQs from each of the three 
exposure routes can then be summed to give a hazard index value (HI), again, 
a value below 1 is not considered a concern. Carcinogenic risks are calculated 
by multiplying the lifetime average daily dose (LADD) from a given exposure 
route by an appropriate slope factor, whereby a resulting value of >1x10-6 is 
deemed significant (Ferreira-Baptiste and De Miguel 2005; Chen et al. 2014; 
Singh and Gupta 2016; Samiksha et al. 2017; Masto et al. 2017). The slope 
factor represents a 95% confidence limit on the increased likelihood of cancer 
risk over a lifetime exposure and serves as an extrapolation of the RfD 
calculated from an appropriate epidemiology or in vivo study (Kar et al. 2012). 
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One assumption of the ADDinh and LADDinh calculations use here is the particle 
emission factor (PEF) parameter. The PEF value (1.32 x 109 m3 kg-1) was 
derived for the purpose of representing airborne quantities of soil 
contaminants from sites where vegetation makes up 50% of the surface 
coverage (USEPA 2000). The applicability of this PEF value to urban RD 
samples therefore questionable, as the sites, certainly in this study, have no 
vegetation. Despite this, it has been used in literature to assess the risks 
associated with metals in urban RD (Du et al. 2013; Ma and Singhirunnusorn 
2012; Ferreira-Baptiste and De Miguel 2005). This therefore presents a 
problem with the risk assessment calculation which will be addressed in this 
document in a novel fashion. 
Risk assessment in this manner is frequently applied to metals in RD, based 
on total concentrations of metals (Chen et al. 2014; Liu et al. 2014; Tang et al. 
2017; Masto et al. 2017) with various cases of significant carcinogenic and 
non-carcinogenic risks reported. One drawback to this approach is that in vitro 
studies have shown that only a portion of the total metals present is 
bioaccessible and thus using the total acid-soluble or total overall 
concentration inevitably results in an overestimate of the actual risk. Taking 
the bioaccessible portion into account is an approach which has been 
attempted before; in each case only the ingestion route of bioaccessibility was 
modelled, using the simplified techniques, unsupported by in vivo 
experimentation (Hu et al. 2011; Li et al. 2015; Li et al. 2017). This is another 
example of a gap in available scientific literature, again this study will address 
this in latter sections of this document, by using ALF to simulate lung fluid and 
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the UBM method to simulate the gastrointestinal route. Another modification 
to the usual protocol of including ADDing ADDinh and ADDderm to produce a HI 
featured in this study will be the dispensation of the ADDderm. While this study 
is able to use in vitro techniques to develop risk assessment protocol 
concerning the ADDing and ADDinh, the ADDderm route is complex and difficult 
to modify. Additionally, studies have shown that ADDderm makes no significant 
contribution to HI of Cr, Cu, Fe and Pb (Ferreira-Baptiste and De Miguel 2005; 
Chen et al. 2014; Masto et al. 2017). 
2.9  Literature Review – Closing Remarks  
This chapter has provided a detailed overview of the input RD has on air 
pollution in urban areas, in which gaps in the research on this topic have been 
pointed out explicitly. These gaps coincide with the aims as pointed out in 
chapter one of this document. Moving forward, the next chapter will cover the 
experimental approaches designed to achieve the aims of this study. 
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Chapter 3.  
Experimental Methodology 
This chapter covers the experimental approaches undertaken in 
this study as a means to complete the aims as outlined in chapter 1 
of this document. 
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3.1 Site and Sample Handling 
Road dust was collected from Oxford Road, Manchester, UK, one of the main 
routes into the city, passing along two of the largest universities in the UK 
supporting over 70,000 students. Oxford Road is heavily laden with cars, 
buses, motorbikes, HGVs and taxis with an average motor vehicle traffic 
density of 11,900 vehicles day-1 between 2012 and 2016 (U.K. Department for 
Transport 2017). In addition to this, the road is intersected by the Manchester 
Oxford road railway station and the M60 raised motorway, which has an 
average motor vehicle traffic density of 85,500 vehicles day-1 between 2012 
and 2016 (U.K. Department for Transport 2017). The highly trafficked nature 
of Oxford road gives it the potential to be a highly anthropogenically polluted 
area. This is a cause for concern for those working and commuting via Oxford 
road, particularly the many pedestrians and cyclists (average cycle density of 
510 bicycles day-1 between 2012 and 2016 (U.K. Department for Transport 
2017)). Figure 3-1 shows the location of the study site within Manchester and 
the U.K., red points on the middle diagram show train stations in Manchester. 
Sampling was carried out on the road below the curb of a traffic island, Oxford 
Road, Manchester, UK using a plastic dustpan and brush, a similar process to 
that carried out by Charlesworth and Lees (1999). One sampling site was 
deemed to be representative of the 550 m stretch of road by rigorous analysis 
and statistical testing carried out previously on Oxford Road (Barrett 2010). 
Sampling took place seasonally over two years, starting in spring 2013 and 
ending in winter 2014/15, giving a total of 8 sampling campaigns. These 
sampling campaigns will be designated as Sp for spring (March to May), Sum 
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for summer (June to August), Aut for autumn (September to November), and 
Win for winter (December to February). Approximately 10 kg of RD was 
collected from the sampling site in each campaign and air dried at room 
temperature (21°C ± 3°C). Samples were placed in clean brown paper bags 
on a clean bench, topped with Benchkote® polyethylene laminated Whatman® 
paper and left to dry. An aliquot of each RD sample, representative of the rest 
of the RD sample, was sorted into a smaller brown paper bag. This was 
weighed daily until the mass stabilised, indicating that the aliquot, and hence 
the rest of the sample, was dry. Typically, this process took up to three weeks 
depending on relative moisture of RD samples. 
The resulting dry sediment was separated into different grain size fractions 
using standard sieve methods. Stainless steel woven wire mesh sieves (200 
mm diameter; 50 mm depth: to ISO 3310-1:2000; BS 410-1:2000) were used. 
The three grain-size fractions analysed in this study, <38 µm, 63-38 µm and 
125-63 µm were attained using sieves of mesh sizes 0.125 mm (US std 120), 
0.063 mm (US std 240) and 0.038 mm (US std 400). All equipment used was 
thoroughly washed to ensure that no metal contamination occurs between 
samples. A solution of 2% nitric acid was used to clean all non-metal 
equipment.  
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Figure 3-1: Road dust sampling site, Oxford road, Manchester, U.K. 
 
3.2  Bulk Geochemistry 
As discussed in chapter 1, Cr, Cu, Fe and Pb were identified as elements of 
specific interest regarding deleterious effects of inhalation and ingestion of RD. 
Prior to in vitro analysis carried out in the context of this study, it is necessary 
to analyse the pseudo-total amount of each of these elements present in RD. 
To quantify Cr, Cu, Fe and Pb, 500 mg ± 10 mg of each sample was accurately 
weighed in triplicate and digested with aqua regia (7.5 ml HCl, 2.5 ml HNO3). 
This process was facilitated with a 1600W CEM Mars 5 Microwave equipped 
with Teflon digestion tubes, this procedure is similar to many RD studies 
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published in literature (Duong and Lee 2011; Kumar et al. 2013b; Jordanova 
et al. 2014; Khanal et al. 2014; Padoan et al. 2017). Analysis was carried out 
using a Varian Vista MPX ICP-OES with SeaSpray nebulizer. Initial system 
stability checks were carried out with a 5 mg dm-3 solution of manganese 
during the torch alignment whereby the upper values must be in excess of 
300,000 counts per second, sample analysis exclusively used the axial 
position. A four-point linear calibration was achieved for each element, using 
matrix-matched standard solutions, whereby a calibration coefficient of >0.99 
for all elements was determined. Five replicates were carried out per sample.  
Method verification was carried out using a certified reference material (CRM), 
river clay sediment LGC6139. 500 mg ± 10 mg of CRM was weighed out in 
triplicate, digested using aqua regia and analysed using ICP-OES, this is the 
same technique used for the samples. Matrix matched blanks were also 
analysed with the samples to ensure origin of metals was from RD and not 
reagents/materials used in digestion process. The results of this method 
verification are presented in results section 4.2.  
3.3  Individual Particle Analysis 
To determine the mineral composition of the RD samples, single particle 
analysis (SPA) was performed using micro-Raman Spectroscopy and 
computer-controlled SEM-EDX. SPA can enable a more comprehensive 
insight into the composition of RD relative to simple bulk analysis. It allows 
observations to be made regarding the incidence of different minerals and 
hence oxidation states of metals in a grain faction, it allows for observations 
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on which elements are found with which within a particle ergo, one can cluster 
particles. 
3.3.1 CC-SEM-EDX 
A Zeiss Supra 40VP field emission computer controlled scanning electron 
microscope with energy dispersive X-ray microanalysis (CC-SEM-EDX) was 
used to determine metal composition of single particles from each sample. 
Samples were mounted on silver foil (Alfa Aesar U.K, 0.127 mm thick, 99.9 % 
metal purity) using a process of tipping a small number of particles onto a 
laminated piece of paper, shaken gently to distribute them over a small area 
so that particles are adequately separated, then pressing a stub coated with 
silver foil onto the particles. A backscattered electron detector was used at 
1000x magnification, 25 kV and working distance of 15 mm to acquire an 
image of the stub surface. The heavy elemental background from the silver foil 
enables a high contrast black and white image to be obtained. EDAX Genesis 
software is used to control the instrument, generating a series of images 
spiralling out from the centre of the stub, essentially mapping it. The program 
recognises particles based on their dark colour relative to the background, 
after a greyscale sensitivity was programmed by the operator beforehand. 
Each particle is exposed to an acquisition of 15 seconds, giving metal 
concentrations as percentage of each particle based on signal peaks at 
discreet KeV values indicative of either Kα emissions of Lα emissions. This 
procedure also uses the precise magnification value to measure particle ferret 
diameters in the x and y planes based on number of pixels. Particle size can 
be represented by average diameter, calculated from the two-dimensional 
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projection of a given particle. Equation 3-1, as used by Potgieter-Vermaak et 
al. (2012b), shows how average particle diameter is calculated for each 
particle. Where, Dp is average particle diameter, Dmax is maximum feret 
diameter, Dmin is minimum feret diameter.  
Equation 3-1: Average particle diameter. 






3.3.2 Raman Spectroscopy 
A Thermo Scientific DXR Raman microscope equipped with a 532 nm diode 
pumped solid-state laser and 50x objective were used. The instrument 
features a Thermo Scientific calibration tool which, when placed on the 
microscope stage, allows the user to perform a simultaneous alignment and 
calibration by placing the cross hairs within the eyepieces on a pinhole. The 
surface beneath the pinhole is able to move, switching between copper and 
polystyrene, to align then calibrate the laser, respectively. The alignment and 
calibration feature of the instrument is user initiated, then controlled by the 
instrument to ensure correct execution. Samples for Raman Spectroscopy 
analysis were prepared on 12.5 mm plastic sticky tabs (Agar Scientific, U.K) 
adhered to a glass slide. A small number of particles were tipped onto a 
laminated piece of paper, shaken gently to distribute them over a small area 
so that particles are adequately separated, then mounted on a sticky tab on a 
glass slide. The user then manually analyses particles in a serpentine pattern, 
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starting in the top left corner, rastering along to the right, then moving down 
and rastering along to the left. The benefit of carrying out this process on a 
glass slide is that it enables the user to observe coordinates on the slide, 
allowing the user to carry out analysis over several sessions if necessary. Two 
hundred particles per sample were analysed, this quantity is deemed 
adequate to be representative of a sample. In the literature, analysis of 50 
particles is generally deemed representative (Potgieter-Vermaak et al. 2012b; 
Jentzsch et al. 2013). 
Analysis of resulting spectra was carried out using the in-built Thermo 
Scientific Spectral Database as a first estimate. Further verification of spectra 
was carried out using CrystalSleuth computer program, which uses the 
RRUFF database (RRUFF.info). CrystalSleuth has been well used as a 
method for elucidating the composition of minerals (Lammers et al. 2012; 
Wang et al. 2017; Kereszturi et al. 2017). As outlined in section 2.6, RD usually 
exists as aggregates, as a result of this spectra of particles often included 
bands from more than one distinct mineral. Incidents where this occurred and 
the bands overlap can present a challenge, however using the WiREcomputer 
program, it is possible to deconvolute the bands and gain values for each band 
under what appears to be a curve. 
3.4  Chromium (VI) Quantification 
To gauge a further understanding of the toxic nature of RD, it is important to 
consider the toxicity of each given metal. While the role of Cu, Fe and Pb on 
human health is well documented and the mechanisms well known, Cr 
presents a different problem. Two of the most commonly occurring oxidation 
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states of Cr are Cr (III) and Cr (VI). Chromium (III) is a dietary requirement, 
playing a role in metabolism of lipids and proteins (Florence et al. 1980), 
whereas Cr (VI) is known to be carcinogenic, causing DNA strand breaks and 
producing 8-hydroxyguanosine, indicative of oxidative stress (O’Brien and 
Kortenkamp 1995; Elci et al. 2010). While quantification of Cr (VI) in PM has 
been demonstrated (Borai et al. 2002; Swietlik et al. 2011), there are currently 
no studies investigating Cr (VI) within road dust.  
As we identified sporadic occurrences of various forms of chromate ions with 
the micro Raman analysis, it was decided to investigate the Cr (VI) content of 
the RD samples. Isolation of chromium (VI) in RD requires a method which 
solubilizes chromium (VI) while precipitating out chromium (III), all the while 
avoiding any conversion of either native species. The method used was based 
on EPA method 3060A (USEPA 1996). 25 ml of digestion solution (0.5 M 
NaOH, 0.3M Na2CO3) was mixed with 250 µl of phosphate buffer and 400 mg 
of MgCl2. The addition of Mg2+ in phosphate buffer inhibits the oxidation during 
the digestion procedure. One gram of road dust was then added to the 
solution, mixed unheated for 5 minutes and mixed at 92.5°C ± 2.5°C for one 
hour. The solution was filtered and made up to 50 ml with deionised water. A 
Graphite Furnace Atomic Absorption Spectroscopy (GFAAS) was used to 
quantify Cr (VI). The protocol used a Varian AA2047 GFAAS, complete with 
autosampler which accurately aspirates 15 µl of sample into a graphite tube, 
the instrument’s temperature control program ensures accurate ashing and 
atomising temperatures at 800˚C and 2100˚C, respectively. Once the sample 
was atomised, light from a hollow cathode lamp at a wavelength of 429 nm 
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was sent through the tube to the detector where background absorption was 
subtracted from atomic and background signal (Compton 2006).  
Method development was carried out to ensure the accuracy of this method, 
in particular to assure the conversion between oxidation states does not occur. 
This was done by adding a combination of aqueous and solid Cr (VI) and (III) 
to the digestion solution with acid washed sand. Results of this quality 
assurance are presented in results section 4.5.  
3.5  PM10 Separation 
As indicated in the literature review section 2.1.6, there is a degree of 
uncertainty in the scientific community as to the particle sizes, which are 
appropriate for use with in vitro studies. Accordingly, the aim of this particular 
experiment was to see if <10 µm fraction of RD is analogous to the <38 µm 
fraction, and thus assess the possibility of using the larger, more abundant 
size fraction of RD as a proxy for PM10. This was done by first separating 
particles <10 µm from the <38 µm fraction, then comparing the two samples 
in terms of size (to verify efficiency of the separation technique), metal content 
and mobility of metals in simulated biological fluid.  
The water deposition technique was carried out using a sedimentation-in-
water process based on the principles of Stokes’ law, which gives the velocity 
of a sphere in a viscous fluid under the force of gravity. Equation 3-2 is Stokes’ 
law, where V is velocity of a particle; g is acceleration due to gravity; a is the 
diameter of a particle (cm); d1 is the density of a particle; d2 is the density of 
water; µ is the viscosity of water (Haynes 2016). Density of particles was 
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measured to be 3.2 g cm-3, as determined by a water displacement technique 
similar to Blake and Hartage (1986). 
Equation 3-2: Stokes’ law.  





The separation technique is presented in figure 3-2. The process uses a 
bunged 100 cm3 measuring cylinder. The distance between the 100 cm3 mark 
on the cylinder and the 80 cm3 mark was measured to be 3.1 cm. The time 
taken for particles of 10 µm to travel that distance is 259 s, as determined by 
equation 3-2.  
A 2 g sample of RD was weighed into the measuring cylinder then made up to 
the 100 cm3 mark with deionised water. The cylinder and contents were then 
thoroughly agitated by hand then placed on a bench, this is shown as step a. 
in figure 3-2. A stopwatch was then used to time 259 s, the amount of time 
taken for particles larger than 10 µm to travel 3.1 cm, shown as step b. in figure 
3-2. A 20 cm3 pipette was then inserted into the cylinder to siphon off the top 
20ml of water. This process removes suspended particles <10 µm from the 
cylinder, shown as step c. in figure 3-2. The water in the pipette, containing 
the <10 µm particles, is then aspirated into a clean centrifuge vial, step d. in 
figure 3-2. The centrifuge vial and contents were then centrifuged at 2000 rpm 
for 15 minutes, the supernatant was then discarded, step e. in figure 3-2. The 
particles remaining in the centrifuge tube were then transferred to a clean 
weighing boat and left to dry at room temperature in a clean brown paper bag. 
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This process is repeated 20 times for each sample with another 20 cm3 of 
deionised water added to the measuring cylinder before step a. to replace the 
20 cm3 removed at step c. on the previous iteration. The method described 
here is based on one described by Boisa et al. (2014b). 
 
Figure 3-2: Schematic for the separation of RD by sedimentation. 
 
Once separation was achieved, particle size distribution was carried out using 
SEM-EDX in the technique described here in section 3.3.2; total metal content 
was measured using the acid digestion protocol as described in section 3.2 
and mobility of metals in ALF as described in section 4.6.1.  
3.6  In Vitro Analysis 
3.6.1 Respiratory Route 
Analyses of the leachates were carried out using the same instrumentation 
and parameters as the bulk metal analysis method described above, 
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calibration standards were matrix matched using ALF. ALF was prepared 
according to Colombo et al. (2008), where reagents listed in table 2-3 where 
added sequentially to deionised water, each reagent was dissolved before the 
next was added. The experimental protocol started with 0.15 g ± 0.0015 g of 
each RD sample being weighed out into a centrifuge vial (in triplicate), 15 ml 
of ALF was added to each vial, sealed and shaken by hand for 10 seconds 
each vial was then placed in a shaking incubator for 24 hours. On removal 
from the shaking incubator, samples were allowed to cool to room temperature 
for 10 minutes before being filtered using 0.2 μm Whatman® PVDF syringe 
filters into clean universal vials. The samples were then acidified using spectral 
grade HNO3 (310 µl), to achieve a 2% w/v acid solution and stored at 4 ºC until 
analysis could be performed. Analysis of the leachates was carried out using 
the same instrumentation and parameters as the bulk metal analysis method 
described in section 4.2, calibration standards were matrix matched using ALF 
3.6.2 Gastrointestinal Route 
Gastrointestinal dissolution of metals was quantified using the universal 
BARGE method (UBM) (BARGE/INERIS 2010) and has been shown to be 
comparable to in vivo studies (Denys et al. 2012). The process involves 
simulation of the gastric route (GC) and the gastrointestinal route (GI). The GC 
route exposes RD to simulated fluids in just the mouth and stomach 
compartments, simulated saliva and simulated gastric fluid respectively. The 
GI route has the additional exposure to the intestinal compartment, modelled 
with simulated duodenal fluid and bile. Production of each simulated fluid 
required initial production of an aqueous solution of the inorganic and organic 
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components of each fluid separately before being combined along with 
enzymes. The components of the inorganic and organic solutions are outlined 
in table 3-1, where each number represents a mass in grams (unless stated 
otherwise) added to deionised water to a final volume of 250 mL.  The 
inorganic and organic constituents of each of the four solutions were produced 
the day before exposure. The next day, the solutions are combined and heated 
to 37 °C before addition of RD. A calibrated pH meter was used to ensure the 
pH of each solution stayed within the strict range as described by 
BARGE/INERIS (2010). The entire process was scaled down, using 0.3 g of 
RD, rather than 0.6 g as described by BARGE/INERIS (2010), the quantity of 
each solution used was also halved to keep the stated liquid to solid ratio. The 
process of reducing the quantities in this manner has been shown not to affect 
the quantity of metals leached (Xia et al., 2016). A schematic of how the 
method proceeds is displayed in figure 3-3, where the methodology that 
branches to the left represents the GI route and the methodology that 
branches to the right represents the GC route, each RD was treated in the 
same manner in triplicates. Analysis of the leachates was carried out using the 
same instrumentation and parameters as the bulk metal analysis method 
described above and calibration standards were matrix matched.  
Table 3-1: Composition of fluids used for the UBM, each number represents a mass (g) 
unless stated otherwise used to make up 250 mL of the inorganic and organic solutions for 
each fluid.  












448 412 282 188 
Monosodium 
phosphate 
444 133   




100    
Sodium 
sulfate 
285    
Sodium 
Chloride 
149 1376 3506 2630 
Calcium 
chloride 
 200   
Ammonium 
chloride 




  2803.5 2893 
Potassium 
phosphate 
  40  
Magnesium 
chloride 
  25  
Sodium 
hydroxide 
0.9 mL    
Hydrochloric 
acid 
 4.15 mL 90 µL 90 µL 
Organic Urea 0.1 42.5 50 125 
Glucose  325   
Glucuronic 
acid 
 10   
Glucosamine 
hydrochloride 
 165   
Enzymes Alpha 
amylase 
0.0725    
Mucin 0.025 1500   
Uric acid 0.0075    
Bovine serum 
albumin 
 500 500 900 
Pepsin  500   
Calcium 
chloride 
  100 111 
Pancreatin   1500  
Lipase   250  
Bile    3000 
Final pH  6.5 ± 0.5 1.1 ± 0.1 7.4 ±0.2 8 ± 0.2 
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Figure 3-3: Experimental schematic for the UBM, left hand branch represents the GI route, 
right hand branch represents the GC route 
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3.7  Risk Assessment 
The risk assessment method used for the leachate results obtained from the 
in vitro studies is based on the USEPA model (USEPA 1997), whereby the risk 
of detrimental health effects caused by a pollutant on an individual was 
calculated based on severity of exposure. Equations 3-3 and 3-4 show 
calculations for Average Daily Dose (ADD) of a non-carcinogenic pollutant via 
the ingestion and inhalation routes. Equation 3-5 shows the Lifetime Average 
Daily Dose (LADD) for carcinogens via the inhalation route. The parameters 
and values for each equation are displayed in table 3-2, several of the sources 
for these parameters have been cited as “this study” this indicates that either 
the parameter relies on experimentally determined values obtained in this 
research or consideration was given to derive a value appropriate for this site 
based on a worst-case scenario approach. It should be noted that equations 
3-4 and 3-5 presented here have been adapted from equations 2-3 and 2-5 in 
section 2.8. The equations in section 2.8 featured a particle emission factor 
(PEF), which despite being used for RD in literature (Buranatrevedh 2014; Liu 
et al. 2015; Cao et al. 2015) is deemed to be non-representative of RD 
resuspension, as motivated in section 2.8. The PEF component of the 
equation has therefore been removed and replaced with the concentration of 
total suspended particles (TSP) reasoned to be derived from road dust on 
Oxford Road, Manchester. This was calculated with use of an Osiris monitor 
which collected TSP for the entirety of the study returning an average 
concentration of 92.9 µg m-3, this value is then multiplied the portion of TSP 
which RD is believed to contribute, 62% as determined by Harrison et al. 
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(1997). This term of the equation is placed as a numerator to ensure the units 
of ADDinh and LADDinn are retained. The alteration of this equation presents 
itself as a novelty for this research. Another novel feature of this analysis is 
that the risk assessment was performed on the bioaccessible portion of RD as 
determined by the leaching studies. Once values are inserted into Equations 
3-3 and 3-4, ADDing and ADDing can be calculated. Hazard quotients (HQ) for 
each route of exposure can then be derived by dividing each ADD of each 
metal by a reference dose (RfD). The RfD value represents the threshold for 
which the health effects of any given pollutant can be observed 
(Buranatrevedh 2014; Liu et al. 2015; Cao et al. 2015). HQ values for each 
exposure route are then combined to obtain a hazard index value (HI). A HI 
greater than 1 are indicative that significant risks of non-carcinogenic health 
effects due to a pollutant may be observed (USEPA 2001). Regarding 
equation 3-5, the LADDinh is multiplied by a slope factor to produce a cancer 
risk whereby a resulting value of >1x10-6 is deemed significant (Ferreira-
Baptiste and De Miguel 2005; Chen et al. 2014; Singh and Gupta 2016; 
Samiksha et al. 2017; Masto et al. 2017), as iterated in the literature review 
sections of this document. The slope factor has units of kg day mg-1 and 
represents an upper bound approximation of the increased cancer risk based 
on a lifetime exposure to a carcinogen. 
Equation 3-3: Average daily dose of a pollutant via ingestion route. 
𝐴𝐷𝐷𝑖𝑛𝑔 =
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Equation 3-4: Average daily dose of a pollutant via inhalation route. 
𝐴𝐷𝐷𝑖𝑛ℎ  =  






Equation 3-5: Lifetime average daily dose for carcinogens via the inhalation route. 
𝐿𝐴𝐷𝐷𝑖𝑛ℎ  =  
𝐶 × 𝐸𝐹 × ([𝑇𝑆𝑃] × 0.62 )
 𝐴𝑇
× (
𝑅𝑖𝑛ℎ 𝑐ℎ𝑖𝑙𝑑 × 𝐸𝐷𝑐ℎ𝑖𝑙𝑑
𝐵𝑊𝑐ℎ𝑖𝑙𝑑
+  




Table 3-2: Parameters for average daily dose and lifetime average daily dose calculations 





AT Average Time 
(days) 
365 x ED 365 x ED This study 
BW Body Weight (kg) 84 21 Potgieter-
Vermaak et 
al. 2012 










CF Conversion factor 
(kg/mg) 
1 x 10-6 1 x 10-6  
ED Exposure duration 
(years) 




350 350 This study 
Ring Ingestion rate 
(mg/day) 
200 100 USEPA 1989 
Rinh Inhalation rate 
(m3/day) 
20 5 Du et al. 2014 
TSP RD derived Total 
suspended 
particles (kg/m3) 








Results and Discussion 
This chapter comprises the results and discussion for the Oxford 
Road, Manchester, UK dust samples, collected over a two-year 
period (2013 – 2015). 
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4.1  Physical Sample Characteristics 
The road dust samples were handled as described in the experimental 
methods section of this document in section 3.1. As a recap, ~ 10 kg RD 
samples were collected from a traffic island on Oxford Road during a two-year 
period and weighed. Samples were left in brown paper bags in the laboratory 
until a constant mass was reached, weighed and then sieved in different size 
fractions, i.e. <38 µm, 63-38 µm and 125-63 µm. The masses per fraction (wet 
and dry) of each sample have been summarised in table 4-1. The results show 
that the moisture content of RD is dependent on season, with the two winter 
sampling campaigns containing the largest moisture content (38.45% and 
28.03%). To examine how the moisture content of each RD campaign affected 
the distribution of mass amongst the particle size fractions, product-moment 
correlation coefficient was calculated using equation 4-1. Inputting continuous 
x and y variables, in this case moisture and mass of RD respectively, derives 
an r value, which falls between the range of -1 ≤ r ≥ 1 where -1 indicates perfect 
negative correlation, 0 indicates no correlation and 1 indicates perfect positive 
correlation.  
Equation 4-1: Product-moment correlation coefficient where -1 ≤ r ≥ 1 indicating negative to 
positive correlation. 
𝑟 =
∑ {(𝑥𝑖 − ?̅?)(𝑦𝑖 − ?̅?)𝑖 }
√{[∑ (𝑥 − ?̅?)2]𝑖 [∑ (𝑦𝑖 − ?̅?)2]}𝑖
 
Interestingly, there appeared to be a positive correlation between moisture 
content (%) and mass of the >125 µm fraction (as % of the total dry weight). A 
correlation coefficient of 0.575 was achieved, in contrast to -0.609, -0.624 and 
-0.326 in the 125-63 µm, 63-38 µm and <38 µm fractions, respectively. The 
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data suggest that if the RD is wetter, the larger size fraction (>125) represents 
a larger mass fraction than the rest of the size fractions. Taking into account 
that size fractionation took place after drying, one can possibly explain the 
correlation by irreversible particle aggregation under wet conditions. This 
supports the work of Gunawardana et al. (2012), who found that RD from a 
site in Australia existed as a large number of aggregated particles, as 
determined by SEM-EDX. In addition, these correlation statistics show that the 
mass as percentage of total dry mass in the <38 µm fraction is less affected 
by moisture content than the 125-63 µm and 63-38 µm fractions. The 
explanation for this could be that the particles are aggregated in the <38 µm 
fraction but the force needed to segregate is greater than that acted upon the 
particles in the fractioning process here, or that they simply do not exist as 









     54 
 
Table 4-1: Wet weight, dry weight, moisture and masses of the three fractions of RD, the 
three sized fractions show % of the total dry mass in brackets. 
Sampling 
campaign 
Bulk Sample Dry size-segregated sample mass (g) 
















No data No data No data No data No data No data No data 
Summer 
2013 







































































Figure 4-1 shows the rainfall and temperature data during the two-year 
sampling campaign, provided courtesy of Whitworth Meteorological Station, 
Manchester. Indicating the total monthly rainfall (mm), with RD moisture 
(secondary y-axis for top chart), as specified in table 4-1 and temperature (°C) 
in the bottom chart. It can be observed that rainfall fluctuates over the sampling 
campaign and there is no obvious seasonal pattern. For example, in January 
2013 there was 51.0 mm of rain recorded, in January 2014 there was 93.4 
mm. An even larger difference is observed for May 2013 and May 2014, with 
48.0 mm and 113.1 mm, respectively. Considering the graphical 
representation of RD moisture, there appears to be a set of peaks and troughs 
at winter and summer respectively, with the winter campaigns showing the 
highest moisture content. This shape of peaks and troughs is represented in 
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an even more ordered fashion in the temperature chart at the bottom of the 
figure, only this time the peaks occur during the summer, the inverse of the 
RD moisture chart. Accordingly, figure 4-1 seems to show that the moisture 
content of RD is more dependent on the temperature than the amount of 
rainfall and that there is an inverse relationship, where low temperatures yield 
high moisture content. This is most likely due to water not being able to 
evaporate off in the lower winter temperatures, thus the RD stays wet for, 
perhaps, months. This supports the work of Omstedt et al. (2005) whom 
postulated that the speed at which road moisture evaporated correlated with 
RD resuspension.  
  
Figure 4-1: Total rainfall, black dots (top chart, primary y-axis), RD moisture, red squares 
(top chart secondary y-axis) and temperature, blue triangles (bottom chart) plotted in each 
case against the two-year sampling campaign as a time spanning x-axis. 
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4.2  Bulk Chemical Analysis 
Bulk chemical analysis of RD was carried out with use of ICP-OES analysis, 
after acid digestion of RD, as described in section 3.2 of this document. 
Method verification was carried out using a certified reference material (CRM), 
river clay sediment LGC6139. 500 mg ± 10 mg of CRM was weighed out in 
triplicate, digested using aqua regia and analysed using ICP-OES, this is the 
same technique used for the samples. Median recoverable concentrations of 
Cr, Cu and Pb according to the CRM certificate along with experimentally 
determined median values for these metals are displayed in table 4-2. It can 
be observed that the recovery is within the certified values for both Cr and Pb, 
Cu is 0.6 mgkg-1 above the certified value. With regards to Fe, there is not 
recoverable value detailed on the certificate for the LGC6139 reference 
material.  
Table 4-2: Certified and experimentally determined values for certified reference material 
LGC6139. 
 Cr (mgkg-1) Cu (mgkg-1) Pb (mgkg-1) 
LGC6139 certified 
value 
80 ± 3 92 ± 2 160 ± 3 
LGC6139 as 
determined in this 
study 
81.7 ± 1.0 94.6 ± 3.7 157.7 ± 1.8 
 
Bulk concentrations are presented here as mg of element per kg dry soil. The 
four metals of interest (Cr, Cu, Fe and Pb), are displayed in Figures 4-2, 4-3 
and 4-4 within the <38 µm, 63-38 µm and 125-63 µm fractions, respectively. 
A tabulated version of the data is also presented in tables 4-3, 4-4 and 4-5, 
where concentrations are presented in mg kg-1. A more comprehensive metal 
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profile was also obtained in this experimentation, the results of this are 
available in appendix A, tables A-1 to A-3.  
 
 
Figure 4-2: Box plots denoting the acid soluble concentrations of Cr, Cu, Fe and Pb in <38 
µm fraction as determined by ICP-OES for the two-year sampling campaign (where Sp = 
spring, Sum = summer, Aut = autumn, Win = winter). 
     58 
 
 
Figure 4-3: Box plots denoting the acid soluble concentrations of Cr, Cu, Fe and Pb in 63-38 
µm fraction as determined by ICP-OES for the two-year sampling campaign (where Sp = 
spring, Sum = summer, Aut = autumn, Win = winter). 
 
 
Figure 4-4: Box plots denoting the acid soluble concentrations of Cr, Cu, Fe and Pb in 125-
63 µm fraction as determined by ICP-OES for the two-year sampling campaign (where Sp = 
spring, Sum = summer, Aut = autumn, Win = winter). 















Sp 2013 77.6 ±0.52 284 ±0.35 26900 ±0.53 162 ±0.39 
Sum 2013 104 ±0.38 369 ±0.48 31600 0.31 215 ±0.29 
Aut 2013 97.6 ±5.42 362 ±2.0 29600 ±3.77 233 ±3.42 
Win 
2013/2014 83.2 ±5.1 343 ±4.76 28600 ±4.77 177 ±4.6 
Sp 2014 94.7 ±3.95 327 ±1.0 32900 ±2.64 190 ±2.91 
Sum 2014 115 ±1.22 589 ±1.40 38500 ±0.70 267 ±1.19 
Aut 2014 97.3 ±1.57 503 ±1.18 33000 ±0.88 222 ±1.30 
Win 
2014/2015 80.8 ±1.60 342 ±0.40 29500 ±0.74 145 ±0.47 
Table 4-3: Mean bulk metal concentrations (mg kg-1) in <38µm fraction as determined by 














Sp 2013 101 ±0.62 297 ±0.33 28800 ±0.46 151 ±0.38 
Sum 2013 111 ±0.56 347 ±0.34 30000 ±0.77 183 ±0.4 
Aut 2013 108 ±5.30 355 ±3.61 28200 ±5.24 200 ±3.06 
Win 
2013/2014 100 ±8.94 343 ±7.32 26000±17.19  182 ±14.32 
Sp 2014 101 ±7.68 287 ±9.81 27800 ±7.39 146.0 ±10.89 
Sum 2014 132 ±1.92 435 ±1.07 35100 ±0.63 187 ±1.88 
Aut 2014 109 ± 3.16 405 ±2.0 30500 ±1.61 168 ±2.0 
Win 
2014/2015 91.8 ±6.80 228 ±5.93 27700 ±2.23 110 ±3.58 
Table 4-4: Mean bulk metal concentrations (mg kg-1)  in 63-38µm fraction as determined by 














Sp 2013 95.9 ± 0.75 278 ±0.60 21900 ±0.84 102 ±0.40 
Sum 2013 121 ±0.37 315 ±0.36 25500 ±0.30 123 ±0.25 
Aut 2013 92.5 ±2.63 263 ±6.22 21700 ±1.87 123 ±2.14 
Win 
2013/2014 96.0 ±3.9 266 ±5.9 19700 ±1.7 103 ±5.64 
Sp 2014 90.4 ±1.19 223 ±9.07 23000 ±3.39 92.4 ±15.95 
Sum 2014 132 ±10.20 302 ±14.78 28200 ±6.74 121 ± 6.84 
Aut 2014 123 ±3.28 330 ±1.57 28400 ±1.63 94.1 ±2.59 
Win 
2014/2015 87.3 ±2.36 154 ±8.59 23300 ±1.23 77.4 ±3.94 
Table 4-5: Mean bulk metal concentrations (mg kg-1)  in 125-63µm fraction as determined by 
ICP-OES with %RSD displayed as ±. 
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In terms of absolute concentrations, chromium concentrations in this study 
ranged from 77.6 – 115 mg kg-1 in the <38 µm fractions, 91.8 - 132 mg kg-1 in 
the 63–38 µm fractions and 87.3 – 132 mg kg-1 in the 125-63 µm fractions, 
indicating slight enrichment of Cr in 63-38 µm fraction compared to the other 
two. These results are comparable with those quoted in literature, although 
generally towards the higher end of ranges quoted. Concentrations have been 
observed in China ranging from 71-139 mg kg-1 on RD <100 µm (Liu et al. 
2014), 72.1 mg kg-1 on RD <75 µm (Tang and Han 2017). Studies from Angola 
have observed concentrations of 17-34 mg kg-1 in RD <100 µm (Ferreira-
Baptiste and De Miguel 2005). 
Copper concentrations in this study were found to range from 284 – 588 mg 
kg-1 in the <38 µm fractions, 228 – 435 mg kg-1 in the 63 – 38 µm fractions and 
154 – 315 mg kg-1 in the 125-63 µm fractions. These results showed that the 
<38 µm fraction of RD was more enriched with copper relative to the other two. 
Copper concentrations in the <38 µm fraction are 26% larger than the 63-38 
µm fraction and 46% larger than the 125-63 µm fraction, based on the upper 
limit values for each. Copper in RD has been studied extensively in the UK. 
The results obtained in this study are relatively low in comparison to 
Birmingham and Coventry, where concentrations of 16.4 - 6,688.4 mg kg-1 and 
49.3 - 815 mg kg-1, respectively were reported (Charlesworth et al. 2003) in 
RD samples <1 mm. Other studies show concentrations ranging from 169 – 
666 mg kg-1 in particles <100 µm (Liu et al. 2014) and 98.0 mg kg-1 in <75 µm, 
both of which were conducted in China. In Angola Ferreira-Baptiste and De 
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Miguel (2005) have been published copper concentrations of 42 ± 15 mg kg-1 
on RD particles <100 µm.  
Iron concentrations in this study ranged from 26,900– 38,500mg kg-1 in the 
<38 µm fractions, 25,000 – 35,100 mg kg-1 in the 63 – 38 µm fractions and 
19,700 – 28,400 mg kg-1 in the 125-63 µm fractions. These results showed 
that the <38 µm fraction of RD was more enriched with iron relative to the other 
two. Iron concentrations in the <38 µm fraction are 8% larger than the 63-38 
µm fraction and 26% larger than the 125-63 µm fraction, based on the upper 
limit values for each. This has been shown to be quite typical in the scope of 
global concentrations. Concentrations in the order of 8,381-35,400 mg kg-1 
were reported in China on RD particles <63 µm and <75 µm (Luo et al. 2012; 
Tang and Han 2017), and 8,000-20,100 mg kg-1 in Angola (Ferreira-Baptiste 
and De Miguel 2005). The observed concentrations in this study are 
significantly higher than those reported by Robertson et al. (2003) on RD 
particles <1mm, at a site less than a kilometre away (7,664-17,214 mg kg-1).  
Lead concentrations in this study ranged from 145 – 267 mg kg-1 in the <38 
µm fractions, 110– 200 mg kg-1 in the 63–38 µm fractions and 92 – 123 mg kg-
1 in the 125-63 µm fractions. These results showed that the <38 µm fraction of 
RD was more enriched with lead relative to the other two. Lead concentrations 
in the <38 µm fraction are 25% larger than the 63-38 µm fraction and 54% 
larger than the 125-63 µm fraction, based on the upper limit values for each. 
These values are generally in line with those reported in literature, ranging 
from 10 - 270 mg kg-1 in China in RD particles <100 µm and <75 µm (Liu et al. 
2014; Tang and Han 2017), 74 - 1,856 mg kg-1 in Angola in RD particles <100 
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µm (Ferreira-Baptiste and De Miguel 2005). Contrary to concentrations of Cu, 
lead concentrations in Manchester are higher relative to those reported in 
Birmingham and Coventry by Charlesworth et al. (2003) (0 - 146.3 mg kg-1 and 
0 - 199.4 mg kg-1 respectively). Despite this, concentrations in this study are 
observed to be slightly lower than those reported at a nearby site in 
Manchester by Robertson et al. (2003) (120 - 645 mg kg-1). This is likely to be 
due to the phasing out of leaded fuel. The large variability in absolute 
concentrations of metals in RD across both the globe and even within a 
relatively small city such as Manchester are intriguing from a health standpoint. 
It is most likely that the variances can be attributed to the different 
anthropogenic sources in any given site. Comparison between these results 
and those gathered by Robertson et al. (2003) show how quickly a pollutant, 
such as lead can diminish, and a new one, iron, can present itself. This study 
ultimately highlights the importance to examine metal contamination at a local 
level. Another interesting observation is that metals are generally more 
enriched in the finer fractions of RD, the only exception here being Cr which is 
more enriched in the 63-38 µm fraction, followed by the <38 µm fraction. These 
findings support results of Potgieter et al. (2012a) and Barrett (2010) where 
metals were also found to be more enriched in the finer fractions of RD, again 
with the exception of Cr where the middle fraction was most enriched. This 
pattern of enrichment in the finer fractions is particularly interesting from a 
health point of view, because it highlights the need to quantify metal 
concentrations in the particles which can actually gain entry to the body. 
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Generally, the median concentrations of metals followed the order 
Fe>Cu>Pb>Cr. This occurs across all size fractions and sampling campaigns 
with the exception of summer 2014, autumn 2014 and winter 2014/2015 in the 
125-63 µm fraction, where Cr is more abundant than Pb. Published studies 
investigating RD concentrations worldwide have consistently shown that RD 
is significantly more enriched with Fe than Cr, Cu and Pb. This is believed to 
be because the crustal abundance of Fe is considerably greater relative to Cr, 
Cu and Pb (Alomary and Belhadj 2007). However, the order of abundances 
for Cr, Cu and Pb in RD has been shown to be readily different between sites. 
Assuming that Fe is always the most abundant, the order of abundance for the 
other three elements has been exhibited in many different orders. The order 
of Cr>Cu>Pb has been found in RD by Padoan et al. (2017) and Sutherland 
and Tolosa (2000) in Turn, Italy and Honolulu, Hawaii respectively. Liu et al. 
(2014) and Rasmussen et al. (2001) have observed the order of abundance 
as Cu>Cr>Pb in RD from Nanjing, China and Ottawa, Canada respectively. 
The order of abundance has been shown to be Pb>Cu>Cr by Soltani et al. 
(2015) in Isfahan, Iran, De Miguel et al. (1997) in Oslo, Norway, Shi et al. 
(2008) in Shanghai, China and Fergusson and Ryan (1984) London, U.K. 
Chaterjee and Banerjee (1999) have found the order Pb>Cr>Cu occurred in 
RD from Calcutta, India. All of which are slightly different to the order found in 
this study, which was generally Cu>Pb>Cr. These comparisons demonstrate 
the distinct nature of RD on a site-by-site basis. It also underlines the influence 
of anthropogenic input on the concentrations of metals found; this is a 
conclusion that is well supported in literature (Hopke et al. 1980; Crosby et al. 
2014). 
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Regarding the box plots (Figures 4.2 – 4.4), it appears that the median 
concentrations showed an increasing trend towards summer and a decreasing 
trend towards winter. This is consistent across all three fractions of RD studied. 
Similar studies into temporal variation of metal concentrations in RD are 
limited; however, Robertson and Taylor (2007) found that Fe and Pb 
concentrations both peaked during the summer months in a one year study on 
metals in RD. In addition to this, both Norouzi et al. (2017) and Liu et al. (2011) 
indicated strong seasonal variance in metal concentrations throughout the 
year. Contrary to the results obtained here, both studies observed increased 
metal concentrations towards winter followed by a decrease towards summer. 
This was rationalised in both studies by the influence of precipitation, Norouzi 
et al. (2017) and Liu et al. (2011) note increased wet summers and dry winters. 
Despite the fact that there is no observable pattern in seasonal rainfall in 
Manchester, it is observable that the RD samples are wetter in the winter and, 
as iterated in section 4.1 with reference to figure 4-1, stay wet, thus water-
soluble metals leach into drained water. These findings are also of importance 
as it was found here that the moisture content varied inversely with 
temperature, not rainfall. Therefore, in the summer months the particles are 
drier and more easily resuspended. The fact that the PHEs are more 
concentrated in these months presents itself as a concern for health. Referring 
to the data presented here, a degree of variance is observed temporally within 
a fraction as well as between fractions. It is observed from the box plots that a 
larger interquartile range is observed for most metals, particularly in the <38 
µm and 63-38 µm fraction for the aut 2013, win 2013-14 and the sp 2014 
sampling campaigns. This presents an interesting unexplained trend, all 
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samples were handled in the same manner and the instrumental analysis was 
all carried out on the same day.  
 
4.3  Key Findings From Sections 4.1 and 4.2: A Short Conclusive 
Summary  
Sections 4.1 and 4.2 have covered the physical characteristics and bulk metal 
profile of the RD samples collected over the two-year sampling campaign. This 
section covers the key findings from these two phases of study in a manner to 
keep the reader apprised with reference to the original aims of the study, but 
also to inform the subsequent sections. Up to this point, from the results so far 
discussed, we can conclude: 
• Moisture content of RD is more affected by temperature than rainfall, 
however there is a relationship between both moisture and 
temperature. This washout could possibly contribute to the observed 
lower metal concentrations in winter months. The enrichment observed 
in the summer months, however, along with the drier and more easily 
resuspended particle indicates a potentially high risk to human health. 
• Bulk metal concentrations of metals are enriched in the finer fractions 
of RD. The exception here being Cr, where the concentrations vary little 
between fraction sizes, but the middle fraction is slightly more 
concentrated 
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• Bulk metal content of RD is site dependant. Based on the comparison 
of this study with other published literature, it is implied that there is a 
large influence from anthropogenic sources. 
Both of these conclusions have been discussed in a publication of this work, 
see Brown et al. (2015). Based on these findings, an understanding of the 
fundamental physical and bulk metal composition has been achieved. The 
next step of this study, in line with one of the key aims (to gain a 
comprehensive understanding of the metal composition of individual inhalable 
and ingestible RD particles), is to carry out instrumental analysis of each 
sample on an individual particle basis (sections 4.4 and 4.5) then qualify the 
term inhalable in the context of RD (section 4.6). 
4.4  Individual Particle Analysis 
This section summarises the results obtained from individual particle analysis, 
firstly by means of CC-SEM-EDX, then by Raman spectroscopy. The 
experimental methodologies for these techniques have been discussed in 
sections 3.3.1 and 3.3.2, respectively. A large portion of the individual particle 
analysis section encompasses metals other than Cr, Cu, Fe and Pb. The 
motivation behind this is part of the hypothesis of this thesis. We hypothesize 
that bioaccesibility of environmental particles are not only dependent on the 
bulk concentration of the element in question, but is also influenced by the 
chemical structural composition of the particle. To therefore investigate the 
speciation and molecular composition of these elements, their association with 
other elements where investigated.  
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4.4.1 CC-SEM-EDX 
Computer controlled scanning electron microscopy (CC-SEM-EDX) was 
carried out using a Zeiss Supra 40VP along with EDAX genius particles 
software, as discussed in section 3.3.1 of methodology section. The elemental 
composition of each individual particle was determined by X-ray analysis and 
the abundance of the elemental composition is provided in figure 4-5. It is 
observed that carbon and oxygen are the two biggest contributors to elemental 
abundances, making up over 50% of the total elemental content of all samples 
except Aut ’14 <38 µm where carbon and oxygen made up 40.6% of the total 
elemental content. It can be observed in these samples that carbon is more 
abundant in the larger fractions of RD, this is contrary to Aryal et al. (2015) 
who determined organic matter to be more abundant in the <75 µm fraction of 
RD relative to the 180-75 µm fraction, as determined by fluorescence 
excitation-emission spectroscopy. Wang et al. (2015), however, published 
results from nine separate RD samples which showed that concentrations of 
organic carbon, as determined by micro-kjedahl, in <75 µm, 150-75 µm and 
300-150 µm fractions varied sample to sample, with no particular pattern.  
It is also observed from the total elemental composition as determined here by 
CC-SEM-EDX that Si is less abundant in the finer fraction. Silicon abundance 
was lowest in the <38 µm fraction for seven of the eight sampling campaigns. 
The enrichment of Si in larger fractions of RD has been published (Cesari et 
al. 2012) where Si concentrations were found to be 4.1% - 4.5%, 3.0% – 3.2% 
and 2.9% - 3.2%for the 125-63 µm, 63-38 µm and <38 µm size fractions 
respectively as determined by ICP-OES analysis of HF digestions.  
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Figure 4-5 also shows that metal abundances are generally higher in the finer 
fractions of RD, this supports the work conducted in section 4.2 of this chapter, 
and the studies cited within that section. The elevated abundance of these 
metals in finer fractions of RD in conjunction with the documented chronic 
health effects listed in section 2.5 of the literature review (in brief and not 
exhaustive, Cd, Cr, Ni – carcinogenic; Cu, Fe- DNA damaging; Pb, V- 
damaging to the nervous system). 
 
Figure 4-5: Elemental abundances given as the average fraction of each element present in 
the 1000 particles analysed for each sample as determined by CC-SEM-EDX. 
 
4.4.1.1 Primary Constituents 
While the elemental data produced in the above figure generally supports the 
findings of the elemental work carried out using ICP-OES after acid digestion, 
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the main function of this CC-SEM-EDX work is to clarify the structure of 
individual particles. This can be done by calculating atomic ratios of each 
elements in an individual particle, then grouping particles into clusters based 
on these ratios within a compound. This has been exhibited in published 
literature to characterise aerosols by clusters (Kandler et al. 2011; Anaf et al. 
2012). The process of clustering in this study is based on these citations. The 
criteria for each classification is listed in table 4-6, AE refers to the sum of 
Si+P+S+Cl+K+Ca+Ti+Cr+Mn+Fe+Mg+Al+Na. The clusters selected here are 
not as numerous as those defined by either Kandler et al. (2011) or Anaf et al. 
(2012) whom both cluster silicates and calcites extensively in an attempt to 
elucidate different mineral classes such as quartz, feldspars, gypsum, 
magnesite etc. These mineral classes are not of chief concern in the context 
of this study. It was therefore was decided to carry out a simpler clustering 
process on these classes. The criteria in table 4-6 are designed to ensure that 
the defining class represents the main constituent of a particle and rules out 
any elementally similar classes of particle. For example, if we consider the Fe 
rich criteria, the criterion Fe/AE > 0.3 ensures that a particle is largely 
constituted of Fe. The next criterion in the Fe rich criteria is Si/Fe < 1.05, which 
is present to rule out the possibility of the particle in question being a silicate 
particle, the next is Ti/Fe < 1.3, which is present to ensure that the iron rich 
particle is iron oxide, not iron titanate. The process of characterising each 
particle was carried out for each sample using a purpose-built Microsoft Excel 
Macro spreadsheet, which used the COUNTIFS function. Additionally, some 
manual inspection of clusters was carried out, this is discussed further in latter 
parts of this section.    
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Table 4-6: Criteria for each particle class, where AE refers to the sum of all other elements 
quantified except for C and O. 
Class Criteria 
Fe rich Fe/AE >0.3, Si/Fe <1.05, Ti/Fe <1.3 
Si Rich (low Al) Si/AE >0.2, Mg/Si <0.2, Al/Si <0.2, Fe/Si <0.5, Ti/Si<0.15, Na/Si<0.7 
Si Rich (high Al) Si/AE >0.2, Al/AE >0.15, Si/Al>0.2, Ti/Al <1.3 
Ca Rich Ca/AE >0.5, Mg/Ca <0.33, Si/Ca <0.5, S/Ca<0.25, P/Ca<0.15 
Titanium Rich Ti/AE >0.3, Mg/Ti <1, Al/Ti <1, Fe/Ti <1, Si/Ti <1, S/Ti <1, Na/Ti <1 
Trace Rich (Cu+Cr+Mn+Ni+Pb+Sn+V+Zn)/AE >0.05 
 
Figure 4-6 shows the particle classes observed in each sampling campaign. 
The figure indicates on the y axis the fraction of particles (from a total of 1000 
particles analysed per sample) that fulfilled the criteria for a specific cluster as 
described in Table 4-6. The campaigns are split up by breaks on the x-axis to 
aid comparison. There were several incidences where particles would fit the 
criteria for more than one class, where this is the case, the particle is defined 
as both classes. This type of classification is contradictory to the work of 
Kandler et al. (2011) and Anaf et al. (2012) where only one cluster was 
allocated to a particle. The reason behind this decision to allocate more than 
one class to a particle in some cases is based on the conclusions of section 1 
of this chapter, that particles frequently exist as aggregates, which was 
substantiated in work by Gunawardana et al. (2012). The CC-SEM-EDX 
individual particle analysis reveals that the clusters followed the order Si> trace 
elemental>Ca>Fe>Ti-rich.  
The Si rich particles make up the majority of particles in all campaigns and 
fractions. The combined input of both the high-Al and low-Al Si-rich particles 
make up 70.7% to 86.0% of the total particles, this is an observation supported 
by Gunawardana et al. (2012) whom characterised RD <425 µm using SEM-
EDX. It is further corroborated in published work on RD from this site using 
     71 
 
both X-ray Fluorescence and ICP-OES from a hydrofluoric acid digestion 
(Potgieter-Vermaak et al. 2012a). This agrees with the CC-SEM-EDX 
instrumentation results presented here which show that Si rich particles are 
more abundant in the 125-63 µm fraction. This was the case for each 
campaign, as would be expected, with the exception of Sp ’14, where the 63-
38 µm contained more Si rich particles. This was expected as the larger 
fractions of RD are dominated by crustal components.  
The data in figure 4-6 indicates that the portion of Ca rich particles was 
generally larger in the 125-63 µm fractions, relative to the other two finer 
fractions. This is a similar observation to that of Zannoni et al. (2016) whom 
also found that Ca enrichment in larger fractions of RD relative to finer fractions 
when considering metals in RD fractions of <37 µm, 53-37 µm and 88-53 µm.  
Fe rich particles were identified in all but one sample (winter ’14 -‘15 63-38 
µm) with abundance up to 2.1%. Iron rich particles were not found to be more 
abundant in the finer fraction, this is contrary to findings by Valotto et al. 
(2015), whom found that Fe rich particles are more commonly small (<5 µm). 
Manual inspection of the Fe rich CC-SEM-EDX reveals that Cr is commonly 
found in these particles when present in the finer fraction. 54 % of the Fe rich 
particles in the <38 µm fraction contained some Cr, compared to only 12.7 % 
and 23.5 % of the 63-38 µm and 125-63 µm fractions, respectively. Taylor and 
Robertson (2009) found high concentrations of Cr present in iron oxide 
particles (up to 7.5%), as determined using electron microprobe analysis on 
RD. The paper by Taylor and Robertson (2009) concludes with the assertion 
that the origin of these iron rich particles is vehicular wear. The presence of Cr 
     72 
 
in iron oxide particles is concerning in the context of health, because of the 
potential carcinogenic nature of Cr as outlined in the literature review section 
2.5. The results obtained in this study potentially indicate that the finer fraction 
of RD contains more anthropogenically sourced Fe rich particles, because of 
the association with Cr observed in the SEM-EDX results, while the larger 
fractions simply contain crustal Fe rich particles. This is an observation which 
has not been reported in published literature, as far as could be establish. This 
is potentially a significant discovery because it would show that distribution of 
anthropogenically sourced metals varies throughout size fractions within RD, 
thus monitoring metals in appropriate size fractions is essential for 
understanding the health effects associated with contaminated RD.  
The results also show that trace metal rich particles (Cu, Cr, Mn, Ni, Pb, Sn, 
V, Zn) are more abundant in the finer fraction, this is an observation which has 
been mentioned several times already in this chapter. Across all eight of the 
sampling campaigns, the <38 µm fraction contained the most trace metal rich 
particles, 16.1% to 22.4% was observed in <38 µm fraction, 7.8% to 14.0% in 
the 63-38 µm fraction, 5.7% to 14.8% in the 125-63 µm fraction, again this 
observation is consistent with that of Zannoni et al. (2016). Particles rich in 
these particular metals have been shown to derive from anthropogenic 
sources (Gunawardana et al. 2012).  
The primary clusters covered in this section have been used to good effect for 
classifying clusters within the major components of aerosol particles, as 
exhibited by Kandler et al. (2011) and Anaf et al. (2012), the use of these 
clusters in the context of this study is limited. The clustering in this section 
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provides us with little extra detail than is obtained from the bulk analysis data 
in section 4.2, while it is the trace elemental structure, particularly those 
including Cr, Cu, Fe and Pb which we are particularly interested in. The next 
section describes methodology to better classify the particles which contain 




Figure 4-6: Abundance (given as the fraction of particles belonging to this cluster per total 
particles, expressed as a percentage) of individual particle classes / cluster, as determined 
by following the chemical clustering model of Kandler et al. (2011). 
 
4.4.1.2 Secondary Constituents 
The primary clustering analysis, in the section above, indicates that the second 
largest particle class is trace elemental particles. However, the analysis fails 
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to inform us how these elements are present, thus justifying the need to better 
explore the trace elemental nature of these RD particles. While the clustering 
criteria described in the previous section is designed to characterise the main 
components of particles, the process fails to consider the inclusions on 
particles, which can often be composed of PHEs, including Cr, Cu, Fe and Pb. 
This section builds on the clustering technique described in section 4.4.1.1 to 
better characterise particles containing these four metals. Anaf et al. 2012 
showed that clustering can be done based on atomic ratios. For example 
considering the chemical formula for dolomite, CaMg(CO3)2, atomic ratio of Ca 
: Mg is 1 : 1. This then informs one of the criterion within the clustering criteria 
for dolomite cited by Anaf et al. (2012), which is 0.33 < Mg/Ca < 3. This 
represents a large margin of error for the atomic ratio, however the other 
criterion used to define a dolomite particle is Mg+Ca/AE > 0.45. This criterion 
is used to ensure that the main constituents of the particle are Mg and Ca, 
therefore with the albeit relaxed atomic ratio there is a large degree of certainty 
that this particle is dolomite. As the aim of this study is to better understand 
the microchemical structure of individual particles, it is necessary to investigate 
the form in which potentially harmful metals are present. Based on the primary 
clustering carried out in the previous section, it seems that a large amount of 
these metals are present as inclusions on particles. Therefore, to properly 
elucidate the nature of these metal inclusions, it may be necessary to dispense 
of clustering criterion which characterise a compound as the main constituent 
of a particle and place more emphasis on the stoichiometric ratios between 
elements but in a stricter manner.  
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To do this, literature containing speciation of Cr, Cu and Pb compounds in RD 
were sought and clustering criteria were then produced based on the 
stoichiometry of the compound. Table 4-7 details compounds containing these 
metals which have been observed in literature, along with relevant citations 
including their method of analysis and the criteria used in this study to confirm 
presence of these compounds. The criteria listed here attempt to contain as 
many criterion as possible, for example the Pb and Cr goethite particles use 
the iron rich criteria from section 4.4.1.1, with the addition of an appropriate 
atomic ratio for Pb : Fe and Cr : Fe, respectively. The criteria for some 
compounds, however, only consists of one criterion, which is not done by 
Kandler et al. (2011) or Anaf et al. (2012) whom both used multiple criteria to 
ensure the correct class of particle is identified. For the compounds in this 
section, however, the authors felt that the use of relatively strict atomic ratio 
boundaries alone allowed for inclusions within particles to be identified. While 
there is, admittedly, possibility that the atomic ratios appropriate for a particular 
compound could occur by chance, the rarity of these elements relative to those 
used by Kandler et al. (2011) and Anaf et al. (2012) would surely make this 
fairly unlikely. Clustering CC-SEM-EDX data in this manner, taking into 
account inclusions on particles, represents an approach to speciation of trace 
metals, which has not been attempted, on samples of this nature. 
Table 4-7: Criteria for selected compound observed in RD and PM by relevant cited authors 
using relevant qualitative method. In appropriate criteria, AE refers to the sum of all other 
elements quantified except for C and O. 
Compound Observed by Qualitative 
method 
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PbCrO4.PbO Potgieter-





K2Cr2O7 Byrne et al. 
(2017) 
XANES 1.3>K/Cr>0.7 
Cr goethite Byrne et al. 
(2017) 
XANES 1.3>Cr/Fe>0.7, Fe/AE >0.3, 
Si/Fe <1.05, Ti/Fe <1.3 
MgCr2O4 Potgieter-






Cu3(AsO4)2.4H2O This study Raman 
Spectroscopy 
1.8>Cu/As>1.2 


















Pb2SO4O Entwistle et al. 
(2017) 
XRD 2.3>Pb/S>1.7 





PbMn8O16 Entwistle et al. 
(2017) 
XRD 8.3>Mn/Pb>7.7 
PbCO3 Barrett et al. 
(2010) 
XANES 1.3>Pb/C>0.7 
Pb goethite Barrett et al. 
(2010) 
XANES 1.3>Pb/Fe>0.7, Fe/AE >0.3, 
Si/Fe <1.05, Ti/Fe <1.3 
PbMnVO4(OH) Potgieter-







Using the criteria detailed in table 4-7, another purpose-built Microsoft Excel 
Macro spreadsheet again using the COUNTIFS function, similarly to that which 
is described in section 4.4.1.1, was produced. The number of particles 
containing any amount of Cr was also noted for each sample, this is so that 
the number of particles which contain Cr but were not identified as any of the 
compounds in table 4-7 can be identified as undefined. The same process was 
carried out for Cu and Pb. The results of this clustering process are displayed 
in figures 4-7, 4-8 and 4-9 for Cr, Cu and Pb respectively. The compounds 
PbCrO4 and PbCrO4.PbO are present in the table under the definitions of both 
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Cr compounds and Pb compounds, obviously because they contain both of 
these elements.  
 
Figure 4-7: Chromium compounds in particles that contained any amount of Cr, as 
determined by clustering analysis of CC-SEM-EDX data. 
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Figure 4-8: Copper compounds in particles that contained any amount of Cu, as determined 
by clustering analysis of CC-SEM-EDX data.
 
Figure 4-9: Lead compounds in particles that contained any amount of Pb, as determined by 
clustering analysis of CC-SEM-EDX data. 
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Considering the Cr compounds which are presented in figure 4-7 it was 
observed that the portion of particles which contain PbCrO4 is larger in the 
coarser fraction sizes, in each case the 125-63 µm fraction contained the most, 
followed by 63-38 µm then <38 µm. This is contrary to the results indicated by 
Barrett et al. (2010), where PbCrO4 was shown to be more abundant in the 
<38 µm fraction of RD, relative to the 63-38 µm fraction, no results were 
reported for a 125-63 µm fraction in this study, but interestingly the largest 
portion of PbCrO4 occurred in the 1000-500 µm fraction.  
It is also apparent from figure 4-7 that in the contribution of PbCrO4.PbO was 
most significant in the <38 µm fraction of the two most recent sampling 
campaigns. Aside from this, it is only present in the 125-63 µm fraction, this 
supports the conclusions of Potgieter-Vermaak et al. (2012a) who report an 
increased incidence of PbCrO4.PbO in the 125-63 µm fraction of RD. The most 
likely source of PbCrO4 and PbCrO4.PbO in RD is from yellow road markings, 
Raman Spectroscopic instrumentation was carried out on broken yellow road 
markings picked up from several sites around Greater Manchester corroborate 
this, collection and analysis was carried out by the author. Appropriate 
spectrum is presented in appendix A, figure A-1.  
Figure 4-7 shows the portion of particles containing K2Cr2O7. The figure shows 
that K2Cr2O7 has a strange distribution. The first six sampling campaigns 
showed that a large portion of the Cr containing particles in the <38 µm fraction 
are K2Cr2O7 (67% - 87%), with very little in the 63-38 µm fraction (0%-9%), but 
a large portion of K2Cr2O7 particles in the 125-63 µm fraction (8%-76%). The 
two most recent sampling campaigns, however, showed a larger number of 
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K2Cr2O7 containing particles in the 63-38 µm fraction relative to the other two. 
The distribution of K2Cr2O7 among the grain sizes in RD observed here is 
difficult to rationalise, as literature on the topic appears to be sparse. One 
possible explanation is that there was two distinct sources and each has more 
of an affinity to particles of a particular grain size based on either chemical or 
morphological structure. This could explain the patterns observed here where 
K2Cr2O7 makes up a larger portion of the <38 µm and 125-63 µm for the 
majority of sampling campaigns. The most likely source of K2Cr2O7 in RD is 
from cement, where it is used an additive (De Raeve et al. 1998), though there 
appears to be a paucity in literature discussing the presence of sources of 
K2Cr2O7 in RD. The only exception to this is a brief mention of K2Cr2O7 in RD 
by Byrne et al. (2017) whom characterize it using X-ray absorption near edge 
structure (XANES), but fail to motivate the reason for its presence in RD.  
The compounds discussed in this section so far, PbCrO4, PbCrO4.PbO and 
K2Cr2O7 contain Cr as Cr (VI). The large incidence of Cr in this oxidation state 
(>50% of Cr containing particles for 21 of the 24 total samples) is of particular 
interest to this study in the scope of public health. As stated in both the 
literature review and experimental methodology chapters of this document, Cr 
(VI) is carcinogenic (O’Brien and Kortenkamp 1995; Elci et al. 2010), and has 
been quantified in airborne PM because of this health risk (Borai et al. 2002; 
Swietlik et al. 2011). There is, however, a paucity in literature with regards to 
the Cr (VI) quantification in RD, which this study addresses in section 4.5.  
Another significant contributor to the identified Cr containing particles is the Cr 
goethite compound. Interestingly, Cr goethite particles dominated in the 63-38 
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µm fractions for the first six sampling campaigns, then shifting to the <38 µm 
fraction for the two most recent sampling campaigns. The presence of Cr with 
iron oxide has been observed in RD studies, Taylor and Robertson (2009) 
reported a large number of Fe2O3 and FeOOH containing Cr, as determined 
by electron microprobe analysis. The paper suggests that that the origin of 
these Cr containing iron rich particles is vehicular wear. Chromium present in 
the +3 oxidation state, as is the case in Cr goethite, is not a concern from a 
health point of view at these concentrations. The prevalence of it which is 
observed in these samples, however, serves as a reminder that there is a large 
contribution of metals from anthropogenic sources. In addition, the oxidation 
of Cr (III) to Cr (VI) in the body should be explored to rule out the possibility of 
this as a source of potential harm to health. 
Aside from one sample containing a small number of MgCrO4, the rest of the 
particles were assigned as undefined Cr containing particles, indicated by the 
red bars in figure 4-7. The amount of undefined particles varied sample to 
sample, but generally speaking a larger portion of undefined particles 
appeared exist in the 125-63 µm fraction ranging from 3% - 77% of the total 
Cr containg particles, compared to 2% - 33% for the 63-38 µm fraction and 6% 
- 42% in the <38 µm fraction. The identity of these undefined compounds 
would most likely be Cr2O3, Cr(OH)3 or Cr as a free metal, as suggested by 
Byrne et al. (2017). Identification of compounds by the clustering protocol as 
presented in this section, cannot be applied to these compounds. The reason 
for this is that they do not contain any other element which can be used for a 
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ratio with Cr. Oxygen can’t be used in ratio with Cr for either Cr2O3 or Cr(OH)3 
becasue it is far too abundant in particles of this nature. 
Referring back to the bulk metal concentrations reported in section 4.2 of this 
chapter, there was a strong seasonal fluctuation in concentrations of Cr, where 
concentrations were elevated in the summer campaigns across all three 
fractions of RD. There doesn’t appear to be any strong seasonal patterns in 
the Cr compounds present in RD, however. One possible explanation for this 
could be that a significantly large amount of sediment is introduced to RD in 
the winter, effectively diluting the concentrations of metals in RD. The most 
likely source of this sediment could be rock salt, used to prevent ice forming 
on roads in cold periods. Salting of roads has been shown to cause elevated 
NaCl particles resuspended from roads to form PM10 (Kuipainen et al. 2016). 
This paper also suggests that the action of salting roads promotes abraision 
of the road surface, termed the sandpaper effect, which could further dilute 
metal content of RD. 
Figure 4-8 shows Cu compounds in particles that contained any amount of Cu, 
as determined by CC-SEM-EDX. The largest contributor to the identified 
particles in figure 4-8 is Cu3(AsO4)2.4H2O, which was found most abundantly 
in the 63-38 µm fraction. Interestingly, there was no Cu3(AsO4)2.4H2O 
observed in the <38 µm samples in any of the first six sampling campaigns. 
The compound Cu3(AsO4)2.4H2O is considered to be damaging to human 
health (Nelson et al. 2011) and has been outlined concern for its ability to leach 
into ground water (Nordstrom 2002). The only other Cu containing compound, 
which was found to be present in RD according to literature, is CuS. The 
     83 
 
distribution of CuS is fairly sporadic across all 24 samples, ranging from 0% - 
22% of the Cu containing particles within samples. Swietlik et al. (2015) 
observed CuS in RD using sequential extraction, and suggested the source to 
be a product of abrasive actions on tires. Again, this compound is a concern 
to health, because of the role of Cu as a reactive oxygen species and role in 
the onset of Alzheimer’s disease (Wiseman 2015; Borghesani et al. 2017). 
Referring to figure 4-8, undefined Cu containing particles make up the majority 
of Cu containing particles for each sample. Similar to the Cr containing 
particles, the process of determining compounds by a clustering process 
cannot account for all possible compounds, namely oxides, free metals and 
organic copper. It is well regarded in literature that the majority of copper in 
RD exists as organic compounds and as free metal (Banerjee 2003; Murikami 
et al 2008), the data presented here in figure 4-8 seemingly supports this. 
Similarly to the Cr compounds, there does not appear to be any strong 
seasonal trends in incidence of Cu compounds despite the fact that there was 
some seasonal trends observed in bulk Cu concentrations reported in section 
4.2.  
Pb compounds as determined by the clustering criteria in table 4-7 are 
reported here in figure 4-9. This figure shows that a signifcant portion of these 
Pb containing particles are present as PbCrO4, making up to 50% of the lead 
containing particles in some samples. As mentioned in the discussion of the 
distribution of Cr containing particles is this section, PbCrO4 particles were 
more abundant in the larger fraction of RD, this is contrary to the results 
reported by Barrett et al. (2010). Whom also reported a lower conrtibution of 
     84 
 
PbCrO4 to the total number of Pb containing particles for the grain fractions 
analysed in this study (16% - 21%).  
The compounds Pb2SO4, PbFe3(OH)6SO4AsO4 and PbMn8O16 were all 
quantified using the clustering technique described in this section and 
presented in figure 4-9. Few of these particles were found sporadically across 
the samples with no pattern regarding fractions found in or seasonal presence. 
The study which characterised these compounds did so on heavily 
contaminated top-soil. It was not expected that these compounds would 
appear in any considerable quantities in RD. Despite this, 
PbFe3(OH)6SO4AsO4 was found in 8 of the 24 samples. This compound would 
be of significant concern to health if present in considerable quantities, 
because of the toxicity of As compounds (Gebel 2000). An additional review 
of arsenic in ambient air in the UK outlines that there is no concentration of 
arsenic which is permissible in air (DEFEA 2000). 
Additionally, PbCO3 was found to be present in a total of two samples, Sum 
’13 63-38 µm and Sum ’14 63-38 µm. Interestingly, Barrett et al. (2010) 
reported no detectable quantity of PbCO3 in the <38 µm fraction of RD, but 
33% in the 63-38 µm fraction. The PbCO3 results reported here, however, are 
likely to underestimate the amount of PbCO3 present in these samples. The 
reason for this is that carbon is abundant in all particles and is therefore likely 
to exist in other compounds within the same particle. This is a similar problem 
to that which has been discussed with Cr2O3 and Cr(OH)3 earlier in this 
section.  
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Barrett et al. (2010) found that the largest contributor to Pb containing particles 
in Manchester RD was Pb goethite, making up 45% and 51% of these particles 
in the <38 µm and 63-38 µm fraction respectively. The contributon of Pb 
goethite to the lead containing particles using the clustering technique 
described here was found to be signifantly lower than this, as reported in figure 
4-9. Only 5 samples contained Pb goethite, the most being present in the aut 
’14 <38 µm sample, with 22%. It is unclear why there is such a large difference 
in the quantities of Pb goethite between these studies, considering the 
similarity of the samples used. Aside from the study by Barrett et al. (2010) 
there appears to be a lack of quantification of Pb goethite in RD.  
Another large contributor to the lead compounds determined in this study is 
PbMnVO4(OH) which was observed to be present in 19 of the 24 samples in 
total, contributing up to 67% of the total Pb containing particles. This 
compound was observed in RD by Potgieter-Vermaak et al. (2012a) using 
Raman Spectrscopy. As is the case with any Pb containing compound, there 
are concerns to human health associated with significant exposure.  
The unidentfied portion of Pb containing compounds as presented in figure 4-
9 is relatively low in comparison to the unidentified Cr and Cu containing 
particles for the majority of samples. The data does, however, show that 5 of 
the 8 <38 µm fractions are entirely undefined. It is suspected that the majority 
of these unidentified compounds are likely to be present as oxides, carbonates 
and organic ligands. Barrett et al. (2010) found that PbO and Pb organic 
ligands made up 13% of the <38 µm fraction of RD each, while PbCO3 made 
up 33% of the 63-38 µm fraction.  
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The secondary constituents section of this chapter shows the compounds of 
Cr, Cu, Fe and Pb present in each of the samples. This process of clustering 
particles has shown that there was a significant amount of Cr (VI) inclusions 
of particles, particularly in the <38 µm and 125-63 µm fractions, while the 63-
38 µm fraction tended to be dominated by Cr goethite particles. It was also 
observed that the majority of Cu containing particles were likely to be organic 
ligands or free metals, especially in the <38 µm fraction. Additionally, there 
was a large amount of copper arsenate particles present in two coarser 
fractions. Lead containing particles in the finer fraction were largely undefined 
by the selected Pb compound classes, indicating the presence of PbO or 
organic ligands of Pb. The two coarser fractions tended to be dominated by 
PbCrO4, however a large portion of the particles were also defined as PbMnO4.  
In line with the aims of this study, the task will be to link these compounds to 
the bioaccessible portions of each of these metals, to better understand how 
the chemical structure of particles informs the potential health issues. Firstly 
though, the challenge is to show that the compounds quantified in this section 
are present in RD. A structural technique which will determine the molecular 
composition of particles will be beneficial. Raman Spectroscopy lends itself 
ideally for this purpose. The next section details the results obtained from the 
Raman Spectroscopy analysis, firstly discussing the major components of RD, 
then the trace metal rich components. Direct comparison of the results 
reported in the CC-SEM-EDX and the Raman Spectroscopy sections are 
discussed in section 4.6. 
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4.4.2 Raman Spectroscopy 
Raman Spectroscopy was carried out as described in section 3.3.2. 
Interpretation of spectra was carried out using the Thermo Scientific Spectral 
Database as a first estimate then further confirmations was carried out using 
CrystalSleuth computer program which uses the RRUFF database 
(RRUFF.info). This section will be structured, first by displaying specimen 
spectra from RD samples as blue lines, with reference spectra in red and 
orange lines. These spectra are largely non-representative of the types of 
spectra which are usually achieved when conducting Raman Spectroscopy on 
RD, because spectra often include bands from different compounds. These 
spectra offered a useful matrix appropriate tool for interpretation of noisier, 
more heterogeneous spectra, because they are representative of the 
compounds found in any sample. After these spectra are presented, section 
4.4.2.7 then discusses the incidence which these particles are observed within 
each sample. 
Firstly, though, the physical appearances of these particles as observed under 
the Raman microscope are discussed. Figures 4-10 to 4-12 are images from 
the Raman microscope showing individual particles of the <38 µm, 63-38 µm 
and 125-63 µm of the win 2014-15 campaign fractions under 10x and 50x 
objectives. These images are representative of the particles observed in the 
other sampling campaigns and were selected at random to present the 
physical appearance of the samples. Figure 4-10 shows the <38 µm fraction 
of road dust firstly under a 10x objective (top image) and under a 50x objective 
(bottom image). It is apparent from the top image that particles are uneven in 
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terms of shape, and that there are several fibres present. The top image in this 
figure appears to show that most particles are either dark black/brown or bright 
white. On inspection of the 50x objective image, however, the particles are 
shown to be various shades of black, grey, brown and yellow, with some 
orange particles. It is also apparent for the bottom image in figure 4-10 that 
inclusions exist on particles. This is shown on the white/grey particle directly 
above the scale bar, where there is a small orange inclusion. The majority of 
particles in the bottom image of figure 4-10 are out of focus, this is because of 
the varying depth profile of these particles. This makes it difficult to showcase 
the inclusions that exist on most of these particles. These observations are 
largely consistent for the 63-38 µm and 125-63 µm presented in figure 4-11 
and 4-12, where the shapes of particles are uneven, colours are only obvious 
under 50x objective, and inclusions are ubiquitous.  
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Figure 4-10: Raman microscope images of <38 µm sample from win 2014-15 campaign 
under 10x objective(top image), scale bar 100 µm and 50x objective (bottom image), scale 
bar 40 µm. 
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Figure 4-11: Raman microscope images of 63-38 µm sample from win 2014-15 campaign 
under 10x objective(top image), scale bar 100 µm and 50x objective (bottom image), scale 
bar 40 µm. 
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Figure 4-12: Raman microscope images of 125-63 µm sample from win 2014-15 campaign 
under 10x objective(top image), scale bar 100 µm and 50x objective (bottom image), scale 
bar 40 µm.
     92 
 
4.4.2.1 Calcium Rich Particles 
Figures 4-13 to 4-15 show collected Raman spectra from RD samples as the 
blue line, along with reference spectra from the RRUFF database as the red 
and orange lines. These are the calcite (CaCO3 – hexagonal crystal structure), 
aragonite (CaCO3 – orthorhombic crystal structure), dolomite (CaMg(CO3)2) 
and gypsum (CaSO4.2H2O). Each of which were observed with varying 
degrees of incidence, all of which are designated as calcium rich particles. 
Each of these particles appear as lustrous white particles which often contain 
dark inclusions, or are found themselves as inclusions on dark particles. Figure 
4-13 shows a specimen calcite particle from RD samples, along with reference 
spectra for both calcite (red line) and aragonite (orange line). Calcite and 
aragonite exist as polymorphs of calcium carbonate, a main band for both 
occurs between 1082-1088 cm-1, with smaller bands occurring between 704-
715 cm-1 and 282-285 cm-1. It can be challenging to distinguish between 
aragonite and calcite, especially in samples of this nature where small 
inclusions interfere with spectra. It has been shown, that calcite is more 
commonly observed with bands at 282 cm-1 and 713 cm-1, whereas aragonite 
is found with bands at 207 cm-1 and 704 cm-1 (White 2009; Lee et al. 2014). 
Despite the fact that specimen spectrum given here in blue clearly shows a 
calcite particle, there were many times during the analysis that the smaller 
bands were too weak and it was not possible to distinguish between aragonite 
and calcite. Accordingly, particles which are either aragonite or calcite will 
simply be referred to as calcite/aragonite for the rest of this document.  
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Figure 4-14 shows a specimen dolomite particle observed in RD samples (blue 
line), along with a reference spectra for dolomite (red line). The key indicator 
for dolomite is the strong band at 1097 cm-1. There are a few subtle differences 
between the two, which will be discussed. Firstly, the smaller bands which 
occur at 176 cm-1 and 295 cm-1 which are responsible for the Mg-O symmetric 
stretch and O-Mg-O bending modes respectively (Sun et al. 2014) have 
shoulders in the reference spectra, but not in the specimen. It has been shown 
in literature that these are not always observed in natural samples (Schmid 
and Dariz 2016).  
The dolomite spectrum is markedly similar to the calcite/aragonite spectra 
based on the profile. Accordingly, it is important to note band positions when 
distinguishing between the two, the most pronounced difference is the band at 
1097 cm-1 in dolomite compared to a similar band at 1084 cm-1 for 
calcite/aragonite. The band represents the ν1(CO3)2− symmetric stretch mode, 
this band is shifted by the metal-oxygen bonding which takes place with Mg in 
dolomite and Ca in calcite/aragonite (Frost et al. 2008). 
Figure 4-15 shows specimen spectra for gypsum in blue, along with reference 
spectrum in red. The indicator here for gypsum is the large peak at 1017 cm-
1, evidence of symmetric sulphate stretch in anhydrous gypsum (Schmid and 
Dariz 2016). The better separation of bands in the specimen spectrum is 
evidence of a less hydrated particle (Prieto-Taboada et al. 2014).  
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Figure 4-13: Calcite particle, shown here in blue, observed using DXR Raman 
Spectroscopy. Calcite and aragonite reference spectra from RRUFF database, shown here 
in red and orange respectively. 
 
 
Figure 4-14: Dolomite particle, shown here in blue, observed using DXR Raman 
Spectroscopy. Dolomite reference spectrum from RRUFF database, shown here in red. 
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Figure 4-15: Gypsum particle, shown here in blue, observed using DXR Raman 
Spectroscopy. Gypsum reference spectrum from RRUFF database, shown here in red. 
 
4.4.2.2 Iron Rich Particles 
Iron rich compounds were observed using Raman Spectroscopy, the majority 
of which were iron oxides, a mixture of haematite (Fe2O3) and goethite 
(FeO(OH)) bands. Iron oxides appear as orange particles and often have a 
mixture of light, dark and yellow inclusions on. Iron sulphide was also found, 
present as pyrite (FeS2), which often appears as dark particles. Comparison 
of Raman data to literature is difficult, because it is a very uncommon 
technique as far as RD characterisation is concerned. There are however, a 
handful of studies, which utilise the technique for iron rich particles. Both 
Taylor and Robertson (2009) and Potgieter-Vermaak et al. (2012a) show iron 
compounds as oxides in RD. Each of these studies also remark on the difficulty 
associated with analysing these particles, which are extremely sensitive to 
laser damage. These studies also both remark on the fact that iron rich 
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particles from RD exhibit bands from different iron oxide minerals within the 
same particle spectrum. Taylor and Robertson (2009) indicate the presence 
of both Haematite and lepidocrocoite, whilst Potgieter-Vermaak et al. (2012a) 
show the presence of haematite and magnetite bands from the same particle. 
Figure 4-16 shows two different iron rich particles observed in this analysis. It 
is clear from the spectra that they are two distinct iron oxide compounds 
present. Contention between reference spectra and different published studies 
means that it is difficult to elucidate which iron compounds these spectra 
represent. Many studies use strong bands at 220-227 cm-1 (A1g symmetrical 
stretch), 287-295 cm-1 (Eg symmetrical bend), 400-412 cm-1 (Eg symmetrical 
stretch) and 1310-1330 cm-1 (two-phonon interaction) to positively identify 
haematite (de Faria and Lopes 2007; Colomban et al. 2008; Taylor and 
Robertson 2009; Hernanz et al. 2011; Iriate et al. 2017; Kong and Wilson 
2017). The blue spectrum in figure 4-16 has been labelled haematite, because 
of its general similarity to these band positions, with the exception of a band 
between 400-412 cm-1. Interestingly there is also a prominent band at 389 cm-
1 in this spectrum which has been presented as an indicator of goethite (de 
Faria and Lopes 2007; Colomban et al. 2008). 
The green spectrum in figure 4-13 was also identified as an iron oxide particle, 
because of the orange colour observed on the particle, and because of the 
bands at positions 255 cm-1 and 680 cm-1, which have been shown to be within 
the range of bands synonymous with goethite (de Faria and Lopes 2007; 
Colomban et al. 2008). A band at 423 cm-1 is also observed, which as pointed 
out in the previous paragraph is associated with haematite. The mixtures of 
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bands from different iron oxide minerals shown within these two spectra is 
similar to observations by Taylor and Robertson (2009) and Potgieter-
Vermaak et al. (2012a). 
 
Figure 4-16: Spectra from iron oxide particles observed using DXR Raman Spectroscopy. 
Blue spectrum has been assigned as a haematite particle based on similarity to haematite 
particles identified in literature. Green spectrum is designated as possibly goethite because 
of its similarity to goethite in literature 
 
4.4.2.3 Silica Rich Particles 
Silica rich particles make up a significant portion of identifiable particles in RD. 
The majority of this, especially in the larger grains size fractions is due to the 
input of quartz. However, there is a large input from subgroups, such as 
feldspars, pyroxenes and mica.  
Figure 4-17 shows a specimen spectrum for quartz in blue, along with a 
reference spectrum in red. The most prominent band is the stretch at 463 cm-
1 that is a result of the V2 symmetric bend in the SiO4 tetrahedral structure. The 
bands found at 199 cm-1 and 125 cm-1 can be attributed to the A1 symmetry 
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and rotation of the SiO4 tetrahedron respectively (Skulteti et al. 2014; 
Fidrichova et al. 2016). The bands are both more commonly found at higher 
wavenumbers, between 205-206 cm-1 and 126-128 cm-1, (Watenphul and 
Schmidt 2011; Fidrichova et al. 2016), however the wavenumbers at which 
these bands are present have been shown to lower appropriately in α-quartz. 
Figure 4-17 also shows a shoulder on the 125 cm-1 band at 151 cm-1 this could 
possibly be the presence of the A1g mode in PbO (Wiechert et al. 2005). 
Figure 4-18 shows specimen spectra of different feldspar minerals observed 
in these RD samples. Feldspars characterised by silicate (SiO4) and aluminate 
(AlO4) tetrahedra coordinated with Ca, K, Na and occasionally Ba (Daintith 
2008). Those observed in these samples have been characterised as albite 
(NaAlSi3O8), amazonite (KAlSi3O8) labradorite (NaAlSi3O8), microcline 
(KAlSi3O8) and sanidine (KAlSi3O8). While some of these feldspars have the 
same chemical structure, the distinguishing feature is various amounts of 
sodium where potassium is coordinated and potassium where sodium is 
coordinated (Boggs 2009), allowing for distinctions to be made using Raman 
Spectroscopy. The identity of the feldspar particles displayed in figure 4-18 are 
confirmed by comparing band positions to reference spectra courtesy of the 
RRUFF database. The main identifiable bands present in the feldspar particles 
are those at 469-480 cm-1 and 507-515 cm-1 which correspond to the coupling 
of a deformed SiO4 symmetrical bend with the (Ca,K,Na)-O stretch (Zhang et 
al. 1996).  
Figure 4-19 shows a specimen spectrum for augite (a metal rich alumina 
silicate compound), along with a reference spectrum. Although the sample 
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spectrum only provides distinct bands of the very strong bands in the reference 
spectrum, the particle has nevertheless been classed as augite. The spectrum 
shows a large background, which is most probably due to fluorescence. Augite 
belongs to the pyroxene group of silicates, which have a long structure of 
silicon and oxygen atoms linked by a variety of other elements. The general 
structure for pyroxenes is X1-pY1+pZ2O6 where X is Ca, Na, Y is Al, Fe2+, Fe3+, 
Li, Mg, Mn and Z is Al, Si (Boggs 2009). Pyroxenes have two main identifiable 
bands, one at 668 cm-1 and the other around 329 cm-1. Similar to the feldspar 
group they represent the SiO4 symmetrical bend and the M-O stretch 
(Tomasisi et al. 2015), the complex structure of the pyroxenes causes these 
bands to shift relative to the feldspar groups.    
 
Figure 4-17: Quartz particle, shown here in blue, observed using DXR Raman Spectroscopy. 
Quartz reference spectrum from RRUFF database, shown here in red.  
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Figure 4-18: Spectra from feldspar group particles observed using DXR Raman 
Spectroscopy. Blue spectrum has been assigned as an albite, green spectrum has been 
identified as an amazonite particle, purple spectra has been identified as labradorite particle, 
light blue spectrum has been identified as a microcline particle and yellow spectrum has 
been identified as a sanidine particle. All particles are assigned as these compounds based 
on key band positions matched with spectra from RRUFF database. 
 
 
Figure 4-19: Pyroxene particle, shown here in blue, observed using DXR Raman 
Spectroscopy. Pyroxene reference spectrum from RRUFF database, shown here in red. 
.  
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4.4.2.4 Titanium Rich 
Figure 4-17 shows the Titanium rich particles observed in RD, anatase, 
brookite and rutile, each of the three types of particle identified are polymorphs 
of TiO2. Brookite represents TiO2 as an orthorhombic structure, while rutile and 
anatase are both tetragonal but are differentiated by their crystal structures. 
Space groups of rutile and anatase can be described as P42/mnm and I41/amd 
respectively (Liu et al. 2015a). These particles are often very stable under 
laser and produce very little fluorescence resulting in clear spectra, which can 
be matched to reference spectra easily. Each of the spectra presented in figure 
4-20 were corroborated with references from the RRUFF database, further 
corroborated in literature (Parker and Siegel 1990; Triebold et al. 2011; Leal 
et al. 2017). Characteristic bands for rutile occur at 446-449 cm-1 (Eg) and 608-
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Figure 4-20: Spectra from Ti rich particles observed using DXR Raman Spectroscopy. Blue 
spectrum has been assigned as a anatase, green spectrum has been identified as a brookite 
particle, purple spectra has been identified as a rutile particle, All particles are assigned as 
these compounds based on key band positions matched with spectra from RRUFF 
database. 
 
4.4.2.5 Other Trace Metal Rich Particles 
Figure 4-21 shows the lead chromate PbCrO4 as observed in RD samples, in 
blue, along with reference spectrum in red. The characteristic band here is at 
839 cm-1, attributed to Cr-O stretching mode (Ravindranath et al. 2012) with 
smaller bands matching the reference spectra at 363 cm-1 and 377 cm-1. It is 
also observed in this particular specimen spectrum that there is an inclusion 
peak at 1088 cm-1, most likely calcite. Lead chromate is very interesting in the 
context of this study, because of the presence of Cr (VI) and lead. Where 
present, PbCrO4 particles are very recognisable as large bright yellow crystals. 
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Figure 4-21: Lead chromate particle, shown here in blue observed using DXR Raman 
Spectroscopy. Lead chromate reference spectrum from RRUFF database, shown here in 
red. 
 
Figure 4-22 shows copper arsenate (Cu2(AsO4)(OH)·3H2O), as observed in 
RD samples. The characteristic band occurs here at 835-837 cm-1 and is 
believed to be the v1 (AsO4)3- symmetric stretch (Frost et al 2010; Frost and 
Bahfenne 2010), the shoulder band occurring here at 870 cm-1 is believed to 
be due to the (AsO4)3- asymmetric stretch (Frost and Bahfenne 2010).  
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Figure 4-22: Copper arsenate particle, shown here in blue, observed using DXR Raman 
Spectroscopy. Copper arsenate reference spectrum from RRUFF database, shown here in 
red. 
 
4.4.2.6 Carbon Inclusions 
The majority of spectra collected for each RD sample showed evidence of 
carbon bands with varying degrees of relative intensity. Figure 4-23 shows an 
example of this on an anatase particle. The RRUFF database does not have 
a reference spectra for carbon which matches this, however, there is a large 
number of journal articles which interpret these bands at 1360 cm-1 and 1600 
cm-1 as soot (Sadezky et al. 2005; Russo and Ciajolo 2015; Ess et al. 2015; 
Han et al. 2017). It is generally accepted that the band observed here at 1360 
cm-1 is referred to as the D-band and is attributed to the A1g vibrational mode, 
indicative of structural defects within the carbon structure. The band at 1600 
cm-1 is referred to as the G-band and is attributed to the E2g symmetrical 
stretching mode within carbon rings. It was observed in all of the RD samples 
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in this study that almost all particles contain some evidence of soot across all 
size fractions.   
 
Figure 4-23: Carbon inclusion on anatase shown here in blue, observed using DXR Raman 
Spectroscopy. Copper arsenate reference spectrum from RRUFF database, shown here in 
red. 
 
4.4.2.7 Raman Observations of RD Samples 
Figure 4-24 shows the particle classes observed in each sampling campaign 
and fraction, as determined by Raman Spectrscopy. The campaigns are split 
up by breaks on the x-axis to aid comparison, in the same fashion as 
demostrated in the CC-SEM-EDX results section of this chapter. For all 
samples a minimum of 200 particles were analysed. It is appreciated that this 
number of particles are much lower than that of the CC-SEM-EDX analysis, 
but from experience, as well as previously documented data, this number of 
particles can be deemed as representative of the composition of the RD 
samples (Potgieter-Vermaak et al. 2012b; Jentzsch et al. 2013 ). It was 
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observed that quartz is the most abundant mineral class across all of the 
samples and 30.3% to 65.6% of the particles analysed showed the presence 
of the characteristic 463 -464 cm-1 band. The exception was during the Aut ’13 
campaign in the <38 µm fraction, where calcite was more abundant. The large 
incidence of quartz in RD as determined by Raman Spectroscopy was also 
observed by Potgieter-Vermaak et al. (2012a), in one of only two studies 
published anywhere which use this instrumentation for RD. For each sampling 
campaign it can be observed that quartz is more abundant in the 125-63 µm, 
followed by the 63-38 µm fraction, then the <38µm fraction. Interestingly, if we 
consider one of the other abundant silicate groups, feldspars, there appears 
to be a pattern whereby feldspars are more abundant in the finer fraction 
relative to the larger fraction. This observation is applicable to six of the eight 
sampling campaigns, the exceptions being Sum ’14 and Aut ’14. The other two 
silicate groups, mica and pyroxene are rarer than quartz and feldspar and are 
observed infrequently but are present in all size fractions in one campaign or 
another. The observation here of Si concentrations enriched in larger fractions 
as determined by Raman Spectroscopy further validates the same observation 
as revealed by the CC-SEM-EDX instrumentation in the previous section of 
this document. Admittedly, in some incidences, there is a large difference 
between the absolute abundance of Si rich particles, 70.7% to 86.0% as 
determined by CC-SEM-EDX compared to 37.9% to 74.6% as determined by 
Raman Spectroscopy, this is puzzling. One possible explanation for this is that 
the Raman Spectroscopy gives a signal bands for inclusions on particles, 
without giving signal bands for the particle itself, whereas the CC-SEM-EDX 
takes data for an entire particle. For example, if a large Si rich particle were to 
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have a small Ti rich inclusion on it and the Raman laser is focused on the 
region where the Ti rich inclusion is, it would seem it is a Ti rich particle, 
possibly with a weak Si signal. If the same particle was to be analysed using 
CC-SEM-EDX, however, the output from the instrument would indicate a large 
atomic fraction of Si with a small amount of Ti. Unfortunately there is no similar 
study published which can confirm or deny this speculation. 
Referring back to the results obtained by the Raman spectroscopy, calcite is 
the most abundant of the calcium rich particles, ranging from 10.5% to 48.2% 
abundance. Contrary to the quartz, calcite appears to be generally more 
abundant in the finer fraction, this being the case in six out of the eight 
campaigns. A particularly interesting observation regarding the calcites though 
is the relative abundance of dolomite in the finer fractions, ranging from 5.5-
10.6 % in the <38 µm fractions, 3.1-7.4 % in the 63-38 µm fractions and 0-3.8 
% in the 125-63 µm fractions. Literature supports this observation, with larger 
Mg concentrations in finer fractions relative to the same larger fraction 
(Fujiwara et al. 2011). This is interesting in the scope of health, as research 
has shown the mineral matrix to which anthropogenic metal pollutants are 
introduced influences the form in which the metals are present, which then 
ultimately influences the ability for metals to become bioaccessible if entry to 
the body is gained. Obrist et al. (2011) and Grangeon et al. (2012) both 
indicate that the organic and inorganic content of soil dictates the form in which 
Hg exists when introduced from anthropgenic sources.  
Titanium rich particles were present in all RD samples, with abundance 
ranging from 0.7% to 18.4%. Generally there was a greater abundance 
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observed in the finer size fraction relative to the larger, with this being the case 
for seven of the eight campaigns for Ti. This is abundant, in comparison to the 
CC-SEM-EDX data, where the range was found to be 0.10-0.25%. A similar 
pattern is observed in terms of elevation of relative abundance in the finer 
fractions though. Again literature shows that the concentrations of Ti is greater 
in finer fractions of RD (Fujiwara et al. 2011; Potgieter-Vermaak et al. 2012a). 
Similarly, Iron rich particles were present in all RD samples, with abundance 
ranging from 0.8% to 12.7% across all samples. In agreement with the calcium 
rich particles and the Titanium rich particles, Iron rich particles were more 
abundant in the finer fraction, this being the case for six of the eight sampling 
campaigns. The analysis here indicated that there a wide spread incidence of 
iron rich particles, in the form of Fe2O3 and FeOOH, this is indicative of 
corrosion of high-Cr steel (Nachiappan and Cho 2005). Iron particles in RD 
have been analysed using Raman Spectrscopy in only two published studies. 
The most recent of these, which has already been cited in this section with 
reference to silicon rich particles, where presence of Fe2O3 and Fe3O4 were 
observed (Potgieter-Vermaak et al. 2012a). Taylor and Robertson (2009) also 
used Raman Spectroscopy to characterise Iron particles in RD samples from 
Manchester. Fe2O3 and FeOOH were characterised, in these particles, it was 
found that high concentrations of Cr was present (up to 7.5%), as determined 
using electron microprobe analysis. The paper by Taylor and Robertson 
(2009) concludes with the assertion that the origin of these iron rich particles 
is vehicular wear. Interestingly, lead has also been shown to be present in iron 
rich particles of RD in Manchester. Barrett et al. (2010) reported that Pb-
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sorbed goethite made up 44.9 % and 51.0 % of total Pb in the <38 µm and 63-
38 µm fractions of RD respectively, as determined by XANES.  
Only one copper containing particle was found using Raman Spectroscopy. 
Copper arsenate was found in the aut ’13 63-38 µm sample by Raman 
Spectrscopy. Referring back to the CC-SEM-EDX data, however, copper 
arsenate was found to be reasonably abundant. Interestingly the sample in 
which the copper arsenate particle was identified by Raman Spectroscopy was 
the sample with the largest quantity of copper arsenate patticles at determined 
by CC-SEM-EDX. The only other copper compound defined in the clustering 
of SEM-EDX data displayed in section 4.4.1.2 was CuS. Copper sulphide was 
found in sporadically in small quantities using the clustering analysis, however 
none was found using Raman Spectrscopy.  
A similar lack in variation in the nature Cr and Pb containing particles as 
determined by Raman Spectrscopy is seen. Only PbCrO4 was observed using 
Raman Spectrscopy, no other Pb or Cr containing compounds were observed. 
The incidence of PbCrO4 was too infrequent and sporadic to gain any 
quantitative data. It is apparent from this data that PbCrO4 is present, which is 
particularly interesting because it represents the carcinogenic oxidation state 
of Cr (VI). 
Despite various studies using Raman Spectroscopy successfully as a 
quantitative approach (Kazimierski et al. 2002; Palermo et al. 2012) , this study 
shows that this is extremely difficult in the context of highly heterogeneous 
samples. This heterogeneous nature also contributes to the difficulty 
characterising many compounds which were shown to be present using the 
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clustering analysis presented in section 4.4.1.2. Additionally, the clustering 
process was designed to take into account the fact that these compounds may 
exist as a small particle or inclusion on a larger particle or group of aggregated 
particles. Raman spectrscopy has difficulty in this respect, where it can be hard 
to obtain spectra from inclusions, especially when they are small and the larger 
partcile is a strong scatterer, such as a Ti rich particle or quartz. 
Based on the analysis carried out so far Cu, Fe and Pb containing compounds 
should all be considered potentially harmful for human health, because of the 
reasons outlined at several points in this document. The Cr containing 
compounds, however, are a little more complex, in the respect that they are of 
far more concern when present as Cr (VI). Results from the CC-SEM-EDX and 
Raman Spectroscopy analysis have provided us with this qualitative and 
somewhat quantitative insight in to presence of Cr (VI) in RD, providing data 
for 1000 and 200 particles per sample respectively. However, to properly 
assess the risk to human health, a more representative approach to determine 
the concetrations at which Cr (VI) is present in RD is needed. The next section 
of this document will cover the approaches carried out to do this, when applied 
to RD this poses another novel accomplishment of this study. 
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Figure 4-24: Particle classes for each campaign and size fraction as determined by DXR 
Raman Spectroscopy.  
 
4.5 Chromium (VI) Quantification  
Cr (VI) was quantified using the approach outlined in section 3.4. In short, a 
basic digestion solution (0.5M NaOH, 0.3M Na2CO3) was used to force native 
Cr (VI) into solution and precipitate out native Cr (III), all without 
interconversion between the two. A GFAAS was then used to quantify Cr, as 
this technique would be able to analyse in the µg kg-1 (ppb) range.  
Method development was carried out to ensure that no Cr (III) was present 
after digestion, up to a spiked content of 500ppb (this was the maximum 
tested). Tables 4-8 and 4-9 present the results of this method development for 
aqueous and solid reagents respectively. Each table shows six conditions 
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under which Cr (VI) and Cr (III) reagents were used to spike a digestion 
solution to give an appropriate final concentration. Each condition gave a final 
Cr concentration comparable to the expected concentration of Cr (VI) based 
on the spiked concentration. It was therefore considered that the method was 
suitable for precipitating out Cr (III) and solubilising Cr (VI). Table 8 shows that 
average Cr (VI) recovery using aqueous standards was 109.5% (n=3), roughly 
in line with pipetting and dilution error. Table 9 shows that average Cr (VI) 
recovery using solid reagents was 105.1% (n=3).  










total Cr (µg kg-
1) 
Cr (VI) recovery 
(%) 
1 50 50 55.9 111.8 
2 150 0 168.3 112.2 
3 500 500 522.7 104.5 
4 0 50 <LOD <LOD 
5 0 150 <LOD <LOD 
6 0 500 <LOD <LOD 
 










total Cr (µg kg-
1) 
Cr (VI) recovery 
(%) 
1 22.9 51.5 23.4 102.2 
2 68.7 51.5 73.8 107.4 
3 229 154.5 242.6 105.9 
4 0 51.5 <LOD <LOD 
5 0 154.5 <LOD <LOD 
6 0 463.5 <LOD <LOD 
 
Once method development proved that this method of Cr(VI) quantification 
was capable of recovering only native Cr (VI), RD samples were analysed. 
Table 4-10 shows Cr (VI) concentrations in mg kg-1 for each the six extractions 
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of each RD sample. Displaying the data in this form allows the reader a clearer 
comprehension of how variable the data are, rather than simply displaying 
median values with standard deviations. This data is also displayed in figure 
4-25, which features absolute values of Cr (VI) and total Cr. (note there is an 
axis break on the y-axis). Referring to the results presented in table 4-10 and 
figure 4-25, median concentrations ranged from below the limit of detection 
(<LOD) to 53.0 mg kg-1, with individual extractions yielding concentrations of 
up to 131 mg kg-1. Approximately a third (57 of the 144) extractions were found 
to be <LOD. The Sp ’13 <38 µm fraction is a good example of how varied the 
extractions of a sample could be, this sample had three extractions below 
detection limit, the other three were 1.32 mg kg-1, 84.6 mg kg-1 and 131 mg kg-
1. Only one sample had all six extractions above the detection limit, Sum ’13 
63-38 µm, resulting in a median value of 53.0 mg kg-1. One sample had all six 
extractions below the detection limit, Aut ’13 63-38 µm. Based on the 
heterogeneity of the other samples, however, it may not be appropriate to 
assume there is little of no Cr (VI) present in this sample.   
Table 4-10: Total Cr (VI) concentrations of the 3 different size fractions for each extraction of 
RD collected over all sampling campaigns, as determined by GFAAS, along with median 
values based on those extractions. Data is presented here in mg kg-1. 
Sp ‘13 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 84.6 0.96 6.09 
Extract 2 131 <LOD 24.61 
Extract 3 1.32 20.4 1.87 
Extract 4 <LOD <LOD 10.1 
Extract 5 <LOD <LOD 2.16 
Extract 6 <LOD 28.8 38.6 
Median 0.66 0.48 8.08 
Sum ‘13 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 1.94 6.13 67.9 
Extract 2 <LOD 115 1.79 
Extract 3 24.2 105 1.1 
Extract 4 5.17 50.9 65.2 
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Extract 5 <LOD 55.1 <LOD 
Extract 6 <LOD 47.3 67.8 
Median 0.97 53.0 33.5 
Aut ’13 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 28.8 <LOD 4.86 
Extract 2 15.6 <LOD 0.30 
Extract 3 1.54 <LOD <LOD 
Extract 4 2.33 <LOD <LOD 
Extract 5 <LOD <LOD <LOD 
Extract 6 <LOD <LOD <LOD 
Median 1.94 <LOD <LOD 
Win’13-14 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 41.9 1.27 4.80 
Extract 2 65.6 0.00 1.07 
Extract 3 <LOD 39.8 0.00 
Extract 4 <LOD 4.70 36.2 
Extract 5 <LOD 2.08 0.63 
Extract 6 <LOD 118 0.00 
Median <LOD 3.39 0.85 
Sp ’14 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 0.54 <LOD 10.9 
Extract 2 <LOD 11.3 1.82 
Extract 3 <LOD <LOD <LOD 
Extract 4 0.15 3.05 <LOD 
Extract 5 <LOD <LOD 13.7 
Extract 6 0.96 <LOD <LOD 
Median 0.08 <LOD 0.91 
Sum ‘14 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 <LOD <LOD 0.67 
Extract 2 14.1 <LOD 18.3 
Extract 3 <LOD <LOD 4.22 
Extract 4 <LOD 34.2 0.00 
Extract 5 4.25 <LOD 2.59 
Extract 6 <LOD 1.48 6.34 
Median <LOD <LOD 3.41 
Aut ‘14 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 3.43 0.06 2.83 
Extract 2 5.08 3.22 <LOD 
Extract 3 <LOD <LOD 3.83 
Extract 4 2.22 3.96 <LOD 
Extract 5 <LOD 7.77 0.71 
Extract 6 6.35 7.45 <LOD 
Median 2.82 3.59 0.36 
Win ’14- ‘15 
 <38 µm (mg kg-1) 63-38 µm (mg kg-1) 125-63 µm (mgkg-1) 
Extract 1 1.47 2.26 2.21 
Extract 2 0.46 4.05 0.83 
Extract 3 0.29 0.36 3.82 
Extract 4 <LOD <LOD 0.91 
Extract 5 <LOD <LOD 2.16 
Extract 6 <LOD <LOD <LOD 
Median 0.14 0.18 1.53 




Figure 4-25: Total Cr and Cr (VI) in mg kg-1 from each sample and fraction. Cr (VI) 
determined by base extraction and GFAAS, total Cr determined by acid digest and ICP-
OES. 
 
Figure 4-26: represents the portion of Cr (VI) present in each sample as a 
percentage of the total Cr, based on median concentrations. It can be 
observed that Cr (VI) generally makes up less than 10% of the total Cr within 
a sample. The two exceptions to this are the Sum ’13 63-38 µm and Sum ’13 
125-63 µm samples which were found to be 47% and 27%, respectively. 
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Figure 4-26: Cr (VI) as a portion of total Cr in each sample and fraction. Cr (VI) determined 
by base extraction and GFAAS, total Cr determined by acid digest and ICP-OES. 
 
As mentioned in experimental section 3.4, there are no available publications 
regarding the concentrations of Cr (VI) in RD. There are, however, studies 
which investigated concentrations of Cr (VI) in airborne particulate matter. 
Swietlik et al. (2011) observed mean Cr (VI) concentrations of 6.0 ng m-3 in 
total suspended particles (TSP), which was reportedly up to 50% of the total 
Cr in TSP for the city centre location studied. The study followed the same 
digestion method as carried out on RD here, using voltammetery as the mode 
of analysis. Interestingly, this study also reports that there was a large 
variability in replicates, from 2.1 ng m-3 to 98 ng m-3. Borai et al. 2002 found Cr 
(VI) concentrations in TSP ranging from 0.93 ± 0.06 mg kg-1 to 2.55 ± 0.13 mg 
kg-1 for six sampling sites in Egypt, again using the same digestion method, 
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though using ion chromatography as the analysis method. The study also 
reports that the Cr (VI) concentrations make up between 19% and 30% of total 
Cr across all sites examined. The study by Borai et al. (2002) reports similar 
Cr (VI) concentrations to the median values reported in RD for this research, 
crucially though, Borai et al. (2002) report very small variation on the reported 
values, which is a contrast to both this study and the published data from 
Swietlik et al. (2011).  
The aim of this section, was to quantify Cr (VI) present in RD, so that it is 
possible to gain a more informed view on the potential health effects of Cr. As 
mentioned in section 2.5 of the literature review and the experimental 
methodology section 3.4, the toxicity of Cr is highly dependent on the oxidation 
state in which it is present, where Cr (III) is an essential dietary mineral 
whereas Cr (VI) is carcinogenic. The results presented in this section, show 
that Cr (VI) concentrations vary hugely, 0-51 mg kg-1 based on median 
concentrations, each with large standard deviations. This data is based on 6 
extractions each using 1 g of RD, which is a considerably large mass to use. 
The CC-SEM-EDX secondary constituents section 4.4.1.2, provided data from 
Cr containing particles to suggest that Cr (VI) was ubiquitous across all 
samples. The data collected in this section, however, shows that number of 
particles containing Cr (VI) does not necessarily equate to a large 
concentration being present in a sample. Nonetheless, the quantitative 
analysis in this section does show that in some samples, Cr (VI) can be present 
in large quantities. This observation is probably best explained by the Raman 
Spectroscopy, where large particles of PbCrO4 were characterised in samples.  
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From a health point of view, we can therefore conclude that the concentration 
of Cr (VI) in RD which a person can potentially be exposed to can potentially 
be very high. This large variability makes it difficult to contextualise these 
results in terms of guidelines. The health and safety executive HSE (2002) 
recommends airborne Cr (VI) concentrations to not exceed 50 µg m-3 in the 
workplace. Furthermore, DEFRA (2013) acknowledge studies showing that 
health based guidance values for Cr (VI) should not exceed 0.9 µg kg-1 BW 
day-1 (where BW is body weight of an individual). This value is better 
contextualised in the risk assessment section of this document, which brings 
the metal concentrations observed in this study into context with guideline 
values to form a risk assessment. 
 
4.6 Key Findings From Sections 4.4 and 4.5: A Short Conclusive 
Summary 
Sections 4.4 and 4.5 have covered the individual particle characteristics and 
Cr (VI) concentration in each RD sample collected over the two-year sampling 
period. This section covers the key findings from these two phases of study in 
a manner to keep the reader apprised with reference to the original aims of the 
study, but also to inform the subsequent sections. From the results discussed 
in sections 4.4 and 4.5, we can conclude: 
• CC-SEM-EDX and Raman Spectroscopy techniques produce similar 
results to show that RD is mainly comprised of silicates, though the 
concentration of these vary with fraction size, where the finer fraction 
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appears to be more enriched with metal components. This is reflected 
in the primary clusters analysis from the CC-SEM-EDX, where trace 
metal rich particles were the second most abundant class. This plays 
an important role in the toxicity profile of RD 
• CC-SEM-EDX results show that the form in which metals are present 
in particles varies more with particle size than seasonally.  
• The CC-SEM-EDX analysis also concluded that Cr containing particles 
were largely composed of K2Cr2O7 in the <38 µm fraction, Cr goethite 
in the 63-38 µm fraction and PbCrO4 and Cr2O3/Cr(OH)3/Cr as a free 
metal in the 125-63µm fraction.  
• This analysis also concluded that Cu particles were mainly organic Cu 
in all fractions, particularly the <38 µm fraction. Copper sulphide was 
also observed in most samples across all fraction sizes. Copper 
arsenate was observed in the 63-38 µm and 125-63µm fractions. Its 
presence was also confirmed by Raman Spectroscopy.  
• CC-SEM-EDX analysis confirmed presence of Pb particles as mostly 
PbO/Organic Pb in the finer fraction of RD, with PbMnO4 and PbCrO4 
more abundant in the 63-38 µm and 125-63 µm fractions.  
• The Raman Spectroscopy analysis in this study was unable to provide 
characterisation of all the compounds proposed in the CC-SEM-EDX 
secondary constituents section 4.4.1.2. It is believed that the difficulty 
of obtaining spectra from inclusions on particles contributed to this. 
     120 
 
• The Raman spectroscopy did, however, show the presence of several, 
large PbCrO4 particles. The sporadic observation of these particles may 
explain the Cr (VI) distribution observed in the chromium (VI) 
quantification section 4.5. In that section, concentrations of Cr (VI) 
varied significantly, even between extractions of the same samples. 
The results of this chapter have satisfied the first aim as outlined in chapter 1 
of this document, “To gain a comprehensive understanding of the metal 
composition of individual inhalable and ingestible RD particles”. Moving on to 
the final sections of this chapter, the challenge is to quantify the leachates of 
Cr, Cu, Fe and Pb in simulated biological fluids, applying the findings from the 
single particle analysis to the subsequent findings. This process will then 
inform the new risk assessment protocol. Firstly though, as outlined in the 
literature review and experimental methods chapters, the challenge is to 
assess which size of particles are appropriate for use for the respiratory route 
of entry to the body. Completion of these goals will satisfy two more of the 
aims outline in chapter 1, “To elucidate the bioaccessibility of inhalable and 
ingestible particles” and “Develop an appropriate risk assessment 
methodology for RD by modifying existing approaches”. 
4.7  <38 µm RD Fraction as a Proxy for Inhalable Particulates  
As acknowledged in several sections of this report (literature review section 
2.1.6 and experimental methodology section 3.5), there is uncertainty in the 
scientific community regarding the size of particles which are appropriate for 
use in studies regarding inhalation of particles. This phase of study intends to 
address this, along with one of the key aims of the study, to gain a 
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comprehensive understanding of the metal composition of individual inhalable 
and ingestible RD particles.  
Accordingly, this section approaches the problem by investigating whether a 
fine fraction of RD (in this case <38 µm) can be considered representative of 
the <10 µm RD particles which have been shown in literature to make up a 
considerable portion of PM10, which is most widely considered inhalable. 
4.7.1 Particle Size Analysis  
Once particles had been separated, using the method described in section 
3.5, it was necessary to justify use of the separation technique by analytically 
testing for separation efficiency. Particle size was determined using CC-SEM-
EDX, this technique is described in detail in section 3.3.2. Analysis of 1500 
particles was carried out for each of the two fractions. The smallest 
measurable diameter was 0.5 µm, as particles smaller than this are 
indistinguishable from imperfections in the silver foil surface. Figure 4-27 
shows particle size distribution as determined by CC-SEM-EDX for the <10 
µm and <38 µm fractions. The figure divides particles into bins based on 
particle size, starting with 0.5-1.5 µm, then 1.5-2.5 µm etc. presented along 
the x-axis as average particle diameter (Dp). The primary y-axes show the 
number of particles in each bin divided by the total number of particles (nj/nt). 
Presenting particle size distribution data in this manner is common for 
particulate matter (Chen et al. 1997; Lin et al. 2005; Potgieter-Vermaak et al. 
2012b; Yue et al. 2013) and RD (McKenzie et al. 2008). These studies tend to 
log the number of particles in each bin. It was that felt that logging the number 
of particles in each bin failed to give a clearer visual representation of the 
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particle size distribution. The secondary y-axis of figure 4-27 shows a 
cumulative distribution of particles, by summing the number of particles in each 
preceding bin, as a percentage of the total number of particles (N(Dp)/nt). The 
cumulative distribution is included to give an indication of the type of 
distribution observed. Both the <38 µm and the <10 µm fraction showed 
somewhat of a lognormal distribution, however there are too many smaller 
particles to fit this distribution with statistical confidence. It is observed that the 
number of particles smaller than 1.5 µm dropped off in the <38 µm fraction, 
but carried on increasing in the <10 µm fraction. It is possible that this was 
caused by the separation technique failing to remove some particles between 
1.5-10 µm, therefore under representing them in the <10 µm fraction. This is 
unavoidable using a technique, which assumes uniform density of particles.  
Geometric median and geometric standard deviation are calculated using 
equations given by Potgieter-Vermaak et al. (2012b). The geometric median 
particle size in the <10µm fraction is 1.7 µm (geometric standard deviation 2.3 
µm) and it was found that 94.3% of particles were smaller than 10 µm. In the 
<38 µm fraction, the geometric median particle size was 3.5 µm (geometric 
standard deviation 2.3 µm) with 90.4% of particles smaller than 10 µm.These 
results show that a good separation efficiency was achieved with this 
technique, a significant portion of the particles larger than 10 µm have been 
removed. This is exhibited by performing the Mann-Whitney test, comparing 
the sizes of particles in the <38 µm and <10 µm sample shows conclusively 
that the medians of these two data sets are significantly different. A p value of 
less than p=0.05 is achieved. The distribution of particles observed here in the 
     123 
 
<10µm fraction was similar to that reported by McKenzie et al. (2008). In both 
cases, particles were measured down to a size of 0.5 µm, albeit using different 
instrumentation. Interestingly results from this study showed a greater 
exponential skew toward the smallest particles. This could possibly be due to 
differences in sites or the vacuum collection method used by Mckenzie et al. 
(2008). The large number of small particles observed here in the <38 µm 
fraction supports the concept that RD inherently contains a large number of 
small particles (Kong et al. 2012). This is a crucial observation with respect to 
the aim of this study; thoracic particles do make up a significant portion of RD. 
 
Figure 4-27: Particle size distributions from each fraction.   
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4.7.2 Elemental Composition 
To determine the similarity in chemical composition between the two samples, 
an elemental profile of the two samples were determined by ICP-OES, as 
described in section 3.2. The technique used here includes a large suite of 
metals, this is contrary to the bulk metal analysis results described here in 
results section 4.2 where only Cr, Cu, Fe and Pb are considered. The reason 
for this difference in approach is that the use obtaining bulk metal profile here 
is not to quantify metals as a means to suggest their potential harmful nature, 
merely as an indicator to show the degree to which these two samples differ. 
Results from the acid digestion experiment indicated a significant difference in 
metal concentrations observed between the <38 µm and <10 µm fractions, as 
displayed in table 4-10. Elemental concentrations were increased in the 
<10µm fraction for each element quantified. Table 4-10 also includes the % 
increase in concentration observed in the <10 µm fraction.  
Table 4-10: Acid soluble metal concentrations of the <10 and <38 µm RD fractions. 





































































51.8 66.3 6.0 57.8 11.7 6.8 23.1 41.8 16.1 48.6 
 
Elemental concentrations in the <10 µm fractions showed the trend 
Fe>Al>Zn>Cu>Mn>Pb>Cr>Sn>Ni>As. The same pattern was observed in the 
<38 µm fraction, with the exception of Mn, which was more abundant than 
copper. Albuquerque et al. (2016) concluded a similar pattern of metal 
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concentration of PM10, Zn>Cu>Pb>Mn>Cr>Ni>As, the notable difference 
being the increased Pb concentration relative to Mn. Other studies 
investigating metal concentrations of PM10 also indicated a similar order, again 
with Pb being more abundant than Mn (Lim et al. 2010). It is worth noting that 
specific metal concentrations, in terms of absolute concentration and relative 
to other metals are very dependent on site. It is also worth acknowledging that 
literature quoting concentrations of metals within PM10 will generally be 
reported in units of mass per volume (of air), as collection on filters is the most 
common method of quantification.  
Such large differences in metal concentrations between the fractions may 
appear to conclusively disprove any possibility that the two samples may be 
comparable. However, it is documented that the largest constituent of RD is 
Si, and that the concentration of Si increases in larger grain fractions (Cesari 
et al. 2012). It is feasible that the difference between the two samples may be 
the significantly larger concentration of Si in the <38 µm fraction. 
In an attempt to determine whether the influence of Si is indeed preventing the 
<38 µm and the <10 µm fractions from being considered, we are able to refer 
back to the SEM-EDX work originally carried out as a means of ascertaining 
particle size distribution. Using the single particle EDX data and recalculating 
the percentage weight (%Wt) composition for each particle where C, O and, 
crucially, Si have been removed, we can compare quantities of each remaining 
element present in each sample. A full suite of crustal and trace elements 
quantified by SEM-EDX were included in the %Wt equation to increase 
accuracy. Distribution for each element also quantified by SEM-EDX was 
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found to be skewed left (Al, As, Cr, Cu, Fe, Mn, Ni, Pb, Sn and Zn). Therefore, 
the Mann-Whitney U test was used to compare each of them between the 
<10µm and <38µm faction, the null hypothesis (H0) being that the samples are 
statistically not the same. With the exception of Fe, Zn and As, it was found 
that we could accept the alternative hypothesis for all other elements. In the 
case of As, the SEM-EDX data indicated too few As containing particles in 
either fraction to perform a Mann-Whitney U test. Concerning Fe and Zn, the 
Mann-Whitney U test indicated that these elements were more enriched in the 
<10µm fraction.   
4.7.3 Mobility in Simulated Biological Fluid 
To further test the hypothesis that <38 µm fraction can be used as a proxy for 
the <10 µm fraction, the two samples were subjected to in vitro testing. 
Leachate concentrations for both samples are displayed in mg kg-1 in Table 4-
11. Table 4-12 shows bioaccessibility of each element, determined using 
equation 2-1 in the literature review section of this document, where leached 
concentrations are those displayed in 4-11 and total concentrations are those 
displayed in table 4-10 of the previous section.  
Table 4-11: ALF leached concentrations (mg kg-1) and RSD (%) for the <10 and <38 µm RD 
fractions. 











































































Table 4-12: Percentage bioaccessibility for the <10 and <38 µm fractions. 
 Al As Cr Cu Fe Mn Ni Pb Sn Zn 









































Standard deviations for each metal in table 4-12 are given as calculated by 
propagation of errors (Miller and Miller 2005). The results from tables 4-11 and 
4-12 do seem to indicate a strong similarity between the leaching behaviour of 
the two samples across the full range of metals. Considering the data in table 
4-12, there is an average difference in bioaccessibility of 13.5% between any 
given element with respect to fraction size. This presents itself as generally 
fairly similar, taking into account the highly heterogeneous nature of RD. 
Further support exists in literature, where replicates within the same RD 
sample can range from 55.0-65.2% for Cu and 55.0-62.0% for Pb (Pelfrene et 
al. 2017). The results here appear to support the elemental composition results 
obtained using SEM-EDX. The results here suggesting that it is likely that the 
forms in which the metals are present in both samples, i.e mineralogically or 
otherwise are the same. It is noted that there are incidences where 
bioaccessibility is greater than 100%, this is due to the highly heterogeneous 
nature of RD, as observed in earlier sections in this work. Vastly different 
leaching behaviour between the two samples would suggest that different 
minerals or free metals are present in one sample but not the other. In 
comparison to other studies, the bioaccessibility in ALF results achieved here 
are in the same order as those collected by Wiseman and Zereni (2014), who 
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achieved bioaccessibility around an order of magnitude higher across the suite 
of metals analysed, generally between 60-80% bioaccessible. 
Based in the results of section 4.7, it was decided that the <38 µm fraction of 
RD collected over the sampling campaign could be appropriately used to 
demonstrate the particles of RD which are likely to be inhaled. The next section 
in this chapter covers the results for this protocol.  
4.8 In Vitro Analysis 
4.8.1 Respiratory Route 
Based on the results of the previous section, only the <38 µm fractions of RD 
from all sampling campaigns were exposed to artificial lung fluid. This process 
uses the methodology as described in section 3.6.1. The samples were not 
exposed to other simulated lung fluids, such as Gamble’s solution, as previous 
work (undergraduate project) has shown that these RD samples leach 
minimally in Gamble’s solution. ALF leaching data (as illustrated in Figure 4-
28, total concentrations of leachates are presented in appendix A, table A-4) 
are presented as the percentage leached relative to that which was available, 
as determined in the bulk analysis protocol. It is therefore considered as its 
bioaccessibility (Colombo et al. 2008), this is calculated using equation 1 in 
section 1.1.6. There appears to be a distinct pattern in leaching with Cr, Cu 
and Fe, where slight peaks in leaching during autumn 2013 and again in 
summer 2014 are observed. However, Pb showed an initial peak in winter 
2013-14, then a second peak in summer 2014. While the peaks in data are 
somewhat consistent, the campaigns of lower leaching, troughs, for each 
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metal are less so. There are examples of troughs occurring in each season for 
various metals, spring being the most common. These observations show the 
subtle, but valuable difference between using bulk data to estimate health 
effects rather than in vitro studies. The small variation in bioaccessibility % 
potentially indicates that there may be a subtle change in the nature of 
pollutants throughout the study. It is probable that the slight seasonal pattern 
indicates significant meteorological contribution, but also influences from other 
factors, perhaps changes in types of anthropogenic pollution. In terms of metal 
content, results indicate that the order of leaching is as follows 
Cu>Pb>>Fe≈Cr, dividing the metals into two distinct groups of Cu with Pb, and 
Cr with Fe. The figure shows that there is a significant fluctuation in the amount 
of each metal which is bioaccessible, with Cr ranging from 15.3-21.1%, Cu 
from 61.7-78.6%, Fe from 16.8-24.9% and Pb from 57.0-68.7%. In comparison 
to studies on the bioaccessibility of metals within ALF, the results obtained 
here are similar. Data from Pelfrene et al. (2017) show bioaccessibility of Cr 
was 8.7%, Cu was 55.0-65.2% and Pb was 55.0-62.0% for three different RD 
certified reference materials with particle sizes of <74 µm, <90 µm and <100 
µm. Guney et al. (2017) publish large variability amongst 6 contaminated 
urban soils fractioned to <20 µm with bioaccessibility ranging from 23.7-90.1% 
for Cu, 2.3-67.6% for Fe and 50.3-92% for Pb. The large variance in data 
between and within all of these studies particularly highlights the variable 
nature in bioaccessibility in RD.  
Referring to the CC-SEM-EDX data on the secondary constituents of particles, 
in section 4.4.1.2, the <38 µm fractions of samples have been shown to 
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contain considerable amounts of Cr (VI) and organic Cu and Pb as well as iron 
oxide. Each of these represents a concern for human health as carcinogens 
and harmful substances. The Cr content of RD in the <38µm fraction is mostly 
made up of K2Cr2O7, which is generally soluble in acidic solutions. This not 
reflected in this section though, where bioaccessibility is around 20%.  
 This shows that the bioaccessibility of these PHEs in biological fluids is a 
complex process and is subject to more than the solubility of these compounds 
in solution. 
 
Figure 4-28: Percentage bioaccessibility of the < 38 µm fraction of RD using the inhalation 
route leaching data. 
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4.8.2 Gastrointestinal Route 
The Ingestion leaching data in this study has been handled in the same 
manner as the inhalation route leaching data, whereby the bioaccessibility of 
each metal is quoted as a percentage of the bulk total, as determined in this 
study. Data are presented in Figures 4-29 and 4-30, with tabulated data in 
appendix A, table A-5 to A-10. Contrary to the inhalation leaching and bulk 
concentration data, the ingestion leaching data showed no particular temporal 
trend over the sampling campaign for Cr, Fe and Pb. However, ingestion 
leaching data for Cu generally appeared to increase from spring through to 
winter for both GI and GC conditions. Interestingly, the coarser size fraction 
leached more than the finer fraction in all conditions, with the exception of Cu 
under gastrointestinal conditions. One would typically expect the finer fraction 
to leach more due to its smaller surface area to volume ratio. It was observed 
that for Cr, Fe and Pb the GC conditions yielded higher bioaccessibility, while 
Cu was more bioaccessible in the GI conditions. In any condition, 
bioaccessibility for Cr and Fe was <2%, far lower than that of Cu and Pb which 
ranged from 7.9%-48.7% and 0.5%-21.5%, respectively. A large degree of 
variability is observed between samples in this study, this is also apparent in 
the published literature where reported bioaccessibility of Cu and Pb have 
ranged from 9%-40.9% and 5-25% respectively (Okorie et al. 2012; Poggio et 
al. 2009; Gbefa et al. 2010). Only Gbefa et al. (2010) investigated the 
bioaccessibility of Cr via the ingestion route: a median bioaccessible value of 
0.3% was quoted. There is no literature available on the bioaccessibility of Fe 
from RD via the ingestion route.  
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Figure 4-29 shows that bioaccessibility of Pb via GC ingestion route is elevated 
in the 125-63 µm fraction, this is also somewhat the case for the 63-38 µm 
fraction. This could possibly be attributed to the increased quantities of PbCrO4 
and PbCrO4.PbO particles in these samples, as determined by CC-SEM-EDX 
data on the secondary constituents of particles outline in section 4.4.1.2. 
PbCrO4 has a small Ksp value of 2.3 x 10-13 (molar solubility 4.8 x 10-7) and is 
therefore insoluble in water. Under the acidic conditions of the GC solution, 
however, the solubility would likely increase because of the common ion 
effect, whereby the weak base, chromate, will hydrolyse to form HCrO4- (Kb = 
2.7 x 10-8, pKb = 7.57), this will evidently shift the solubility equilibrium to the 
right with the solubility increases from 4.8 x 10-7 mol l-1 to 6.8 x1 0-3 mol l-
1. Accordingly, this could account for the increased Pb leachate concentration 
in the coarser fractions of RD exposed to the GC condition, as the secondary 
constituent CC-SEM-EDX data has shown that a larger number of PbCrO4 
particles exist in these fractions. It doesn’t, however, explain why the Cr 
bioaccessibility is so low across all samples and size fractions. This is another 
example of the complex nature of RD particles in biological fluids which was 
raised in section 4.8.1. 
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Figure 4-29: Percentage bioaccessibility of each fraction via GC ingestion route leaching
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Figure 4-30: Percentage bioaccessibility of each fraction via GI ingestion route leaching 
 
Section 4-8 has allowed for the bioaccessible quantities of Cr, Cu, Fe and Pb 
to be established. In line with the aims of this study, the task is now to risk 
assess these concentrations using a novel risk assessment protocol. 
4.9 Risk Assessment 
Data for the risk assessment portion of this study was handled as stated in 
Section 3.7. To reiterate, only the ingestion and inhalation routes were 
included in the risk assessment, non-carcinogenic average daily doses via 
these routes for each PHE were calculated from equations 4-2 and 4-3. A 
hazard quotient (HQ) is then calculated for each PHE via each route by 
dividing ADDs by a reference dose (RfD), bespoke for each element, this is 
displayed in equation 4-4. Hazard quotients are then summed to produce a 
hazard index (HI) for each given element. Carcinogenic risk via a lifetime 
average daily dose (LADDinh) was also calculated for Cr inhalation using 
equation 4-5. The cancer risk is then calculated by multiplying the LADDinh by 
a cancer slope factor (CSF), as displayed in equation 4-6. Parameters for each 
of these equations are displayed in table 4-13. 
Equation 4-2: Average daily dose of a pollutant via ingestion route. 
𝐴𝐷𝐷𝑖𝑛𝑔 =




Equation 4-3: Average daily dose of a pollutant via inhalation route. 
𝐴𝐷𝐷𝑖𝑛ℎ  =  













Equation 4-5: Lifetime average daily dose for carcinogens via the inhalation route 
𝐿𝐴𝐷𝐷𝑖𝑛ℎ  =  
𝐶 × 𝐸𝐹 × ([𝑇𝑆𝑃])
 𝐴𝑇
× (
𝑅𝑖𝑛ℎ 𝑐ℎ𝑖𝑙𝑑 ×  𝐸𝐷𝑐ℎ𝑖𝑙𝑑
𝐵𝑊𝑐ℎ𝑖𝑙𝑑
+  




Equation 4-6: Cancer risk as determined by a lifetime average daily dose and cancer slope 
factor. 
𝐶𝑎𝑛𝑐𝑒𝑟 𝑟𝑖𝑠𝑘 = 𝐿𝐴𝐷𝐷𝑖𝑛ℎ  × 𝐶𝑆𝐹 
 
Table 4-13: Parameters for average daily dose and lifetime average daily dose calculations. 





AT Average Time 
(days) 
365 x ED 365 x ED This study 
BW Body Weight (kg) 84 21 Potgieter-
Vermaak et 
al. 2012 










CF Conversion factor 
(kg/mg) 
1 x 10-6 1 x 10-6  
ED Exposure duration 
(years) 




350 350 This study 
Ring Ingestion rate 
(mg/day) 
200 100 USEPA 1989 
Rinh Inhalation rate 
(m3/day) 
20 5 Du et al. 2014 
TSP RD derived Total 
suspended 
particles (kg/m3) 
5.76 x 10-8 5.76 x 10-8 Brown et al. 
2015 
 
The concentration of each metal inserted into the LADDinh and ADDinh 
equations were the average leached concentrations for each metal over the 
two-year sampling campaign. This was considered the best representation of 
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the average bioaccessible concentration of metal over the chronic exposure 
duration detailed in Table 4-10. The Cr (VI) quantification results reported in 
section 4.5 also show that there is uncertainty regarding the amount of Cr (VI) 
which makes up the total concentration of Cr in RD, therefore the same 
concentration was used for Cr in the LADDinh equation. However, because of 
the acknowledged contention in literature over the size of particle which is 
most representative of those which can be ingested, a worst-case scenario 
approach was adopted. For each metal, the fraction with the highest average 
concentration over the two-year campaign was selected for the ADDing 
equation.  
Hazard index values for each of the four metals are displayed in Tables 4-14 
and 4-15 for adults and children respectively. It can be observed from Tables 
4-14 and 4-15 that even with the worst-case scenario approach, there are no 
metals that present a significant non-carcinogenic risk, but the results do show 
an elevated risk to children in comparison to adults. Similar approaches to risk 
assessment on the total concentration of RD have yielded similar insignificant 
risk (Du et al. 2014). However, these studies overestimate the actual 
exposure. There are results from two studies which risk assess the 
bioaccessible fraction of an exposure route available, both studies show 
incomplete data and have not considered appropriate bioaccessibility tests on 
the two main exposure routes, as in this study (Huang et al. 2016; Li et al. 
2015). Both these studies, show insignificant non-carcinogenic risk.  
Table 4-14: HI values for adults. 
 Cr Cu Fe Pb 
HI 8.6 x 10-3 1.0 x 10-2 6.2 x 10-4 1.7 x 10-2 
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Table 4-15: HI values for children 
 Cr Cu Fe Pb 
HI 1.49 x 10-2 1.82 x 10-2 1.22 x 10-3 3.45 x 10-2 
 
While the hazard index equations showed that there was no non-carcinogenic 
risk due to Cr, Cu, Fe and Pb, the cancer risk as calculated from equations 4-
5 and 4-6 produces a figure of 1.9 x 10-5. This shows that there is a cancer risk 
associated with the bioaccessible concentrations of Cr in these samples of 
RD, as the figure is greater than 1 x 10-6 (Ferreira-Baptiste and De Miguel 
2005; Chen et al. 2014; Singh and Gupta 2016; Samiksha et al. 2017; Masto 
et al. 2017). This cancer risk for chromium exposure here exceeds values 
quoted in literature for soil and dust (Masto et al. 2017) and RD (Ferreira-
Baptiste and De Miguel 2005; Chen et al. 2014). Cancer risk due to chromium 
exposure has been reported higher than the figure obtained in this study on 
PM1 samples (Singh and Gupta 2016) as well as PM10 and PM2.5 samples 
(Samiksha et al. 2017) both studies reported findings from India. The reason 
this study reports high Cr carcinogenic risk despite inputting a relatively low Cr 
concentration, is because of the modification to the LADDinh equation used in 
this study, as motivated in the literature review section 2.8. The other studies 
reported here use the particle emission factor (PEF) component in the LADDinh 
equation which is believed to underrepresent the number of particles available 
to inhalation.  
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4.10  Key Findings from Sections 4.7, 4.8 and 4.9: A Short Conclusive 
Summary 
Sections 4.7, 4.8 and 4.9 have covered the appropriate particles to use for 
inhalation bioaccessibility studies, then executed this for Cr, Cu, Fe and Pb, 
along with ingestion bioaccessibility of these metals and a final risk 
assessment. This section covers the key findings from these phases of study 
in a manner to keep the reader apprised with reference to the original aims of 
the study. They also serve to inform the final chapters of this document. Based 
on the results of sections 4.7, 4.8 and 4.9 section we can conclude: 
• The <38 µm fraction of RD can be used as an appropriate proxy for the 
portion of RD which is inhalable, as determined by the analysis carried 
out in section 4.7 
• The respiratory route is the more efficient route of metal bioaccessibility 
according to these in vitro studies, where Cu and Pb are particularly 
bioaccessible in ALF. 
• A large variation in bioaccessibility of Pb is observed across different 
fraction sizes via the gastric route. This potentially indicates that the 
form in which lead is present may play a role on bioaccessibility. CC-
SEM-EDX analysis indicates that a larger portion of PbCrO4 correlates 
to greater Pb bioaccessibility in the coarser fraction of RD. This, 
however, fails to explain other trends we see in the data and ultimately 
shows the complexity of studies of this nature. 
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• The risk assessment shows no significant non-carcinogenic risk 
associated with Cr, Cu, Fe and Pb. It does, however, show a significant 
chronic carcinogenic risk associated with Cr at these concentrations.  
So far, this results section has covered the first three aims outlined in chapter 
1, “to gain a comprehensive understanding of the metal composition of 
individual inhalable and ingestible RD particles”, “to elucidate the 
bioaccessibility of inhalable and ingestible particles” and “develop an 
appropriate risk assessment methodology for RD by modifying existing 
approaches”. This process has produced results which indicate some support 
for the hypothesis as outlined in chapter 1, “the chemical form in which metals 
are present in environmental particles is the main factor determining its fate in 
the environment and humans”, however, evidence is inconsistent and the 
similarity of the samples analysed up until now make it difficult to conclusively 
support this hypothesis. The next chapter addresses this shortcoming in the 
form of a case study, by looking specifically at Hg concentrations in RD from 





Case study: Component-Specific 
Toxicity of Hg in Various Urban Road 
Dusts 
One of the principal conclusions drawn from the results presented 
in chapter 4 is that the bioaccessibility of metals within road dust 
(RD) is often independent of bulk concentration. It has been shown 
within this study that the form in which minerals are found has a 
significant influence on the concentrations which are able to leach 
into biological fluids. This finding ultimately underlines the 
necessity to conduct site-specific in-depth analysis of RD, to 
determine the concentration, chemical structure and speciation of 
the metals’ occurrence in this matrix. Therefore, rather than simply 
assuming that higher bulk concentrations equate to more significant 
potential human health concerns, the leaching potential of the 
metal / element in its specific form (for example as a mineral), 
should be investigated. To that end, one element, mercury, was 
selected to display this hypothesis. As this is a case study, this 
chapter will be presented in the format of a scientific article, 
containing its own introduction and experimental sections, contrary 
to chapter 4, which reported on the Oxford Road, Manchester, UK 
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samples only. The case study shows an investigation of the total 
and bioaccessible mercury concentrations in RD from three 






Mercury pollution is of particular interest because of its documented effects to 
human health and particularly children in utero (Maramba et al. 2010). 
Neurological and behavioural disorders are commonly observed as a result of 
mercury inhalation (Hsi et al. 2014; Sondreal et al. 2004). Geological studies 
indicate that the naturally occurring crustal abundance of Hg is 20-60 µg kg-1 
(Kabata-Pendias and Mukherjee 2007), however there is a significant 
anthropogenic input worldwide, with major sources including fossil fuel 
combustion, metal production and mining, cement production and various 
other industries (Mahub et al. 2017). Mercury in these anthropogenically 
contaminated areas is mostly present as elemental mercury vapour with 
studies showing a range of 75-99% abundance, with the remainder being 
present as methyl mercury and the less abundant inorganic mercury (WHO 
1990; EC 2001). Accordingly, the Environment Agency (U.K) has set soil 
guideline values of 1.0 mg kg-1 for elemental mercury in residential soils 
(Environment Agency 2009). There is, however, evidence to suggest a more 
realistic guideline for chronic toxicity is 130 µg kg-1 (Tipping et al. 2010) 
Because of these publicised effects, many studies quantify total mercury in RD 
to assess possible health implications. There is a large body of research on 
the topic from China, where concentrations in RD have been observed as high 
as 600 µg kg-1 in Xi’an, using Cold Vapour Atomic Absorption Spectroscopy 
(CVAAS). Han et al. (2006) reported concentrations of 120 µg kg-1 in Nanjing, 
using ICP-MS (Hu et al. 2011), while Huang et al. (2014) report 220 µg kg-1 in 
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Guangzhou using ICP-MS. There have also been several published papers 
quantifying Hg in other parts of the world. Londonio et al. (2012) found Hg 
concentrations as high as 1.06 mg kg-1 in Buenos Aires, Argentina using 
CVAAS. In Matsumoto, Japan, concentrations of Hg in road dust have been 
observed as high as 26 µg kg-1 (Ozaki et al. 2004) and Rodrigues et al. (2014) 
reported 2.2 mg kg-1 in southern Portugal using thermal decomposition atomic 
absorption spectroscopy in conjunction with a gold matrix modifier.  
Based on the results of these studies, inferences have been made on the 
possible detrimental effects to human health. The ability of mercury to become 
accessible to the human body, however, is seldom considered. It is evident 
from the literature cited previously, that mercury levels in RD are site-specific. 
It is hypothesize that not only is bulk concentration site-specific, but that the 
bioaccessibility is as well, and the leaching profile onto artificial body fluids is 
not necessarily correlated with the bulk concentration. To test this hypothesis, 
RD were collected from three different international urban sites, Manchester 
(U.K), Curitiba (Brazil) and Johannesburg (South Africa). These three sites 
were selected for their diversity of pollutant sources. Mercury pollution in 
Johannesburg is well documented because of its notoriety as a by-product of 
the gold mining industry (Lusilao-Makiese et al. 2013; Gichuki and Mason 
2013). Bleach production and the textile industry in the 1960s in Manchester 
has been linked with residual mercury pollution (Vane et al. 2009; Ngeutseng 
et al. 2015). The river Mersey in Manchester still has high mercury 
concentrations present in water and river sediments (Harland et al. 2000; 
Ngeutseng et al. 2015). Mercury pollution in Curitiba is most likely to originate 
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from the coal burning power stations of southern Brazil (Ancora et al. 2015; 
Da Costa et al. 2015; Rodriguez-Iruretagoiena et al. 2015). Representative 
aliquots of each RD were acid digested and Hg concentrations were analysed 
using CVAAS. Simultaneously, aliquots of each RD sample were exposed to 
artificial lysosomal fluid (ALF), where the resultant leachates were also 
analysed using CVAAS. Following this method allows for bioaccessibility via 
the inhalation route to be elucidated. It was deemed appropriate to only study 
the inhalation route, because it is believed that this is the most appropriate 
exposure route (Environment Agency 2009), but also because of equipment 
limitations where the lab work took place in Johannesburg.  
5.2  Experimental Methodology 
5.2.1 Sampling Protocol  
Sampling took place at three urban sites, namely Manchester, Curitiba and 
Johannesburg. Each site was selected for being well trafficked by motor 
vehicles and pedestrians and the locations are shown in figures 5-1, 5-2 and 
5-3. In line with the aim of this case study, sampling of RD was based on the 
method described in section 3.1 in order to keep the sampling protocol 
consistent. Samples were also size fractioned in the manner described in 
section 3.1, using sieves and a shaker. The sieves available in South Africa 
were different, however, therefore RD from the Johannesburg site was 
fractioned into samples <50µm and 100-50µm. Sampling took place in Curitiba 
during August 2014, during a research visit, and for the purpose of this 
investigation, it is designated as a winter sampling campaign because of the 
site location within the southern hemisphere. Similarly, the sampling campaign 
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in Johannesburg occurred during austral winter. The sample from Manchester 
was collected in winter 2014-15.  
 










Figure 5-3: Johannesburg sampling site, indicated by the black dot, within South Africa and 
within Johannesburg. 
 
5.2.2 Acid Digestion Technique 
Samples were analysed in triplicate for total mercury using an aqua regia and 
hydrofluoric acid method described in United States Environmental Protection 
Agency method 3052 (USEPA 1996c). The method suggests exposure of 0.25 
g of sample to reagent grade HNO3, HCl and HF in the ratio of 9:3:1 (v/v/v) in 
PTFE vessels. The mixture was then heated using a Perkin Elmer, Multiwave 
3000 microwave at 800 W for 30 min, followed by 600 W for 20 min. Samples 
were then allowed to cool at room temperature before addition of HBO3 (6 ml 
per 1 ml of HF) to precipitate excess fluoride, preventing secondary reactions. 
Samples were then syringe filtered before analysis using CVAAS. In addition 
to the samples, a highly enriched mercury containing certified reference 
material (CRM) (ERMCC580-Esturin sediment) was also digested in triplicate 
and analysed in the same manner.  
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5.2.3 Bioaccessibility Testing  
Bioaccessibility testing was carried out in the same protocol described in 
section 3.6.1, whereby 15 ml of ALF with 0.15 g aliquots of each RD sample 
were used. Triplicate aliquots of each RD sample were extracted.  
5.2.4 Cold Vapour Atomic Absorption Spectroscopy 
A PerkinElmer FIMS 400 Flow Injection Mercury System with a PerkinElmer 
AAnalyst 200 atomic absorption spectrometer and AS-91 auto sampler was 
used to quantify mercury. The process injects the 500 µl of sample into a 
reaction vessel, along with 1.1 % (m/v) SnCl2 in 3 % (v/v) HCl as a reducing 
agent, to ensure all Hg is in the 0 oxidation state (Harris 2016). The reaction 
vessel is then purged with Ar to liberate all gaseous Hg. The mercury vapour 
and Ar carrier gas continue through the system to a 15 cm quartz tube with a 
hollow cathode lamp (190 mA lamp current, 0.7 nm slit width, 253.7 nm 
wavelength of radiation) at one end, and a solar-blind detector at the other. 
Concentration of samples is determined relative to standards. In each set of 
analysis, matrix matched standards of 0, 1, 2, 5 and 10 µg L-1 were used, both 
times regression line >0.99 was achieved. To ensure no drift in instrument 
detection took place, quality control standards of 0.5 and 1 µg L-1 were 
analysed every ten samples, recovery was consistent, between 94% and 99% 
in all cases. In addition to this, the CRM was analysed at the end of each 
analyses, giving a mean recovery for the CRM replicates of 99.0%, with RSD 
(%) of 3.70. Limit of detection for this instrumentation was found to be 0.0152 
µg L-1 based on the seven blanks of ALF and 0.0095 µg L-1 based of seven 
blanks of the acid digestion solution. 
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5.3  Results  
5.3.1 Bulk Hg Concentrations 
Bulk mercury concentrations are displayed in figure 5-4 as median values with 
interquartile range and in table 5-1 with median and %RSD. Mercury 
concentrations for the Curitiba site showed comparable concentrations in the 
<38 µm and 63-38 µm fractions, with median values of 94 µg kg-1 and 95 µg 
kg-1, respectively. The 125-63 µm fraction was significantly less enriched, with 
a concentration of 41 µg kg-1. A similar pattern was observed with the 
Manchester samples, where the <38 µm and 63-38 µm fractions were similar, 
with medians of 190 µg kg-1 and 139 µg kg-1, respectively; again the larger 
fraction was significantly less enriched with a median concentration of 67 µg 
kg-1. The Johannesburg sample showed significantly higher concentrations in 
the finer fraction relative to the coarser fraction, with concentrations of 482 µg 
kg-1 and 117 µg kg-1, respectively. This large difference between the fractions 
is not observed in the Curitiba or Manchester samples, which implies that the 
Hg source or RD matrix has an influence on Hg distribution in RD. Each site 
shows significant enrichment relative to reported worldwide background 




Figure 5-4: Box plots denoting the median acid soluble concentrations of Hg as determined 
by CVAAS for each sampling location and size fraction (where Cur = Curitiba, Man = 
Manchester and Joh = Johannesburg). 
 
Table 5-1: Acid soluble concentrations of Hg as determined by CVAAS for each sampling 



























(µg kg-1)  
93.91 95.44 40.56 189.75 139.49 67.95 482.31 117.37 
%RSD 24.62 49.91 22.33 16.78 27.67 102.59 8.61 10.30 
 
Table 5-2 summarises published concentrations of mercury in RD and the 
fraction size analysed. The concentrations found in the samples in this study 
were generally in the same range, perhaps slightly less concentrated than 
those found worldwide. It is noteworthy, however, that all of these studies only 
included one size fraction which was generally larger than those from this 

































































could be significantly more enriched than reported if enrichment increases with 
decreasing size fraction, as demonstrated by this study.  
Table 5-2: Literature reported Hg concentrations from international sites, along with 
appropriate grain size fraction. 
Citation [Hg] µg/kg Grain size Location 
Han et al. 2006 600 <1000 µm China 
Hu et al. 2011 120 <63 µm China 
Huang et al. 2014 220 <100 µm China 
Londonio et al. 2012 1060 <1000 µm Argentina 
Ozaki et al. 2004 26 <2000 µm Japan 
Rodrigues et al. 
2014 




5.3.2 Artificial Lysosomal Fluid Leaching Concentrations of Hg 
Leached and total concentrations of Hg are displayed by site in figure 5-5. This 
figure contains a break on the Y-axis to better present the portion of Hg that 
leaches. It can be observed from figure 5-5 that the total leaching 
concentration is significantly higher in the Manchester samples than that of the 
other two sites. It is also observable that the Hg concentration of the leachates 
is more enriched in the finer fractions for both the Manchester and the 
Johannesburg samples. This is not the case for the Curitiba samples, where 
the 63-38 µm fraction shows the most leaching in terms of absolute 
concentration. The leached concentrations of Hg in the 125-65 µm fraction of 
the Curitiba sample is missing from the figure, as the concentrations were 
found to be below the limit of detection for each replicate. 
For the remainder of this results section, Hg concentrations will be referred to 
in the context of bioaccessibility as a percentage. Bioaccessibility described in 
detail in section 2.6 of this document, in the context of this case study, it is the 
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concentration of Hg able to leach into ALF over the total concentration in each 
sample displayed as a percentage. Bioaccessibility of Hg from each sample is 
displayed in figure 5-6 and table 5-3. Table 5-3 includes standard deviation, 
which is determined by propagation of errors (Miller and Miller 2005), a 
concept which has been described in section 4.7.3 of this document. Leached 
Hg concentration in the 125-63µm fraction of the Curitiba site was found to be 
below the limit of detection for each replicate, this has been signified in table 
5-3 using the symbol <LOD. 
Bioaccessibility results from this study show an interesting trend whereby the 
Manchester samples, of which 4.87-8.4% leached, are significantly more 
bioaccessible than those of Curitiba and Johannesburg, 0-0.88% and 0.32-
0.33%. This would suggest that Hg is present in a different form in the 
Manchester samples. Under the slightly acidic conditions of the ALF, a higher 
bioaccessibility of Hg indicates that there may be more HgS and HgO present. 
The relative insolubility of Hg in the Curitiba and Johannesburg samples could 
potentially indicate the prevalence of Hg0 and Hg-organic species (Bloom et 
al. 2003). In support of this, Malehase et al. 2016 have shown that Hg (0) 
prevails in mine tailings in Johannesburg, which can ultimately pollute RD. In 
the context of toxicity to humans, literature confirms the toxicity of mercury in 
the form of organic compounds, inorganic compounds and elemental mercury 
(Sysalova et al. 2017; Mahub et al. 2017). There is, however, evidence to 
suggest the effects of organic and elemental mercury are more potent (Lohren 
et al. 2015).  
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Referring back to the results of this study, when comparing size fractions within 
the same sampling location, the <38 µm and 63-38 µm fraction of RD from 
Curitiba had similar bioaccessibility (0.70 and 0.88%). Similarly, the two size 
fractions from the Johannesburg samples were comparable in terms of 
bioaccessibility (0.32 and 0.33%). This would suggest that in both cases, 
mercury is found in the same form and that corresponding RD matrix has no 
influence on this. Bioaccessibility in the 125-63 µm Curitiba samples was 
found to be below the detection limit, which suggests that either the form in 
which the mercury is present differs from the two finer fractions from the same 
site or the RD matrix is different within this larger fraction. It is documented 
that when Hg2+ or Hg0 is introduced to a soil, the organic and inorganic content 
of the soils plays a significant role in dictating the form in which Hg is then 
found (Obrist et al. 2011; Grangeon et al. 2012). It is likely that a similar 
process occurs within RD and changes in mineral abundance between size 
fractions can result in this. In support of this possibility, the individual particle 
analysis section in chapter 4 of this document highlights the fact that changes 
in mineral abundance do occur between size fractions. 
Studies in academic literature on bioaccessibility of Hg via the inhalation route 
are sparse. There are currently two studies published which explicitly quote 
concentrations of leachates or bioaccessibility. Both of these studies, 
however, have different experimental designs to this, which makes 
comparisons slightly difficult. Huang et al. (2014) published bioaccessibility of 
Hg in lung serum at 20.66%. This study, however, only used the <2.5 µm 
portion of RD and there is no quoted pH for the lung serum. Rodrigues et al. 
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(2014) quote a bioaccessibility figure of 4.1% for Hg from urban soil <250 µm 
using Gamble solution.  






Figure 5-6: Dot plot denoting the bioaccessible concentrations of Hg for each sampling 
location and size fraction (where Cur = Curitiba, Man = Manchester and Joh = 
Johannesburg). 
Table 5-3: bioaccessibility of Hg for each sampling location and size fraction (where Cur = 


























(%)  0.70 0.88 <LOD 5.94 4.87 8.40 0.32 0.33 





The results of this study conclude that the bulk concentration and 
bioaccessibility of Hg varies significantly site to site. This has been 
demonstrated by the large observed differences in bulk and bioaccessible 
concentrations of Hg between the three sites. This is particularly evident while 
comparing the difference in bioaccessibility between the Manchester site and 












































































bioaccessibility is up to an order of magnitude greater in the Manchester 
samples. The results obtained here would suggest that the source of Hg at 
each site has a large influence ultimately on the bioaccessibility of Hg.  
The second interesting conclusion is that the results indicate that the RD 
matrix present at each site also has an influence on the form which Hg is 
present and this is manifested in this study by differences in bioaccessibility 
between size fractions at the Curitiba site. It can be seen in the results section 
of this case study that the bioaccessibility of Hg in the two finer fractions from 
the Curitiba site are 0.70% and 0.88%, however the larger size fraction 
leached no measurable quantity of Hg. It has been demonstrated in several 
studies that the mineral composition of soils has an influence on the Hg 
species found. This study is the first to show this influence within RD and 
indeed within different size fractions of RD from a single site.  
The two key conclusions of this case study support the necessity to examine 
metal concentrations on a site-by-site basis, because it is the form in which a 
metal is present, which ultimately dictates its potential harm to human health. 
This case study also presents the importance of examining metals in terms of 
their mobility in biological fluids, in addition to simply obtaining concentrations. 
Based on these conclusions, this case study supports the findings from 
chapter 4 of this document and has successfully completed the final aim from 
chapter 1, supporting the hypothesis outlined there also. 
The next chapter of this document serves as a final summary of this study, 
bringing together the findings from chapter 4 as well as this one to show how 
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This chapter summarises the findings of this study in the context of 
the hypothesis, showing how the aims and objectives outlined in 





It was hypothesised in chapter 1 that the chemical form in which metals are 
present in environmental particles is the main factor determining its fate in 
the environment and humans. The aims set out to test this hypothesis were 
“to gain a comprehensive understanding of the metal composition of 
individual inhalable and ingestible RD particles”, “to elucidate the 
bioaccessibility of inhalable and ingestible particles”, “develop an 
appropriate risk assessment methodology for RD by modifying existing 
approaches” and “to apply such methodologies to a case study of the 
human inhalation exposure to Hg in RD in three cities around the world”. 
Chapters 4 and 5 of this document have addressed these aims, in the 
process summarising findings along the way, in a conclusive manner. 
These findings are now reiterated as follows: 
• Moisture content of RD is more affected by temperature than rainfall, 
however there is a relationship between both moisture and 
temperature. This washout could possibly contribute to the observed 
lower metal concentrations in winter months. The enrichment observed 
in the summer months, however, along with the drier and more easily 
resuspended particle indicates a potentially high risk to human health. 
The reported seasonal variation in metal concentrations presented in 
this study is a novel contribution to the field 
• Bulk metal concentrations of metals are enriched in the finer fractions 
of RD. The exception here being Cr, where the concentrations vary little 




• Bulk metal content of RD is site dependant. Based on the comparison 
of this study with other published literature, it is implied that there is a 
large influence from anthropogenic sources. 
• CC-SEM-EDX and Raman Spectroscopy techniques produce similar 
results to show that RD is mainly comprised of silicates, though the 
concentration of these vary with fraction size, where the finer fraction 
appears to be more enriched with metal components. This is reflected 
in the primary clusters analysis from the CC-SEM-EDX, where trace 
metal rich particles were the second most abundant class. This plays 
an important role in the toxicity profile of RD 
• CC-SEM-EDX results show that the form in which metals are present 
in particles varies with particle size, but not so much seasonally.  
• The CC-SEM-EDX analysis also concluded that Cr containing particles 
were largely composed of K2Cr2O7 in the <38 µm fraction, Cr goethite 
in the 63-38 µm fraction and PbCrO4 and Cr2O3/Cr(OH)3/Cr as a free 
metal in the 125-63 µm fraction. This was exhibited using a novel 
approach to CC-SEM-EDX data analysis. 
• This analysis also concluded that Cu particles were mainly organic Cu 
in all fractions, particularly the <38 µm fraction. Copper sulphide was 
also observed in most samples across all fraction sizes. Copper 
arsenate was observed in the 63-38 µm and 125-63µm fractions. Its 
presence was also confirmed by Raman Spectroscopy.  
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• CC-SEM-EDX analysis confirmed presence of Pb particles as mostly 
PbO/Organic Pb in the finer fraction of RD, with PbMnO4 and PbCrO4 
more abundant in the 63-38 µm and 125-63µm fractions.  
• The Raman Spectroscopy analysis in this study was unable to provide 
characterisation of all the compounds proposed in the CC-SEM-EDX 
secondary constituents section 4.4.1.2. It is believed that the difficulty 
of obtaining spectra from inclusions on particles contributed to this. 
Completing Raman Spectroscopy analysis on size segregated RD 
particles in conjunction with CC-SEM-EDX is presented here as a novel 
approach. 
• The Raman spectroscopy showed the presence of several, large 
PbCrO4 particles. The sporadic observation of these particles may 
explain the Cr (VI) distribution observed in the chromium (VI) 
quantification section 4.5. In that section, concentrations of Cr (VI) 
varied significantly, even between extractions of the same samples. 
• The <38 µm fraction of RD can be used as an appropriate proxy for 
most metals in the portion of RD which is inhalable. This data produced 
in this manner is novel. 
• The respiratory route is the more efficient route of metal bioaccessibility 
according to these in vitro studies, where Cu and Pb are particularly 
bioaccessible in ALF. 
• A large variation in bioaccessibility of Pb is observed across different 
fraction sizes via the gastric route. This potentially indicates that the 
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form in which lead is present may play a role on bioaccessibility. CC-
SEM-EDX analysis indicates that a larger portion of PbCrO4 correlates 
to greater Pb bioaccessibility in the coarser fraction of RD. This, 
however, fails to explain other trends we see in the data and ultimately 
shows the complexity of studies of this nature. 
• The risk assessment shows no significant non-carcinogenic risk 
associated with Cr, Cu, Fe and Pb. It does, however, show a significant 
chronic carcinogenic risk associated with Cr at these concentrations.  
• The Hg case study shows a large difference in the bioaccessibility of 
Hg from three different international samples. It is reasoned that the 
form in which Hg is present in these three different sites is the reason 
for the observed differences in bioaccessibility. This is the first study to 
present findings of this nature from different international sites.  
This summary of findings shows a depth of knowledge on the topic of RD 
has been obtained by this study. To approach the hypothesis directly, 
results from in vitro studies presented in chapter 4 have shown that the 
bioaccessibility of Cr, Cu, Fe and Pb vary in different RD samples. A novel 
approach to individual particle analysis, also presented in chapter 4, shows 
that the compounds in which these metals are found in also vary across 
these samples. The nature of this data therefore indicates that there is 
somewhat of a relationship between the form in which these metals are 
found, and the bioaccessibility thereof. Further proof of this concept is 
provided I chapter 5, where a case study on Hg in RD showed that the form 
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in which Hg was present had a profound effect on the bioaccessibility in 
lung fluid.  
Based on this summary, it is the belief of the author that the novel 
approaches to analysis and data handling have fulfilled the aims of this 
study to the appropriate level of quality for a PhD thesis. Despite this, there 
are several aspects of this topic which remain unanswered and require 
merit future study, for further advancement of this area of science.  
Firstly, a different approach to a supplementary technique for the 
speciation of Cr, Cu, Fe and Pb. Perhaps use of XANES, or a way to 
improve the resolution of Raman Spectroscopy. This will conclusively 
prove what species of Cr, Cu, Fe and Pb are present in these RD samples. 
Secondly a more robust and in-depth approach to in vitro studies could be 
utilised. It is the opinion of the author that the approach used in this study 
is appropriate for a good estimation of the bioaccessibility of metals, 
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Appendices 
Appendix A: Supplementary Data 
 
Al As Cd Co K Ni S Zn 
Sp 2013 9210  1.57 1.67 10.2 1150 39.8 1870 560 
Sum 2013 14100 0.76 2.15 13.0 2600 49.8 3870 687 
Aut 2013 14500 3.26 1.75 14.2 2220 53.5 2900 732 
Win 2013/2014 12000 3.12 1.32 11.0 1580 45.0 2650 701 
Sp 2014 13400 3.61 1.53 12.9 1750 50.7 2550 720 
Sum 2014 13500 4.03 1.65 15.2 1500 63.1 2270 1040 
Aut 2014 13500 4.09 1.33 12.8 1990 56.5 2510 878 
Win 2014/2015 13400 2.42 1.00 10.9 2000 42.7 3030 610 
Table A-1: Mean bulk metal concentrations (mg kg-1) in <38µm fraction of RD as determined 
by ICP-OES  
 
 
Al As Cd Co K Ni S Zn 
Sp 2013 9770 1.18 1.68 10.9 1110 43.1 1770 478 
Sum 2013 10600 1.07 2.04 11.2 1470 48.6 3100 550 
Aut 2013 11800 2.89 1.35 12.4 1530 54.5 2500 584 
Win 2013/2014 10700 3.09 3.26 11.1 1290 50.9 2300 579 
Sp 2014 9950 2.80 1.26 10.7 1170 47.0 2010 515 
Sum 2014 11300 3.15 1.34 12.9 1170 62.2 2090 716 
Aut 2014 9850 3.59 1.16 11.3 1200 53.2 2290 708 
Win 2014/2015 11800 5.65 0.91 9.38 1720 58.2 2450 583 
Table A-2: Mean bulk metal concentrations (mg kg-1) in 63-38µm fraction of RD as 
determined by ICP-OES  
 
 
Al As Cd Co K Ni S Zn 
Sp 2013 6070 0.68 1.32 8.28 519 36.9 1120 254 
Sum 2013 7130 0.92 1.53 8.82 747 44.3 1720 329 
Aut 2013 6450 2.30 0.95 9.35 350 43.3 1480 318 
Win 2013/2014 6260 1.79 4.06 7.65 276 39.5 1330 247 
Sp 2014 7536 2.83 1.60 7.55 780 37.7 1430 314 
Sum 2014 8370 2.48 1.24 9.37 807 49.2 1580 400 
Aut 2014 7560 2.78 1.04 8.27 694 48.4 1740 417 
Win 2014/2015 8400 1.57 1.36 7.43 918 34.4 1710 332 
Table A-3: Mean bulk metal concentrations (mg kg-1) in 125-63µm fraction of RD as 
determined by ICP-OES. 
  
  
 Cr Cu Fe Pb 
Sp 2013 14.1 175 5220 95.8 
Sum 2013 16.0 236 5310 131 
Aut 2013 20.6 285 7370 153 
Win 2013/2014 17.1 260 5760 122 
Sp 2014 16.1 210 6000 111 
Sum 2014 21.5 431 8130 184 
Aut 2014 17.4 343 5720 128 
Win 2014/2015 14.3 246 5460 82.7 
Table A-4: Mean ALF leachate concentrations (mg kg-1) in <38 µm fraction of RD as 
determined by ICP-OES. 
 
 Cr Cu Fe Pb 
Sp 2013 <LOD 74.9 <LOD 0.884 
Sum 2013 <LOD 116.9 <LOD 1.36 
Aut 2013 <LOD 129.7 <LOD 0.799 
Win 2013/2014 0.127 131.2 1.97 1.19 
Sp 2014 <LOD 77.1 <LOD 1.14 
Sum 2014 <LOD 204 4.55 1.30 
Aut 2014 <LOD 20 <LOD 1.14 
Win 2014/2015 0.546 167 <LOD 1.06 
Table A-5: Mean GI leachate concentrations (mg kg-1) in <38 µm fraction of RD as 
determined by ICP-OES. 
 Cr Cu Fe Pb 
Sp 2013 <LOD 68.7 1.25 0.970 
Sum 2013 <LOD 91.5 0.000 1.30 
Aut 2013 0.062 112 5.36 1.47 
Win 2013/2014 0.203 115 16.3 1.97 
Sp 2014 <LOD 65.2 1.57 0.921 
Sum 2014 <LOD 135 18.1 1.66 
Aut 2014 <LOD 140 0.000 0.804 
Win 2014/2015 0.213 111 59.2 3.38 
Table A-6: Mean GI leachate concentrations (mg kg-1) in 63-38 µm fraction of RD as 
determined by ICP-OES. 
 Cr Cu Fe Pb 
Sp 2013 <LOD 40.0 8.70 1.26 
Sum 2013 <LOD 59.8 <LOD 0.624 
Aut 2013 0.216 71.6 <LOD 1.80 
Win 2013/2014 0.062 64.2 15.7 2.18 
Sp 2014 0.029 51.3 7.90 1.35 
Sum 2014 <LOD 73.4 <LOD 0.917 
Aut 2014 <LOD 76.6 <LOD 0.339 
Win 2014/2015 <LOD 54.3 5.00 1.33 
Table A-7: Mean GI leachate concentrations (mg kg-1) in 125-63 µm fraction of RD as 
determined by ICP-OES. 
 Cr Cu Fe Pb 
Sp 2013 0.010 28.5 6.55 1.25 
Sum 2013 0.043 67.1 6.82 1.48 
Aut 2013 0.084 78.1 11.1 1.15 
Win 2013/2014 0.320 63.2 25.9 1.55 
Sp 2014 0.089 30.3 13.0 1.36 
  
Sum 2014 0.646 97.3 71.5 2.81 
Aut 2014 0.073 101 2.48 1.52 
Win 2014/2015 0.917 80.8 38.9 1.82 
Table A-8: Mean GC leachate concentrations (mg kg-1) in <38 µm fraction of RD as 
determined by ICP-OES. 
 Cr Cu Fe Pb 
Sp 2013 0.085 23.5 54.4 1.74 
Sum 2013 0.067 54.8 70.9 2.70 
Aut 2013 0.067 77.7 1.97 1.09 
Win 2013/2014 0.643 56.3 74.5 2.87 
Sp 2014 0.426 27.7 146 1.88 
Sum 2014 1.21 109 240 10.7 
Aut 2014 0.118 75.9 11.8 1.46 
Win 2014/2015 1.24 68.2 169 4.61 
Table A-9: Mean GC leachate concentrations (mg kg-1) in 63-38 µm fraction of RD as 
determined by ICP-OES. 
 Cr Cu Fe Pb 
Sp 2013 0.90 35.3 34.2 1.15 
Sum 2013 0.34 32.2 57.0 1.59 
Aut 2013 0.72 39.9 107 2.95 
Win 2013/2014 1.02 68.5 220 16.6 
Sp 2014 1.12 36.7 339 16.9 
Sum 2014 1.52 74.1 513 26.0 
Aut 2014 0.51 43.0 105 2.90 
Win 2014/2015 1.62 50.2 328 16.5 
Table A-10: Mean GC leachate concentrations (mg kg-1) in 125-63 µm fraction of RD as 
determined by ICP-OES. 
Figure A-1: Yellow road marking spectrum shown here in blue as determined by DXR 
Raman, along with lead chromate reference spectra. 
 
  
Appendix B: Conference Contributions 
B.1 Poster presentation at the ECG atmospheric and environmental chemistry 
forum, University of Leicester 25th June 2012 
Bioaccessibility of the inhalable fractions of urban road dust. 
Sanja Potgieter-Vermaak1,2, Andrew Brown1, Judith Barret1, Rene Van Grieken3 
1Division of Chemistry & Environmental Science, Faculty of Science & Environment, Manchester 
Metropolitan University, Manchester, United Kingdom, s.potgieter@mmu.ac.uk. 
2Molecular Science Institute, School of Chemistry, university of the Witwatersrand, Johannesburg, 
South Afrika. 
3Department of Chemistry, University of Antwerp, Antwerp, Belgium, r.vangrieken@ua.ac.be. 
Abstract 
In-vitro and animal toxicological studies confirmed that the chemical composition of inhaled particles 
play a major role in its toxic, genotoxic and carcinogenic mechanisms, but the component-specific 
toxic effects are still not understood. Particle-bound airborne transition metals can also lead to the 
production of Reactive Oxygen Species in lung tissue; a special concern amongst particularly 
susceptible cohorts (children and elderly). The bioaccessibility of the fine fraction is evidently of 
importance for public health. Size-fractioned (<38, 38 – 63, 63 – 125 mm) road dust collected from 
one of the highest trafficked roads in the United Kingdom and believed to be one of the busiest bus 
routes in Europe, were characterised for its bulk elemental composition with EDXRF, ICP-OES and 
ICP-MS and its molecular composition with micro Raman spectroscopy. It was found that the fine 
fraction(< 38 μm) had the highest Pb (238 ppm) and Cr (171 ppm) concentrations. Concentrations of 
both Pb and Cr decreased substantially (279 (< 38 μm) – 13 ppm (<1mm); 171 (< 38 μm) – 91 ppm 
(<1mm), respectively) in the larger fractions. The MRS data showed that the Cr was mostly present as 
lead chromate and therefore in the Cr(VI) oxidation state. Apart from rather alarmingly high 
concentrations of oxidative stressors (Cu, Fe, Mn) obtained from the elemental analysis, the 
carcinogenic potential of the respirable fraction is evident from the MRS data. These same fractions 
underwent in-vitro testing to assess the mobility of toxic and carcinogenic components by leaching 
with artificial body fluids. Leachates were analysed for Cr, Cu, Zn, V, Pb, Mn, Cd, Fe, Ni, Al and As 
concentrations at time intervals from 1 hour to 8 weeks. In general, most of the elements leached in 
the ppb range and concentrations decreased with increase in particle size. Although the mobility in the 
artificial body fluids of the various elements varied, up to 19% Cr, 47% Pb and 87% Ni were released. 
Keywords: Road dust, respirable, bioaccessibility, artificial body fluid, toxicology. 
  
 
B.2 Oral presentation at the 5th MMU annual research conference, 25th April 
2013 
Bioaccessibility of the inhalable fractions of urban road dust. 
Andrew Brown1, Judith Barret1,Rene Van Grieken2 Sanja Potgieter-Vermaak1,3 
1Division of Chemistry & Environmental Science, Faculty of Science & Environment, Manchester 
Metropolitan University, Manchester, United Kingdom, 08258722@stu.mmu.ac.uk, 
s.potgieter@mmu.ac.uk. 
2Department of Chemistry, University of Antwerp, Antwerp, Belgium, r.vangrieken@ua.ac.be. 
3Molecular Science Institute, School of Chemistry, University of the Witwatersrand, Johannesburg, 
South Afrika. 
Abstract—An increasing number of studies have indicated the importance of chemical composition of 
airborne particles. In vitro studies are essential in understanding the component specific toxic effects 
of metals within inhalable particles; despite this they are seldom considered. Size-fractioned road dust 
collected from one of the highest trafficked roads in the United Kingdom, were characterised for its 
bulk elemental compositon. It was found that the fine fraction (< 38 μm) was enriched in most heavy 
metals, including Pb, Cr, Ni, Zn, Mn, Fe and V, amongst others. Concentrations of most of these 
elements decreased with an increase in particle size. These same fractions underwent in-vitro testing 
to assess the mobility of toxic and carcinogenic components by leaching with artificial body fluids at 
time intervals from 1 hour to 8 weeks. 
  
 
B.3 Poster presentation 30th International conference of the society of 
environmental geochemistry and health, Northumbria University, 1st-4th July 
2014 
In Vitro analysis of particulate output from a demolition site, Manchester 
Andrew Brown a*, Heather Robinson a Sanja Potgieter-Vermaak a 
Division of Chemistry & Environmental Science, Faculty of Science & Environment, Manchester 
Metropolitan University, Manchester. 
* Corresponding author. 
A large array of literature underlines the growing concern for the impact of particulate matter from 
anthropological sources in urban settings on human health1, 2. Particles of specific interest are those 
which gather as curb-side sediment poised to be pulverised and perturbed hence suspended by the 
action of vehicles making use of the road, road dust (RD)3. During the winter months 2012-2013 a 
large building was demolished in the centre of Manchester, the aim of this paper is to assess the 
changes in elemental composition of inhalable fractions of RD collected 20 metres from the 
demolition site. The initial sampling takes place in November 2012 approximately two weeks before 
demolition began, with the second sampling campaign taking place in May 2013, during the final 
stages of demolition. Consistent methodology was observed, approximately 10 kilograms of RD was 
collected using a clean polythene dust pan and brush. Samples were air dried and sieve fractioned, 
analysis took by ICP-OES following a microwave assisted HF digestion. Interestingly, results indicate 
that the heavy and trace metals were generally lower in concentration for the second sampling 
campaign, after demolition had taken place. Two notable exception being the silicon and aluminium 
portions, which increased in concentration by 7.4% and 20% respectively for the smallest fraction 
(<38µm), 5.9% and 56.7% respectively for the next sized fraction (63-38µm) and 8.6% and 3.8% 
respectively for the larger fraction (125-63µm). In vitro experimentation carried out on these road 





B.4 Poster presentation, 13th Quadrennial ICACGP/iGAC Conference on 
atmospheric chemistry, Federal University of Rio Grande do Norte, 22-26th 
September 2014 
In Vitro analysis of particulate output from a demolition site, Manchester 
Andrew Brown a*, Heather Robinson a Sanja Potgieter-Vermaak a 
Division of Chemistry & Environmental Science, Faculty of Science & Environment, Manchester 
Metropolitan University, Manchester. 
* Corresponding author. 
A large array of literature underlines the growing concern for the impact of particulate matter from 
anthropological sources in urban settings on human health1, 2. Particles of specific interest are those 
which gather as curb-side sediment poised to be pulverised and perturbed hence suspended by the 
action of vehicles making use of the road, road dust (RD)3. During the winter months 2012-2013 a 
large building was demolished in the centre of Manchester, the aim of this paper is to assess the 
changes in elemental composition of inhalable fractions of RD collected 20 metres from the 
demolition site. The initial sampling takes place in November 2012 approximately two weeks before 
demolition began, with the second sampling campaign taking place in May 2013, during the final 
stages of demolition. Consistent methodology was observed, approximately 10 kilograms of RD was 
collected using a clean polythene dust pan and brush. Samples were air dried and sieve fractioned, 
analysis took by ICP-OES following a microwave assisted HF digestion. Interestingly, results indicate 
that the heavy and trace metals were generally lower in concentration for the second sampling 
campaign, after demolition had taken place. Two notable exception being the silicon and aluminium 
portions, which increased in concentration by 7.4% and 20% respectively for the smallest fraction 
(<38µm), 5.9% and 56.7% respectively for the next sized fraction (63-38µm) and 8.6% and 3.8% 
respectively for the larger fraction (125-63µm). In vitro experimentation carried out on these road 




B.5 Poster presentation, 7th MMU annual research conference, 16th April 2015 
 
  
B.6 Oral presentation at the 9th MMU annual research conference, 22nd 
February 2017  
Bioaccessibility of the inhalable fractions of urban road dust. 
Andrew Browna, Sanja Potgieter-Vermaaka, Judi Barretta 
a School of Science and the Environment, Division of Chemistry and Environmental Science, 
Manchester Metropolitan University 
 
Urban air quality is of significant importance to the majority of us living or working in our cities 
worldwide. Short-term events such as the 1952 London smog episode have the ability to dominate 
headlines because of the 4000 deaths due to acute exposure to air pollution (Whittaker et al, 2004). 
However, chronic exposure to air pollution, which we are all subject to provide equally shocking 
statistics. The European Environment Agency estimates that poor air quality is responsible for 
467,000 premature deaths per year amongst Europeans (EEA, 2016). The World Health Organisation 
estimates that air pollution is responsible for 8% of lung cancer deaths, 5% of cardiopulmonary deaths 
and 3% of respiratory infection deaths (WHO, 2009). 
PM (Particulate matter) is the term used to describe respirable airborne particles that are permanently 
present in urban areas. The anthropogenic emissions of for PM are numerous, although commonly 
include industrial and commercial output, vehicular emissions and wear, abrasion of road surfaces etc.  
Because of the range and nature of sources, PM should be considered unique for any given location. 
PM is a topic which has been studies extensively, although recent consensus amongst the scientific 
community indicates that the micro-chemical structure of PM is responsible for the degree of toxicity 
(Rohr et al, 2011). 
Due to the nature of PM, and particularly respirable PM10 (<10µm fraction), it can be difficult to 
analyse with techniques designed to characterise the micro-chemical structure. The work in this study 
novelly looks into the possibility of using a larger, more abundant size fraction as a proxy for PM10, 
using a water deposition technique to separate road dust. CC-SEM-EDX was used to determine 
particle size distribution of the separated samples to successfully support the use of water deposition 
as a separation technique. Samples were then acid digested and analysed using ICP-OES to determine 
elemental profile, results indicated a large degree of similarity between the <10µm fraction and the 
original sample from which it was extracted. Finally the observed elemental concentrations were risk 
assessed using a novel modified version of the Environmental Protection Agency Hazard Index 
equation to indicate potential toxicity to the public. The most exciting conclusion obtained from this 
experimentation is the potential for use of larger, more abundant fractions of environmental particles 
as a proxy for the fine respirable fraction. It will then be possible to collect more representative data 
on PM10, as well as using intra-molecular techniques such as Raman Spectroscopy to draw 
conclusions on the micro-chemical structure. 
 
  
Appendix C: Publications 












Risk assessment of exposure to particulate
output of a demolition site
A. Brown, J. E. S. Barrett, H. Robinson &
S. Potgieter-Vermaak
1 23
Your article is protected by copyright and all
rights are held exclusively by Springer Science
+Business Media Dordrecht. This e-offprint
is for personal use only and shall not be self-
archived in electronic repositories. If you wish
to self-archive your article, please use the
accepted manuscript version for posting on
your own website. You may further deposit
the accepted manuscript version in any
repository, provided it is only made publicly
available 12 months after official publication
or later and provided acknowledgement is
given to the original source of publication
and a link is inserted to the published article
on Springer's website. The link must be
accompanied by the following text: "The final
publication is available at link.springer.com”.
ORIGINAL PAPER
Risk assessment of exposure to particulate output
of a demolition site
A. Brown . J. E. S. Barrett . H. Robinson .
S. Potgieter-Vermaak
Received: 31 October 2014 /Accepted: 8 July 2015
 Springer Science+Business Media Dordrecht 2015
Abstract Whilst vehicular and industrial contribu-
tions to the airborne particulate budget are well
explored, the input due to building demolition is
relatively unknown. Air quality is of importance to
human health, and it is well known that composition of
airborne particles can have a significant influence on
both chronic and acute health effects. Road dust (RD)
was collected before and after the demolition of a large
building to elucidate changes in elemental profile.
Rainfall and PM10 mass concentration data aided
interpretation of the elemental data. Quantification of
Al, As, Ba, Ca, Cd, Cr, Cu, Fe, K, Mg, Mn, Na, Ni, Pb,
Rh, S, Si, Sn, Ti, V and Zn was carried out. It was
found that only Al, K, Mg, Si and S increased in
concentration across all size fractions after the build-
ing demolition. Risk assessment was then carried out
on elements with applicable reference dose values to
assess the potential health risks due to the demolition.
Significant risk to children was observed for chro-
mium and aluminium exposure. PM10, monitored 40
metres from the demolition site, indicated no abnor-
mal concentrations during the demolition; however,
rainfall data were shown to affect the concentration of
PM10. The elemental data observed in this study could
possibly indicate the role of increased sulphur con-
centrations (in this case as a result of the demolition)
on the buffer capacity of RD, hence leaching metals
into rainwater.
Keywords Road dust  Demolition  Elemental
concentration  Buffer capacity
Introduction
The contribution to local particulate matter (PM)
concentrations originating from building construction
and demolition is seldom acknowledged and not
considered significant to the PM budget. The literature
on the topic is sparse. A study by Deacon et al. (1997)
touched upon the possible contribution of a building
demolition to mass concentration of PM \10 lm
(PM10) in the early years of Automatic Urban Air
Quality Monitoring Network (AUN), UK. Results
indicated that daily maximum exceedances of PM10
had doubled in a period when demolition of a building
had been carried out near a monitoring station in
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Cardiff, UK.With the exception of a study by Liu et al.
(2014) whom only attributed changes in calcium and
barium concentrations to construction/demolition
work, there is a corresponding paucity in the literature
on changes in metal concentrations due to building
work. Due to the recognised fact that atmospheric PM
poses a threat to human health (e.g. increased mortal-
ity amongst the general population as an effect of
exposure to PM (Pope et al. 2002; Villeneuve et al.
2002; Meister et al. 2012; Sorenson et al. 2012), the
contribution to the PM budget during and after
demolition episodes is a concern. In fact, the World
Health Organisation suggests that particulate matter is
responsible for 8 % of lung cancer deaths, 5 % of
cardiopulmonary deaths and 3 % of respiratory infec-
tion deaths (WHO 2009). Although vehicular emis-
sions are most commonly cited as a key source of
particles (Gunawardana et al. 2012; Dong and Lee
2009 and references therein), some acknowledgement
to the role of industrial processes is given. These
health effects are still mainly focussed on the PMmass
concentrations, and certain aspects regarding the
composition and generation of particles remain unad-
dressed and unaccounted for.
For the purpose of this study, particles of specific
interest are those which gather as curb-side sediment
ready to be pulverised and suspended by the actions
of meteorological conditions or vehicles making use
of the road (Abu-Allaban et al. 2003; Atiemo et al.
2012). These particles may be referred to as road
dust (RD). Research indicates that road dust
accounts for up to 74 % of total suspended partic-
ulate matter (TSP) in Ho Chi Minh City, Vietnam
(Hien et al. 1999) and 62 % in Lahore, Pakistan
(Harrison et al. 1997). This resuspension of RD can
enable it to become respired by pedestrians and
other road users. The most appealing aspect of RD
from an analytical standpoint is the already well-
documented abundance of transition metals, many of
which are potentially toxic and in some incidences
carcinogenic (Unceta et al. 2010). Often, the effects
manifest themselves as cardiorespiratory problems,
both chronic and acute (see Table 1).
The intention of this study is to investigate the
variation in concentration of elemental components of
RD before and after the demolition of a large building
at an urban site. The selected elements are as follows:
Al, As, Ba, Ca, Cd, Cr, Cu, Fe, K, Mg, Mn, Na, Ni, Pb,
Rh, Si, Sn, S, Ti, V and Zn. Analysis of these elements
is justified by their potential toxicity to humans during
overexposure. This research will focus on the resus-
pendable fraction of RD, which for the purpose this
study is defined as particles up to around 140 lm in
accordance with the research by Kennedy and Hines
(2002). The elemental concentrations will be subject
to risk assessment to decipher the possible effects on
human health. The risk assessment method used in this
paper is based on the US Environmental Protection
Table 1 Common metal contaminants of RD and their potential effects on human health
Metal Health concerns Citation
Al Neuropathological, neurophysical and neurochemical changes Miu et al. (2003)
As Carcinogenic Zhang et al. (2014)
Ba Hypertension Oskarsson (2015)
Cd Carcinogenic Zhang et al. (2009)
Cr Carcinogenic in ?6 state Goldbohm et al. (2006)
Cu Free radical production Kadiiska and Mason (2002)
Fe Causes eye problems Ugarte et al. (2013)
Mn Heart conditions Cavallari et al. (2008)
Ni Carcinogenic Kasprzak et al. (2003)
Pb Affects brain and nervous system Zhang et al. (2013)
Rh Cytotoxicity Iavicoli and Leso (2015)
Si Causes silicosis Naghadehi et al. (2014)
Sn Gastrointestinal conditions Ostrakhovitch (2015)
V Affects nervous system Li et al. (2013)




Agency (USEPA) model (USEPA 1997), modified for
use with sediments as demonstrated on previous
studies involving the risks associated with RD (Ma
and Singhirunnusorn 2012; Du et al. 2013). This will
elucidate whether the anticipated increase in metal
concentrations are enough to cause significant
increase to likelihood of developing detrimental health
effects because of contaminant exposure.
Experimental methodology
Sample site
The RD sample site is a traffic island (British National
Grid reference: SJ 84229734) in the meridian of
Oxford Road, Manchester, UK (Fig. 1). Oxford Road
is one of the most highly trafficked roads in Manch-
ester supporting traffic from surrounding settlements
of Greater Manchester, with buses and cars being the
predominant mode of transport. Another feature
present at this section of Oxford Road is the raised
train tracks running perpendicular between two of the
main train stations in Manchester. Aside from these
vehicles, the roadside area is heavily used by pedes-
trians, with a large cohort being the student population
of the local universities, supporting approximately
75,000 students. The sampling site is situated 20 m
west of the 16,600-m2 demolition site and approxi-
mately 40 m north of one of Manchester’s air mon-
itoring station. The building subject to demolition was
the ‘New Broadcasting House’, more commonly
known as the BBC Building, Manchester, and con-
structed in the early 1970s (1971–1975). The building
is mostly formed of steel reinforced concrete, with
bronze-coated window panes and aluminium window
frames. The soft demolition took place between
November 2012 and May 2013. It was noted that
throughout the process, water was used to minimise
the spread of dust from the site to surrounding areas.
Sample collection and processing
Collection of road dust was undertaken at the onset
and the completion of the building demolition
(November 2012 and May 2013, respectively), using
Fig. 1 Sediment sampling





a polyethylene dust pan and brush as recommended by
Charlesworth and Lees (1999), and samples were kept
in polyethylene bags for transfer to the laboratory.
Approximately 10 kg of sample mass was collected
from across the site.
After collection, the RD was transferred to the
laboratory to be air-dried in paper soil bags at
25 ± 5 C until a consistent weight was achieved,
between 14 and 21 days. Dry samples were fraction-
ated into particles of four grain sizes: \38 lm,
63–38 lm, 125–63 lm and 2000–125 lm, where
these particles represent the boundaries between ‘silts
and clays’, ‘course silts’, ‘very fine sands’ and ‘coarse
material’, respectively (Tucker 1991). Analysis is
restricted to the three finest fractions of RD as those
are capable of being resuspended. The 2000–125 lm
fraction is retained for further unreported analysis, and
the[2000 lm fraction is discarded.
Digestion of grain-specific fractions
Three replicates of 0.25 g ± 0.0015 g for each sample
were weighed into a polytetrafluoroethylene micro-
wave vessel and extracted with 1.5 ml of hydrofluoric
acid, 5 ml of nitric acid and 2 ml of hydrogen
peroxide, all reagent grade. This was then subject to
an initial digestion using a 1600-W CEM Mars 5
Microwave, maximum temperature 200 C. Twelve
microlitres of boric acid was then added to assist a
further microwave-assisted digestion at a maximum
temperature of 80 C. The aim of the secondary
digestion is to precipitate excess fluoride and prevent
secondary reactions (Dulski 1996). The samples were
then cooled and diluted appropriately having been
filtered using 0.45 lmpolyethersulfone syringe filters.
This method is based on the Environment Agency’s
EN14385 application note (BS EN 14385, 2004). Use
of this method has led to the accreditation of this
laboratory by the UK Accreditation Service (UKAS).
Geochemical analysis
Digestion analytes of RD samples were analysed for
21 elements (Al, As, Ba, Ca, Cd, Cr, Cu, Fe, K, Mg,
Mn, Na, Ni, Pb, Rh, S, Si, Sn, Ti, V and Zn) using a
Varian Vista MPX ICP-OES with SeaSpray nebuliser.
Initial system stability checks were carried out with a
5-mg/l solution of manganese during the torch align-
ment, whereby the upper values must be in excess of
300,000 counts per second in both the axial and radial
configurations, although sample analysis exclusively
used the axial position. A four-point linear calibration
was achieved for each element, and a calibration
coefficient of[0.95 for all elements was determined.
The maximum concentrations of calibration points
were 100 mg/l for major elements, 20 mg/l for minor
and trace elements and 1000 mg/l for sulphur alone.
Multiple wavelength tests were taken to ensure high
intensity with little interference was achieved. A total
of five blank samples as well as two extractions of
MESS-3 certified reference material were also anal-
ysed to ensure quality results.
PM10 concentrations
As shown in Fig. 1, there is an air sampling station
maintained by Manchester City Council near the
demolition site, the site is referred to as MAN1. The
monitoring site quantifies airborne particulate matter
\10 lm in size (PM10) hourly and operates contin-
uously. The site is approximately 40 m south of the
demolition site on the opposite side of Oxford Road.
The data were archived and available to the public via
the Air Quality England website.1 For the purpose of
this study, archived data were reviewed to assess the
changes in airborne particulate matter in the direct
vicinity of the demolition site. Average PM10 concen-
trations were compared over the November to May
winter periods for winter 2010–2011, 2011–2012,
2012–2013 (demolition) and 2013–2014.
Results and discussion
Geochemical analysis
The concentrations of the 21 elements analysed in the
road dust fractions for both sampling campaigns are
summarised in Table 2. It can be observed that the
general trend for the major constituents is
Si[Ca[Al, Fe, Mg[K, Na and Ti. These fig-
ures are in agreement with the literature from other
studies in urban areas (Chen et al. 2012; Cesari et al.
2012 and references therein). It is generally accepted
that the large concentrations of these elements are





mainly due to their crustal abundance (Alomary and
Belhadj 2007; Gunawardana et al. 2012). In general,
trace element concentrations are slightly more subject
to variance because the sources are usually of an
anthropogenic nature, and henceforth are highly
dependent on the local sources of inputs (Amato
et al. 2009a). In general, the same trends can be
observed in all size fractions for some of the trace
elements as reported by Potgieter-Vermaak et al.
(2012), i.e. Zn[Cu[ Pb[Cr for the two smaller
fractions and Zn[Cu[Cr[ Pb for the largest
fractions. All trace elements (indicated with cursive
font in Table 2) displayed the highest concentration in
the finest fraction with a steady decrease in
concentration with increase in particle size (as also
reported by Bian and Zhu 2009 and Fujiwara et al.
(2011)). In addition, it is noted that the absolute
concentrations are lower for the May sampling
campaign and the variance in concentration change
can be observed in Figs. 2, 3 and 4. Cr, Pb and Ni in
particular are of concern to those exposed, because of
their severe toxic association (Najafi et al. 2009).
There is low confidence in the results for As, Cd, Rh
and Sn due to the high %RSDs observed ([20 %);
therefore, they will not be discussed in any great detail
in this article. The high %RSDs are due to the
concentrations being close to the detection limit for
the instrument used.
Table 2 Mean extractable concentrations of the 21 elements,
and degree of variance expressed as standard deviation
determined for the three finest grain-size fractions collected
from the sample site Oxford Road, Manchester, collected in
November 2012 and May 2013
Element Elemental concentration (mg/kg)













Al 44643.3 (5.7) 53672.0 (4.8) 31967.0 (5.1) 50099.3 (3.3) 34624.3 (3.5) 35948.7 (4.6)
As 11.1 (17.4) 9.1 (28.6) 8.2 (44.5) 4.3 (129.4) 9.6 (60.8) 3.6a (98.0)
Ba 1069.0 (7.6) 853.7 (5.2) 972.7 (9.9) 798.3 (3.3) 685.7 (2.2) 581.7 (4.7)
Ca 110397.0 (8.2) 97071.3 (5.1) 89352.3 (9.9) 89728.0 (2.2) 91271 (3.1) 78188.0 (4.1)
Cd 1.3a (79.7) 0.6a (55.4) 0.8a (138) 0.6a (71.3) 0.7a (19.7) 5.2 (16.5)
Cr 324.7 (5.2) 208.7 (5.1) 311.0 (9.7) 208.7 (3.9) 274.7 (2.9) 181.3 (4.2)
Cu 1076.3 (8.6) 268.3 (9.3) 589.3 (10.6) 273.3 (3.0) 386.0 (3.1) 180.3 (7.8)
Fe 38492.3 (5.6) 31456.3 (4.7) 29294.7 (6.7) 31374.3 (4.8) 28562.3 (3.5) 22501.7 (8.3)
K 15091.3 (9.6) 19636.3 (5.5) 14868.3 (10.4) 16987.7 (2.4) 14662.3 (4.1) 15310.7 (4.2)
Mg 21806.3 (8.5) 27129.7 (5.3) 16550.0 (9.3) 22256.0 (2.1) 14190.3 (3.0) 15621.0 (4.0)
Mn 1250.7 (7.7) 887.7 (5.1) 1118.7 (9.7) 860.0 (2.9) 819.7 (2.5) 730.0 (4.4)
Na 7933.3 (9.3) 5862.7 (6.6) 8194.3 (10.7) 6465.3 (2.4) 7245.3 (5.0) 7696.3 (4.1)
Ni 122.0 (6.7) 70.7 (3.9) 103.0 (7.6) 69.9 (1.6) 63.6 (5.3) 79.9 (4.4)
Pb 384.0 (8.7) 264.0 (5.1) 334.0 (9.7) 247.0 (2.1) 207.0 (3.8) 151.7 (7.9)
Rh 32.9 (29.4) 27.0a (84.3) 23.0a (40.5) 6.5a (11.2) 15.6a (44.5) 34.9a (44.7)
Si 299319.3 (8.3) 321438.0 (2.6) 304412.0 (9.5) 322272.0 (6.7) 417087.3 (5.8) 452857.7 (8.1)
Sn 62.4 (18.9) 13.3 (21.6) 45.9 (11.4) 13.5 (83.6) 22.2 (29.4) 7.4 (47.0)
S 3898.8 (5.4) 11224.8 (6.5) 3494.4 (8.9) 9150.3 (1.5) 2092.8 (4.7) 3349.7 (2.9)
Ti 5112.3 (7.9) 5101.7 (4.7) 5140.3 (9.0) 4481.0 (2.8) 200.3 (21.0) 3349.3 (4.3)
V 115.7 (6.6) 99.7 (6.5) 104.9 (10.7) 95.4 (4.1) 77.4 (0.0) 76.0 (3.6)
Zn 1184.7 (8.5) 767.7 (6.6) 1017.0 (11.0) 624.7 (2.8) 614.0 (3.8) 384.7 (6.4)
n = 3: values are quoted to one decimal place; relative standard deviation (%RSD) to one decimal place in parenthesis





Change in road dust character over sampling
period
The key aim of this investigation is to assess the
change in composition of inhalable particles due to
building demolition and assess the risk change on
human health. This section discusses the observed
changes in the elements in terms of percentage change
between the two sampling campaigns (November
2012, May 2013) that covers the period of demolition.
The percentage changes in each of the specified
elements from the sampling campaign in November
2012 to May 2013 are presented in Figs. 2, 3 and 4.
Each fraction is presented separately.
Elemental concentration decreases
It is noted that around 60 % of the elements investi-
gated, namely Ba, Ca, Cr, Cu, Fe, Mn, Na, Ni, Pb, Ti,
V and Zn, showed a decrease in their elemental
concentrations between the two sampling periods.
Interestingly, the average decrease in these elements
Fig. 2 Percentage increase/
decrease in each element in
\38 lm fraction relative to
initial concentration from
November 2012 sample
Fig. 3 Percentage increase/
decrease in each element in
63–38 lm fraction relative





exhibited per fraction was fairly consistent at
-26 ± 2.2 %. Across the three grain-size fractions,
the greatest decreases are seen for Cu. Scrutiny of
percentage change on a grain-size basis finds that for
the \38 lm fraction Cu[Ni[Cr[Zn[ Pb,
whilst decreases in element concentrations for the
63–38 and 125–63 lm fractions are found to be
Cu[Zn[Cr[ Pb. The behaviour of Ni in the two
coarsest fractions is contradictory, whilst exhibiting
similar decreases to that of Cr (32–33 %) in the 63 to
38-lm fraction, the concentration Ni is seen to
increase (25 %) in 125–63 lm fraction.
A decrease in elemental concentrations of sedi-
ments within the literature is often attributed to
increased rainfall (Jackson et al. 2007 and references
therein). Increased rainfall during the months from
December to February might explain the lower
concentrations of the ten metals achieved in the May
sampling campaign. In addition, it is possible that the
significant increase in S observed from the building
site, during the sampling period, contributed to the
diminishment of most other elemental species. The
sulphurous nature of the Manchester RD coupled with
the rain events had the potential to lower the pH of the
RD and consequently reduce the inherent buffering
capacity of the RD (Du et al. 2014), leading to metals
being leached from the RD in the surface run-off into
the urban water system, similar processes have been
observed in soils by Xie et al. (2004). This suggests
that increase in the concentration of a contaminant,
such as S, may have led to changes in the intended
environmental receptor, with notable decreases in the
concentrations of contaminants such as Cr, Cu, Ni, Pb,
V and Zn available for inhalation, and corresponding
enrichment of urban waters of these potentially
harmful elements.
Elemental concentration increases
S, Si, Mg, K and Al increased in concentration, in all
fractions, between the sampling periods. In contrast to
the elemental decreases, the average increase for these
elements did not stay constant (36.5 % ± 19.5 %).
Moreover, the average increase for these elements was
54, 40 and 15 % for the\38, 63–38 and 125–63 lm
fractions, respectively. This clearly shows a significant
difference in behaviour between the three fractions
with reference to elemental concentration increase.
Application of the Mann–Whitney U test find that
the increases between Nov 2013 and May 2014
sampling campaign were significant ([95 % confi-
dence) for S, K and Al but not Si and Mg. This
suggests an additional source of such elements has
occurred during between the two sampling campaigns.
We could speculate that the large increases in sulphur
concentration (187.9 % in the \38 lm fraction,
161.9 % in the 63- to 38-lm fraction and 60.1 % in
the 125- to 63-lm fraction) are likely to come from
building materials, most likely gypsum. The increased
aluminium concentrations (20.2 % in the \38 lm
Fig. 4 Percentage increase/
decrease in each element in
125–63 lm fraction relative





fraction, 56.7 % in the 63- to 38-lm fraction and
3.8 % in the 125- to 63-lm fraction) are also likely to
be due to use of aluminium in building materials.
PM10 concentrations
Results from the continuous monitoring site are
presented in Fig. 5. The monthly averages suggest
that at the onset of the demolition (November), the PM
mass concentrations were very similar to those
observed in the previous 4 years. However, inspection
of the data during March–May leads to the conclusion
that the spike in mass concentration observed during
the previous and subsequent year during this time, is
absent during the year of interest. Research into
sources of PM10 in an urban environment by Amato
et al. (2009b) indicated that PM10 concentrations
increased by up to ten times, as a result of demolition
work. The findings from this study appear to display
different results. A possible reason for this could be the
nature of the demolition, or perhaps a possibility could
be the documented prevailing southerly wind in this
area of Manchester (Lapworth and McGreggor 2008).
It is likely that rainfall affected the concentration of
PM10 during this period. Figure 6 represents monthly
rainfall data during the demolition period along with
the demolition period PM10 data. Figure 6 indicates
rainfall has an inverse relationship with the concen-
tration of PM10 during the months of the demolition as
would be expected due to washout. The negative
correlation of -0.55 (p = 0.05) displayed in Fig. 6
further supports this observation. This influence of
rainfall on PM is well documented (Shukla et al. 2008
and references therein), and furthermore, research
indicates that SO2 and NO2 are washed out of PM by
precipitation (Davies 1976; Chang 1984). The wash-
out could potentially add to the acidification of urban
run-off. All rainfall data are taken from Woodford
Meteorological Station 16 km from the sampling site
(OS grid reference SJ895825).
Risk assessment
Risk assessment has been used in many studies to
assess the risk of contaminants in RD and road
sediments (Du et al. 2013; Ma and Singhirunnusorn
2012; Ferreira-Baptiste and De Miguel 2005). This
approach of risk assessment requires the formulation
of a conceptual site model to justify the need to assess
a particular site. Table 3 presents the heavily traf-
ficked sample site both without and with the addition
of the building demolition at the focus of this paper.
The next phase of risk assessment is then to
calculate the exposure of an individual to any given
pollutant. Equations 1, 2 and 3 represent average daily
dose (ADD) exposure via the ingestion, inhalation and
dermal routes, respectively (USEPA 1997), ADD
expressed in terms of mg/kg day. The components and
values used in these equations are presented in
Table 4, as some of the components differ between
an adult and a child, and ADDs and consequently HIs
are different for adults and children. A child is
assumed to be aged between 1 and 6 years old, in
accordance with USEPA (1989). It is therefore
necessary to alter values for body weight, ingestion
rate, inhalation rate and skin surface area. The value
for exposure duration is specific for this study as it
represents the period of demolition, 6 months.
Fig. 5 Monthly average PM10 concentrations for winter and
spring periods of 2010–2011, 2011–2012, 2012–2013 (demo-
lition took place in this period) and 2013–2014
Fig. 6 Monthly rainfall (mm) and concentration of PM10




ADDing ¼ C  Ring  CF  EF  ED
BW  AT
ADDinh ¼ C  Rinh  EF  ED
PEF  BW  AT
ADDderm ¼ C  SA CF  SL ABS EF  ED
BW  AT
A hazard quotient (HQ) can then be calculated by
dividing the ADD by a reference dose (Rdf) specific to
a chemical. The reference dose acts as a maximum
exposure below which the health concerns of the
chemical are not a concern. Therefore, a HQ[ 1 is not
considered a health concern. HQs from each of the
three exposure routes can then be summed to give a
hazard index value (HI), and again, a value below one
is not considered a concern (USEPA 2001).
Tables 5 and 6 present the HI results of the risk
assessment model for adults and children, respec-
tively. It is observed that the HI values do not exceed
one for any element, with the exception of chromium
exposure in children. Full tables showing Rdf, ADD
and HQ values for each of the exposure routes can be
found in the supplementary section of this paper, listed
as Tables S1 and S2, respectively. All Rdf values are
taken from the literature (Liu et al. 2015; Cao et al.
2015; Buranatrevedh 2014; HEAST 2011).
One assumption of the ADD calculations used here
is the PEF parameter from the inhalation calculation.
Despite being commonly used in the literature to
assess the risks associated with RD, the PEF value,
expressed as m3/kg, was derived for the purpose of
representing airborne quantities of soil contaminants
and relies on the site having a 50 % vegetation
Table 3 Conceptual site model showing ordinary exposure and sources, as well as exposure and sources due to the building
demolition, shown in italics
Source Exposure medium Exposure point Exposure route Exposed population
Road and rail traffic Soils and sediments Oxford Road, Manchester Ingestion, inhalation
and dermal contact
Commuters and recreators
Building demolition Soils and sediments Oxford Road, Manchester Ingestion, inhalation
and dermal contact
Commuters and recreators
Table 4 Parameters for risk assessment model
Component Definition (units) Adult value used Child value used Reference
C Concentration of contaminant (mg/kg) See Table 2 See Table 2 This study
Ring Ingestion rate (mg/day) 200 100 USEPA (1989)
EF Exposure frequency (days/year) 350 350 Du et al. (2014)
ED Exposure duration (years) 0.5 0.5 This study
BW Body weight (kg) 84 21 Potgieter-Vermaak et al. (2012)
AT Average time (days) 365 9 ED 365 9 ED Du et al. (2014)
CF Conversion factor (kg/mg) 1 9 10-6 1 9 10-6
Rinh Inhalation rate (m
3/day) 20 5 Du et al. (2014)
PEF Particle emission factor (m3/kg) 1.32 9 109 1.32 9 109 USEPA (2000)
SA Surface area (cm2) 5000 1800 Du et al. (2014)
SL Skin adherence factor (mg/cm2) 1 1 Du et al. (2014)
ABS Dermal absorption factor 1 9 10-3 1 9 10-3 Du et al. (2014)
Table 5 HI values for adults for each element from the three exposure routes, using USEPA PEF value
Al Ba Cr Cu Pb Ni V Zn




coverage (USEPA 2000). The applicability of this PEF
value to samples of this nature is therefore question-
able, as the physical and morphological characteristics
of RD differ greatly to soil, and also the vegetation
cover at the site used in this study is 0 %. As
previously noted in the introduction section of this
paper, RD has been shown to account for 62 % of TSP
(Harrison et al. 1997) and 74 % of TSP (Hien et al.
1999). Having monitored TSP concentrations near the
demolition site for over a year as part of another study,
the average concentration of TSP is 92.9 lg/m3, and
we can therefore estimate that a lower-bound estimate
of the quantity of TSP derived from road dust is 62 %.
Replacing the PEF value in the ADDinh equation with
62 % of 92.9 lg/m3 could therefore serve as another
estimate of ADDinh, it also stands to make the equation
used more specific for this study site. To maintain the
mg/kg.day units for ADDinh, the ADDinh equation is
altered as displayed below. Here, the units for TSP are
in kg/m3, all other parameters are the same for the
USEPA ADDinh equation.
ADDinh ¼ C  Rinh  EF  ED TSP½   0:62ð Þ
BW  AT :
A new risk assessment for adults and children table
can then be derived using this equation for ADDinh
whilst keeping the other two ADD equations, the HI
results are presented in Tables 7 and 8, respectively.
Again, full tables showing ADD and HQ values for
each of the exposure routes can be found in the
supplementary section of this paper, listed as
Tables S3 and S4, respectively.
As a result of altering the PEF value, it can now be
observed that the HI value for each element has
increased, most increases are very small and not
sufficient to alter the three significant figures quoted.
The most noteworthy change is the HI value for
aluminium exposure in children, which has increased
from 0.575 to 1.13 and is therefore now considered a
health concern, along with chromium. The dramatic
increase observed in the HI value for aluminium is due
to the high HQ value observed for the inhalation route.
All HQ values increase by the same factor due to the
modified ADDinh equation; however, the proximity to
one observed for the ADDinh in the original equation
causes a greater effect on the HI when the equation is
modified. The results of this study are comparable with
the HI values calculated by Du et al. (2013) with the
exception of Al and Cr, which appear to give
significantly larger HI values in this study.
Conclusion
The design of this experimentation was based on the
assumption that the concentrations of metals would
increase after the demolition of a building. However,
in general, this was not observed for all elements and
12 of the 17 elements of interest decreased by an
Table 6 HI values for children for each element from the three exposure routes, using USEPA PEF value
Al Ba Cr Cu Pb Ni V Zn
HI 0.575 0.039 1.076 0.062 0.099 0.032 0.102 0.024
Table 7 HI values for adults for each element from the three exposure routes, using the amended PEF value for the ADDinh
calculation
Al Ba Cr Cu Pb Ni V Zn
HI 0.711 0.005 0.528 0.009 0.039 0.004 0.015 0.004
Table 8 HI values for children for each element from the three exposure routes, using the amended PEF value for the ADDinh
calculation
Al Ba Cr Cu Pb Ni V Zn




average of 26 % across all size ranges (Ba, Ca, Cr, Cu,
Fe, Mn, Na, Ni, Pb, Ti, V and Zn). A substantial
increase in the finer two fractions was however
observed (on average 54 and 40 %) for the remaining
elements. As alluded to in the results and discussion
section, it is likely that the large increase in concen-
tration of sulphur had an influence on the diminished
concentrations of other metals that were observed.
Perhaps the main concern that can be raised from these
results is the effect of the heavy enrichment in sulphur
on mobility of metals. While the increase in sulphur
causes a reduction in contaminants available for
resuspension, it increases the concentrations of con-
taminants in surface water. Moreover, it will add to the
overall burden of urban land contamination due to
metal enrichment of water run-offs and soil. Perhaps
further investigation on contamination of surface
water due to building demolition is required to assess
the potential health effects associated. It is observed
that rainfall and PM10 were inversely proportional
during the demolition. This washout effect was also
apparent in the RD; however, to prove this conclu-
sively, it may be necessary to compare rainfall, PM
concentration and elemental concentrations over a
larger period of time. Thus, one would be able to
elucidate whether the elemental washout process
occurs independently of the building demolition, or
to what extent the building demolition affected the
washout. The risk assessment portion of this analysis
indicates that the HI for chromium and aluminium is a
concern for children exposed at this site, when using
the modified PEF value suggested.
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Many studies probing the link between air quality and health have pointed towards associations between partic-
ulatematter (PM) exposure and decreased lung function, aggravation of respiratory diseases like asthma, prema-
ture death and increased hospitalisation admissions for the elderly and individuals with cardiopulmonary
diseases. Of recent, it is believed that the chemical composition and physical properties of PMmay contribute sig-
niﬁcantly to these adverse health effects. As part of a Belgian Science Policy project (“Health effects of particulate
matter in relation to physical–chemical characteristics andmeteorology”), the chemical composition (elemental
and ionic compositions) and physical properties (PMmass concentrations) of PMwere investigated, indoors and
outdoors of old age homes in Antwerp. The case reported here speciﬁcally relates to high versus normal/low pol-
lution event periods. PM mass concentrations for PM1 and PM2.5 fractions were determined gravimetrically
after collection via impaction. These same samples were hence analysed by EDXRF spectrometry and IC for
their elemental and ionic compositions, respectively. During high pollution event days, PMmass concentrations
inside the old age home reached 53 μg m−3 and 32 μg m−3 whilst outside concentrations were 101 μg m−3 and
46 μg m−3 for PM2.5 and PM1, respectively.
The sum of nss-sulphate, nitrate and ammonium, dominate the composition of PM, and contribute the most to-
wards an increase in the PM during the episode days constituting 64% of ambient PM2.5 (52 μg m−3) compared
to 39% on non-episode days (10 μg m−3). Other PM components, such as mineral dust, sea salt or heavy metals
were found to be considerably higher during PMepisodes but relatively less important. Amongst heavymetals Zn
and Pbwere found at the highest concentrations in both PM2.5 and PM1. Acid–base ionic balance equationswere
calculated and point to acidic aerosols during event days and acidic to alkaline aerosols during non-event days.
No signiﬁcant sources of indoor pollutants could be identiﬁed inside the old-age home as high correlations
were found between outdoor and indoor PM, conﬁrming mainly the outdoor origin of indoor air.
© 2014 Elsevier B.V. All rights reserved.
1. Introduction
Numerous epidemiological and clinical studies have been conducted
over the last decade and a half and they indicate associations between
particulate matter (PM) exposure and various health effects (Strak
et al., 2012; Stranger et al., 2009 and references therein; Fuentes-
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Leonarte et al., 2009; Jacobs et al., 2012 and references therein). It is
shown that increases in PM exposure often lead to increased hospital ad-
missions, especially in susceptible cohorts such as the elderly and individ-
uals with cardiopulmonary diseases (Di Ciaula, 2012). Although earlier
studies focused on PM mass concentrations, it is nowadays commonly
believed that the chemical and biological compositions of the particulate
matter may also contribute signiﬁcantly to detrimental health effects
(Gemenetzis et al., 2006; Bell et al., 2009).
A Belgian Science Policy project (“Health effects of particulatematter
in relation to physical–chemical characteristics and meteorology”),
which this study was a part of, intended to investigate acute, short-
term health effects of PM and its composition in the elderly part of the
population (Jacobs et al., 2012). The sampling of air pollution was de-
signed, so that there was a contrast in ambient PM concentrations be-
tween the ﬁrst and second visit of a patient during which a set of
clinical measurements was performed. More information may be
found in Jacobs et al. (2012). This was possible thanks to the predictions
of PM concentrations (4 days in advance) made by Ircel (Belgian Inter-
regional Environment Agency). The air particulate matter was sampled
both indoors and outdoors of the building. Since this part of the popula-
tion spends most of their time indoors, monitoring the indoor air and
close outdoor environment in place of the personal exposure seems jus-
tiﬁed. Wichmann et al. (2005) found highly correlated time-series of
pairs of personal, indoor and outdoor ﬁxed site PM2.5 and black
smoke concentrations in a small population of elderly cardiovascular
patients. The concentration of the PM inside of a building is mainly
governed by indoor generation of particles, the concentration of thepar-
ticles outside, the rate of air exchange and the depositional characteris-
tics of the particles (Gemenetzis et al., 2006). For those reasons this
study monitored both environments.
This paper is thus one of a handful reporting on the chemical (ele-
mental composition and water-soluble ion concentrations, including
secondary aerosols) and physical (mass concentrations) differences be-
tween ambient and indoor concentrations of PM2.5 and PM1 during pe-
riods of high and low pollution events in old-age home (Czagani
Broechem, Belgium). We chose this location as it was characterised by
the highest pollution event observed in Antwerp during the course of
the project (2007–2010). The sampling campaign covers days before,
during and after the event. Thus, in addition to investigation of the rela-
tionship between the outdoor and indoor pollutants, a comparison be-
tween days with “normal” PM concentrations or so-called non-
episode days (NEDs) and episode days (EDs) could be made.
A target value of 25 μg m−3 for PM2.5 entered into force in 2010
under the Ambient Air Quality and Cleaner Air Act for Europe (Council
Directive 2008/50/EC) and will enter into force as a limit value in
2015. Although a yearly average indoor PM2.5 guideline value of 15 μg
m−3 in Flanders, Belgium exists, we decided to use the 24-h PM10 in-
door air quality guideline value (Stranger et al., 2007) of 40 μg m−3. In
this study, the PM10 concentration was not measured; however,
based on our unpublished results from simultaneous PM10 and PM2.5
mass measurements in various indoor locations in Belgium, PM2.5 ac-
counts on average for 73% of PM10 mass concentration. Therefore, the
24 h PM2.5 indoor value higher than 29.2 μg m−3 stands for an ED in
this study and lower than 29.2 μg m−3 stands for a NED. This value is
not unreasonable taking into account that the WHO guideline values
for short term PM2.5 exposure is 25 μg m−3 24-h mean (WHO, 2011).
2. Experimental
2.1. Sampling location
Broechem is a village (12 km2) located in the province of Antwerp,
around 10 km to the east of the Antwerp city (N50°10′, E4°36′) with
about 4000 inhabitants. The sampling was performed in the Czagani
old-age home, with around 120 inhabitants and 100 workers at the
time of the sampling. The old-age home has a surface area of about
6500 m2 and three ﬂoors. The building, built in 1994, is both mechani-
cally and naturally vented. The ground ﬂoor (where sampling was per-
formed),was a carpeted open space, it served as a dining room, cafeteria
and the reception; the cleaning thereof was performed 6 days per week.
The building is situated about 1 km from the highway and 300m from a
major village road.
Local pollution sources include mainly trafﬁc and domestic heating.
Other potential sources include the harbour of Antwerp (located to the
north of the city), a large petrochemical plant, a municipal waste incin-
erator, and a non-ferrous plant to the south of Antwerp (Stranger,
2005).
2.2. Sampling methodology
PMwas collected indoors and outdoors simultaneously by means of
impaction (Harvard impactors from Air Diagnostics and Engineering
Inc., Naples, ME, USA) and operated at a ﬂow rate of 23 L min−1 for
PM1 collection and 10 L min−1 for PM2.5 collection. Membrane Teﬂon
ﬁlters were used (2 μm pore size and 37 mm in diameter) to collect
the particles over periods of 24 h. Filter changing took place in the
mornings, during which time the ﬂow rate was checked. Indoor sam-
pling took place in the ground ﬂoor dining room and the impactors
were positioned so that the inlets were as close as possible to the
breathing zone of people (about 1 m above the ground). Outdoor sam-
pling was done at the back of the building in order to avoid direct inﬂu-
ence from the automobile exhaust emissions originating from a small
parking lot in front of the building. Since the buildingwas only 3 storeys
high, the ground ﬂoor concentrations are assumed representative for all
ﬂoors. As shown by Gemenetzis et al. (2006) in the study conducted in
university rooms in Greece, although a slight decrease in PM10 and
PM2.5mass concentrations was observedwith an increase in the eleva-
tion level, it could be considered as negligibly small up to the 5th ﬂoor.
The effect of elevation (up to the 40th ﬂoor) on indoor particulate con-
centrationswas also studied by Chao andWong (2002), who reports no
signiﬁcant difference in the PM10 and PM2.5 mass concentrations at
different levels.
Co-located duplicate samples of PM2.5were collected both in indoor
and outdoor sites. They were however used only for the determination
of the mass concentration and were not subjected to further examina-
tions for elemental and ionicmeasurements. Thus, the PMmass concen-
tration values are the arithmetic mean of two measurements. The
results of the duplicate sampling of PM2.5 agreed with each other to
within 5%, exceeding this difference only four times, with the highest
being 16%.
2.3. Analysis
Themasses of the collected particulates were determined gravimet-
rically using a microbalance with a resolution of 1 μg (Mettler Toledo
MX5, Mettler Toledo, Columbus, USA) in an environmentally controlled
laboratory. Filters were conditioned at 20 °C and 50% relative humidity,
for at least 24 h before weighing, and stored in Petri dishes until sam-
pling. After sample collection, they were conditioned again, weighed
and stored at 4 °C until the analysis.
The ﬁlters were analysed ﬁrstly bymeans of X-ray ﬂuorescence (Ep-
silon-5 XRF, PANAnalytical, The Netherlands) in order to determine the
bulk elemental concentrations of selected elements (Al, As, Ca, Cd, Cl, Cr,
Cu, Fe, K,Mn,Ni, Pb, S, Sb, Se, Si, Sr, Ti, V, Zn) and afterwards subjected to
Ion Chromatographic (IC) analysis (Dionex DX-120, Dionex, USA) for
anion (Cl−, NO3−, SO42−) and cation (Ca2+, K+, Mg2+, Na+, NH4+) con-
centrations. Experimental procedures have been described elsewhere
(Avigo et al., 2008; Stranger et al., 2009). The IC detection limits
(LODs) were estimated from blank ﬁlters (three standard deviations
of the concentration found in blank) using the average air volume of
PM2.5 and PM1 samples taken during the sampling campaign. LODs
were ranging from 3 ng m−3 for magnesium to 72 ng m−3 for sodium
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cation in PM2.5, and from 1 ng m−3 to 30 ng m−3 in PM1 for the same
cations, respectively. Magnesium and calcium ions were generally
found in very low amounts. Magnesium was detected above its LOD in
63% of all samples, calcium, in 46%. All other ions were detected in sig-
niﬁcant amounts in all samples. The precision was better than 3.6% for
all analytes (Bencs et al., 2008). For XRF analysis, the detection limits
ranged from 0.7 for vanadium to 32 ng m−3 for aluminium in PM2.5
and from 0.3 ng m−3 for vanadium to 13 ng m−3 for aluminium in
PM1. Cd, Se and Sb were below the detection limits in all samples; for
other elements there were 11% of non-detects. The precision, expressed
as relative standard deviation of three repetitions, was generally below
5%; for about 20% of samples it exceeded 15%. Quality check of these
analyses was performed by calculating the correlation coefﬁcients be-
tween elemental-sulphur and sulphate-sulphur. R2 values of 1 and
0.99 were found for indoor and outdoor PM2.5, respectively. The PM1
correlation coefﬁcients were 0.99 for both indoor and outdoor PM. For
chloride the values were somewhat lower, in indoor PM1 two outliers
had to be excluded, the correlations had the R2 equal to 0.98 and 0.95
in PM2.5 indoors and outdoors, and 0.84 in indoor and 0.97 in outdoor
PM1.
Identiﬁcation of the origin of air masseswas done for each day of the
sampling using 5-day backward trajectories performed with Hysplit
model (http://www.arl.noaa.gov/HYSPLIT.php)(Draxler and Rolph,
2013). Initial heights of 2 m and 20 m above ground level were
investigated.
All statistical calculations were performed using an IBM SPSS Statis-
tics, version 22.0 software package (IBM Corp., Armonk, NY, USA).
3. Results and discussion
3.1. Mass concentrations
Descriptive statistics of daily PM2.5 and PM1 concentrations for the
whole campaign, episode days and non-episodedays are summarised in
Table 1. Mean outdoor concentrations of 77.0 μg m−3 and 36.7 μg m−3
for PM2.5 and PM1, respectively, are reported for episode days. Mean
indoor concentrations were 43% and 29% lower for PM2.5 and PM1, re-
spectively (Table 1). PM1 therefore constitutes 53% of PM2.5 on average
(48 ± 12% for EDs and 55 ± 11% on NEDs) in outdoor air and 64 ± 8%
(62 ± 12% for EDs and 65 ± 9% on NEDs) indoors. Maximum PM2.5
concentrations reached 101 μg m−3 (46.1 μg m−3 for PM1) outdoors
and 53.5 μgm−3 (31.9 μmm−3 for PM1) indoors. In context to the over-
all research project investigations, these values are considerably higher
than any of those measured during ﬁve other campaigns, in different
old-age homes in Belgium between years 2007 and 2010. These values
are alsomuch higher than some of the values published across the liter-
ature, for example: in Birmingham7.9 μgm−3was reported for residen-
tial indoor PM2.5 (Jones et al., 2000), and 9.1 μgm−3 in Oxford, England
(Lai et al. (2004)). A maximum of 56 μg m−3 was observed for outdoor
PM2.5 in Canada (Cheng et al., 1998), and 66 μg m−3 (PM2.5 12 h day
sample) in a study of air quality in ofﬁces near a busy street in the centre
of Antwerp (Horemans and Van Grieken, 2010). The outdoor values are
also higher than those found in the study of Stranger et al. (2009)
reporting on residential indoor air quality in Belgium, although the av-
erage indoor concentration andmaximum values reportedwere similar
to the ones reported here. Moreover, EDs' PM2.5 outdoor values
exceeded those reported for PM10 during a yearly study at six different
sites in Belgium (urban background to rural; 24-h samples taken once a
week) (Vercauteren et al., 2011). However, literature also indicates
much higher concentrations elsewhere, especially in Asia, for example,
Ye et al. (2003), in a yearly study in Shanghai, reportedweekly averages
of PM2.5 equal to 156 μg m−3.
Chen et al. (2003) in their study of pollution episodes set the thresh-
old value for EDs and NEDs at 150 μg m−3.
Fig. 1 gives the average ambient daily temperature, wind speed and
relative humidity during the study. Days with elevated PM concentra-
tions (13, 18, 19 February) are characterised by the lowest temperatures
(0.8–1.4 °C) andwind speeds (1.6–2.5m s−1). The only exception is the
20th Februarywhere high concentrations of PMweremeasured despite
a maximum temperature of 6.4 °C and a wind speed of 2.8 m s−1.
Vecchi et al. (2004), noticed typically an increase by 20–35% in both
PM1 and PM2.5 on days when wind velocity was lower than 2 m s−1.
In this study the increase of PM concentration registered on episode
days was much higher, on average 2.5 to almost 3 times higher, com-
pared to non-episode days. Wintertime increases in ambient pollutant
concentrations are frequently attributable to a combination of low
level, persistent temperature inversions and increases in emissions re-
lated to heating (Ye et al. (2003)). Additionally, lower temperatures oc-
curring during the winter season favour the persistence of particle
phase with respect to the gas phase, e.g. NH4NO3 (Vecchi et al.
(2004)). Inversion was evident on most days of high pollution events
in our study (See Fig. 1S in Supplementarymaterial). Additionally, back-
ward trajectory analyses revealed that anticyclonic circulation of the air
masses coincided with the episode days. On the 13th of February, the
impact of 120 h trajectories was almost entirely regional (Germany,
The Netherlands and Belgium) and between 18th and 20th February
the air masses originated in the Arctic region, passing Norway,
Sweden, Germany and ﬁnally creating an anticyclone over Belgium. As
pointed out by Viana et al. (2007a), anticyclonic scenarios lead to the
development of thermal inversions, air mass stagnation and accumula-
tion of locally emitted pollutants. During NEDs, air masses seemed to be
impacted to a larger extent by cleaner air from the Atlantic Ocean and
the North Sea before reaching the sampling location. This is especially
visible during the third week of the study, in which air masses travelled
very long distances over the Atlantic Ocean before reaching Belgium.
3.2. Indoor–outdoor correlations in PM
The degree of outside PM inﬁltration was gauged by determining
straight-line indoor–outdoor correlations for two fractions PM2.5-1
and PM1, thus using the value of the correlation coefﬁcient, R2, as the in-
dicator (Fig. 2). PM2.5-1 fraction was obtained by subtracting the con-
centrations found in PM2.5 and PM1. Mass concentration proﬁles for
PM2.5-1 match each other and this correlation is illustrated by an R2
of 0.93. A lower R2 of 0.74 was observed for PM1, but after removal of
an outlier (13.02.08) the value was close to that of the PM2.5-1 as is
seen in the insert of Fig. 2. The coefﬁcients for both fractions were con-
siderably higher than those reported for PM2.5 in residences in Califor-
nia (Geller et al., 2002), where the correlation coefﬁcient was equal to
0.37. This indicates that mass concentration increases on the outside
are reﬂected on the inside and one could deduce that a substantial frac-
tion of indoor particles in our study penetrated from the outdoor
environment.
The correlation between PM1 and PM2.5 (R2) was equal to 0.86
when PM outdoors were compared, and 0.97 for the indoor concentra-
tions. The I/O ratios for PM2.5 were always below 1, and those for PM1
exceeded 1 only twice (thus 17% of cases, amounting to 1.08 and 1.36).
Table 1
Summary of the PMmass concentrations (μg m−3) registered during the study.
Indoor Outdoor
PM2.5 PM1 PM2.5 PM1
Minimum 10.6 5.8 11.4 5.3
Mean 24.8 15.7 43.4 22.1
Median 17.6 11.3 32.8 18.4
Standard deviation 14.6 8.7 27.7 13.1
Maximum 53.5 31.9 100.6 46.1
Event 43.7 27.0 77.0 36.7
Standard deviation 7.2 3.3 20.1 12.0
Non-event 15.4 10.0 26.7 14.8
Standard deviation 2.9 2.0 8.1 5.2
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This, together with high correlations of indoor to outdoor air reported
above, suggests no major indoor sources of particulate matter in the
studied old-age home. PM1 decreased indoors by 29% on average com-
pared to outdoors and the PM2.5-1 fraction by 57%. These decreases
were similar on EDs and NEDs. It thus suggests a more effective indoor
penetration of ﬁne particles than of supermicron PM2.5-1 particles.
The building, hence, offers a relatively good protection against exposure
to supermicron particles and to its components, although larger deposi-
tion velocities of these particles onwindow, door and furniture surfaces
could also have played a role.
3.3. Chemical mass closure of PM
Chemicalmass closure of the PM2.5, PM1 and PM2.5-1was calculated
using the results obtained from both the IC and XRF analyses (Table 2).
PM2.5-1 composition was obtained by subtracting the concentrations
found in PM2.5 and PM1; therefore larger uncertainties may be
associated with this fraction. Subsequently, the relative contributions of
PM components were calculated to illustrate the differences between
EDs and NEDs and outdoor and indoor environments (Fig. 3). As pointed
out already by Putaud et al. (2004), relative contributions reﬂect the dif-
ferences in the sources and processes controlling the aerosol composition
as they are independent of dilution. Additionally, outdoor-to-indoor
transport of particles may modify the composition of PM. Meng et al.
(2007) found distinct inﬁltration factors (fraction of ambient PM found
indoors) for several components of PM2.5. For those reasons, the contri-
butions of secondary inorganic aerosols, crustal matter, sea salt, smoke
and other elements (including heavy metals) to collected PM size frac-
tions were studied in detail. Crustal matter, sea salt, non-crustal K
(smoke origin) non-sea salt (nss) SO42− were assessed using the ap-
proaches published previously (Chan et al. (1997), Maenhaut et al.
(2002), Sillanpää et al. (2006)). Sea salt content was calculated from
Na+ and Cl− concentrations, nss-SO42− from measured SO42− and Na+
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Fig. 1. Ambient meteorological conditions during the sampling campaign.
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taken into account. The concentrations of inorganic secondary species
(NH4+, NO3−) and “other” elements (As, Cr, Cu, Mn, Ni, Pb, Sr, V, Zn)
were determined directly from measurements.
Substantial amounts of PM, named “unidentiﬁed”, resulted from
subtracting the reconstituted mass of each sample from total PM mass
determined gravimetrically. Most likely it consists largely of organic
(OC) and elemental carbon (EC), which were not measured in this
study. Both, percentages of unidentiﬁed fraction and absolute values ob-
tained for PM2.5 (30%onoutdoor EDs corresponding to 24.6 μgm−3, and
up to 60% indoors on NEDs, corresponding to 9.2 μg m−3) are in agree-
ment with the values obtained for OC and EC components in other stud-
ies conducted in Belgium and Europe, in which the major component of
urban or regional background PM2.5 and PM10 appeared to be organic
matter (Maenhaut et al. (2002), Putaud et al. (2004), Querol et al.
(2004a), Sillanpää et al.(2006)). The OC + EC component is thought to
originate mainly from trafﬁc emissions, heating and other combustion
related processes. The “unidentiﬁed” fraction prevailed in PM1with con-













































































Fig. 3. Relative contribution of PM components to outdoor (a) and indoor (b) PM2.5, PM1 and PM2.5-1 on EDs and NEDs.
Table 2
Contribution of PM components to outdoor and indoor PM2.5, PM1 and PM2.5-1 on EDs and NEDs. Concentration value (μg m−3) is accompanied by 1σ.
NO3− Nss-SO42− NH4+ Sea salt Other elements Crustal matter Smoke Unidentiﬁed
Outdoors
ED PM2.5 22.9 ± 5.3 18.2 ± 9.5 11.0 ± 3.0 2.3 ± 0.9 0.26 ± 0.11 2.3 ± 0.7 0.30 ± 0.11 24.6 ± 9.4
ED PM1 11.3 ± 4.7 5.8 ± 2.5 4.2 ± 1.3 1.1 ± 0.4 0.13 ± 0.06 0.4 ± 0.2 0.27 ± 0.10 16.0 ± 4.8
ED PM2.5-1 11.5 ± 3.6 12.4 ± 7.7 6.9 ± 2.9 1.3 ± 0.6 0.13 ± 0.05 1.9 ± 0.5 0.04 ± 0.03 8.6 ± 4.3
NED PM2.5 5.4 ± 3.0 3.0 ± 1.5 2.0 ± 0.9 1.6 ± 0.6 0.14 ± 0.08 1.6 ± 1.2 0.14 ± 0.05 12.7 ± 5.9
NED PM1 3.1 ± 1.5 1.7 ± 0.4 1.2 ± 0.4 0.6 ± 0.2 0.07 ± 0.04 0.3 ± 0.1 0.14 ± 0.07 7.8 ± 4.2
NED PM2.5-1 2.3 ± 2.1 1.4 ± 1.2 0.8 ± 0.6 1.0 ± 0.5 0.07 ± 0.05 1.4 ± 1.1 0.01 ± 0.02 4.8 ± 3.0
Indoors
ED PM2.5 2.2 ± 1.2 12.1 ± 6.9 3.8 ± 1.7 1.2 ± 0.3 0.21 ± 0.08 2.1 ± 0.2 0.30 ± 0.08 21.2 ± 3.7
ED PM1 1.3 ± 0.8 7.9 ± 4.0 2.3 ± 1.1 0.4 ± 0.1 0.12 ± 0.03 0.9 ± 0.3 0.25 ± 0.06 13.8 ± 1.6
ED PM2.5-1 1.0 ± 0.6 4.2 ± 3.0 1.4 ± 0.7 0.7 ± 0.3 0.09 ± 0.05 1.2 ± 0.3 0.04 ± 0.03 7.4 ± 2.9
NED PM2.5 0.7 ± 0.3 1.9 ± 1.0 0.7 ± 0.3 1.3 ± 0.6 0.11 ± 0.05 1.2 ± 0.4 0.14 ± 0.03 9.2 ± 2.3
NED PM1 0.2 ± 0.1 1.2 ± 0.9 0.4 ± 0.3 0.5 ± 0.1 0.07 ± 0.03 0.5 ± 0.1 0.12 ± 0.05 7.0 ± 2.4
NED PM2.5-1 0.5 ± 0.2 0.7 ± 0.6 0.3 ± 0.2 0.9 ± 0.5 0.04 ± 0.02 0.7 ± 0.3 0.02 ± 0.02 2.3 ± 1.6
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an unaccounted PM mass may be as well water associated with hygro-
scopic aerosol components (Maenhaut et al. (2002), Querol et al.
(2004b)).
The relative contribution of unidentiﬁed species of particulate mat-
ter on EDs is signiﬁcantly lower than on NEDs for both indoor and out-
door PM. This component thus contributed less to the total PM on
episode days than on non-episode days, although in absolute values, it
was about two times higher on EDs. The increase occurred both in
PM1 and PM2.5-1 to a similar extent.
3.3.1. Secondary inorganic aerosol species (SIA)
Nss-sulphate constituted 99% of ambient PM 2.5 sulphate on EDs in
all studied fractions and about 92% (96% of PM1 sulphate and 80% of
PM2.5-1 sulphate) on NEDs. In addition, on EDs the percentage range
of nss-sulphate was very narrow — from 98% to 100%, on NEDs, it was
more variable. In PM1 it varied between 91% and 97% and in PM2.5-1,
between 43% and 97%. The highest relative contribution of sea-
sulphate was seen in the third week of the study, when the air masses
passed a long distance over the Atlantic Ocean and it was preferably as-
sociated with fraction PM2.5-1.
Nss-sulphate, nitrate and ammonium, dominate the composition of
PM, constituting 64% of PM2.5 during EDs (52 μg m−3) and 39% on
NEDs (10 μg m−3). Hence, not only an absolute increase in the concen-
tration was seen but also the relative contribution increased by a factor
of 1.6 on EDs compared to NEDs. SIA absolute concentrations were 5–6
times higher during EDs compared to NEDs both indoors and outdoors.
Ram et al. (2012) reported an increase in concentration by a factor of 2–
3 in their study of SIA during fog and haze days. Although the percent-
age values reported by Ram et al. (2012) were much lower, the same
tendency was seen, namely about a 2 fold increase in contribution
from clear to foggy days. The episode days in our studywere apparently
not only inﬂuenced by a limited pollutant dilution connected to occur-
rence of temperature inversions, but alsomost probably by an increased
formation of secondary species due to the preferable meteorological
conditions. At lower ambient temperature and wind speed, high RH
and SO2 and in the presence of higher particle concentration the conver-
sion of gaseous SO2 to particle SO42− is expected to be higher (Ram et al.
(2012)).
Amongst secondary species, nitrate prevailed mostly in ambient air,
whilst nss-sulphate was the dominant ion in the indoor air. The nitrate
indoor/outdoor (I/O) ratio was only 0.14 on the average whilst the nss-
sulphate ratio was equal to 0.66 for PM2.5. For PM1, these values were
0.10 and 0.96 for nitrate and nss-sulphate, respectively. The trend of
ﬁne particles showing higher I/O ratios for sulphate was also observed
by Jones et al. (2000).
The low I/O nitrate ratio indicates a signiﬁcant decrease of nitrate
concentration indoors due to the higher temperature compared to the
outdoor air and thus transformation of particle ammonium nitrate to
ammonia and nitric acid gasses (Parker et al. (2008)) (NO3− conversion
betweenparticle and the gas phase is strongly temperature dependent).
Nitrate appears to be evenly distributed between PM1 and PM2.5-1 on
EDs, both in absolute values and relative contributions in ambient
(29% and 27%, respectively) and indoor (5% and 6%) concentrations.
On NEDs the nitrate prevails in PM1 but its relative contribution is the
same in ambient PM1 and PM2.5-1 (20%); in indoor air it constitutes
only 2% of PM1 and 10% of PM2.5-1.
Nss-sulphate on the other hand, during episode days is preferential-
ly associatedwith the supermicron fraction (PM2.5-1), and so is ammo-
nia; the concentration of nss-sulphate in this fraction is 2 times higher
than in PM1 and in the case of ammonia 1.6 times higher. The relative
contribution follows a similar trend. Indoors, both nss-sulphate and am-
monia have a higher concentration in PM1 than in PM2.5-1which could
be attributed to lower inﬁltration capacity of supermicron particles. As
demonstrated earlier, the I/O for sulphate in PM1 was close to 1 on av-
erage for all days and much lower in PM2.5. The relative contributions
indoors are similar in both size fractions (29% and 26% for EDs and
12% during NEDs). On NEDs slightly higher concentrations of nss-
sulphate and ammonia are found in PM1 than PM2.5-1 in indoor as
well as ambient air.
TheNH4+/SO42−molar concentration ratioswere calculated andwere
found to be 1.8 and 1.9 for PM2.5 and PM1, respectively, for outdoor
concentrations and 0.9 and 0.8 for indoor PM2.5 and PM1 concentra-
tions. The maximum ratio was 3 in PM2.5 and 2.8 in PM1 during one
of the episode days. Scatter plots (not shown) of μequivalent concentra-
tions of NH4+ versus SO42− showed a signiﬁcant correlation for both out-
door and indoor fractions (R2 = 0.80 and 0.72 for outdoor PM2.5 and
PM1, and 0.98 for indoor PM2.5 and 0.99 for indoor PM1). Generally,
at low ammonia concentrations, neutralisation of sulphate is favoured
over nitrate; nitrate is stabilised by ammonium at NH4+/SO42− N 1.5;
this thresholdwas set at 2 in the study of Squizzato et al. (2013) and ref-
erences therein. In our study, nitrate dominates over sulphate in ambi-
ent air. When the sum of the μequivalent concentrations of NO3− and
SO42− concentrations were plotted against that of NH4+ (Fig. 4) the R2
for outdoor valueswere in the range of 0.97–0.99. The EDs are indicated
in red to illustrate their signiﬁcantly higher concentrations. The slopes
of the linear regression lines in all cases suggest an ammonia deﬁcit;
therefore invoke the possible role of mineral neutralisation. However,
the calcium and magnesium concentrations were very low and one
may conclude that an acidic aerosol prevailed. Although Querol et al.
(2001) has found the slope value close to 1 for PM2.5 in Barcelona,
Spain (1.5 for PM10), others reported ammonium deﬁcits similar to
our study, for e.g. Yao et al. (2002) found the slope equal to 1.2–1.4.
Taking into account that the average molar concentration ratios, also
referred to as a neutralisation ratio (NR) (Bencs et al. (2008),
Squizzato et al. (2013)), for NH4+/NO3− +nss-SO42− are 0.8 and 0.7
outdoors and indoors for PM2.5, and 0.8 for PM1 indoors and outdoors,
one can conclude that the ammonium deﬁcit is similar for both
environments.
y = 1.1711x + 0.0273
R² = 0.9711
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Fig. 4. Correlations between ammonium and the sum of nitrate and sulphate ions in PM1 and PM2.5 (expressed as micro equivalents per m3).
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3.3.2. Crustal matter
Crustal matter was calculated using Eq. 1.16 (1.90Al + 2.15Si +
1.41Ca + 1.67Ti + 2.09Fe) (Chan et al. (1997), Maenhaut et al.
(2002), Sillanpää et al. (2006)). Additionally, enrichment factors were
calculated for all elements. Enrichment factor analysis is based on com-
parison of the speciﬁc element's concentration to the concentration of a
so-called reference element (Fe in this case) in air relative to their con-
centration ratio in the Earth's crust (Mason, 1966). The enrichment fac-
tor close to one indicates that the crust is the likely source of the element
whilst very high EF, points to origin other than crustal. All the
abovementioned elements have enrichment factors close to 1 (0.1–
2.4), conﬁrming their natural origin. Crustal matter contributes to
about 3% (2.3 μg m−3) of the total PM2.5 mass outdoors during episode
days and up to 6% (1.6 μg m−3) on non-episode days. These values are
similar to those found for mineral fraction in Ghent, Belgium, namely
3% for winter PM2.5 and 4% for summer (Viana et al. (2007a)).
The mineral fraction is preferably associated with the supermicron
PM2.5-1 particles; its concentration in this fraction is higher by a factor
of about 4–5, compared to PM1. Indoors, this prevalence decreases to a
factor of 1.5. Hence, it constitutes 5% of the indoor PM2.5 on episode
days and 8% on NEDs. It is mostly derived from wind-blown soil dust
in the outdoor environment or from re-suspension of the ﬂoor dust
from human activities indoors. It is worth mentioning that the concen-
tration of this fraction in PM2.5-1 is lower indoors than outdoors
(I/O = 0.7), whilst in PM1 it is higher (I/O = 2, with the exclusion of
one detected (p b 0.05) outlier of 8). All days were taken into account.
Amongst the crust elements analysed, Al outdoors in the PM1 fraction
was often found below the detection limit (9 days out of 12), in indoor
PM1, only 1 day was below this limit. It may thus lead to some inaccu-
racies in estimating the contribution of crustal matter outdoors. Other
four elements (Ca, Fe, Si, Ti) taken into account for “crustal matter” cal-
culation had concentrations between 2 and 165 times above their re-
spective detection limits in both environments. The inaccuracies are
thus not expected to be large. The elevated ratios for indoor PM1
could be attributed to re-suspension by the movement of people. This
was not seen for PM2.5-1, perhaps due to much lower outdoor contri-
bution to indoor levels in this fraction than in PM1. The indoor PM is a
sum of particles generated indoors and those which inﬁltrated from
the outdoor environment. Similarly, Horemans and Van Grieken
(2010) found the contribution of soil dust (calculated in the sameman-
ner) in PM1, collected in ofﬁces in Antwerp (Belgium), higher indoors
than outdoors during the day and slightly lower during the night, and
was explained as being a result of daily ofﬁce activities, which prevent
gravitational settling.
3.3.3. Sea salt
Sea salt content was calculated using the concentrations of Cl−, Na+
and a standard composition of sea water. As this approach may have a
disadvantage of attributing a part of Cl− which may originate from
urban/industrial activities to sea salt, an alternative approach was also
tested, which assumes that sea salt contains 30.8% of Na (Maenhaut
et al. (2002)). The latter approach may on the other hand overestimate
the salt content, since Cl−may be lost from sea salt particles in the at-
mosphere, especially from the ﬁne PM fraction (Maenhaut et al., 2002;
Bencs et al., 2008). Interestingly, during NEDs (and one of the episode
days, 13th February, which was inﬂuenced by solely regional anticy-
clonic air masses), the approach using both ions estimated the content
of sea salt to be 40% less than the other approach, conﬁrming thus the
loss of Cl− ions and overestimation of sea salt content using Na+ con-
tent only. This did not seem to be the case during the other episode
days, where the approach using both the contents of Cl− and Na+ ions
estimated the salt content to be about 40% higher than when using
Na+ only. An increase in Cl concentration (both as soluble Cl− and
total Cl) was visible during the episode days (except for the 13th of
February), in all PM fractions outdoors, whilst Na+ concentration
remained constant through thewhole campaign, withminimal changes
conﬁrming that the increased chloride concentration could not be at-
tributed to sea salt. This can possibly mean that a part of Cl− originated
from other sources than sea salt on most days with high pollution and
that the sea salt contentmight be overestimated during those days. An-
other possibility is as stated by Ye et al. (2003); that the chloride might
have originated from the sea salt in large particles but has been
displaced by the reaction with nitric acid, followed by the reaction
with ammonia to form smaller particles. Higher concentration of pollut-
ants on EDs might have enhanced this process. The fact that the molar
ratio of Cl−/Na+ is not close to unity (if close to one, according to Ye
et al. (2003), it may indicate sea salt origin of chloride) further suggests
the possible presence of ammonium chloride, which would result in an
evenmore acidic aerosol. Indoors, the chloride concentrationwas large-
ly reduced compared to respective outdoor values, especially on episode
days. I/O ratios of such calculated sea salt were thus 0.5 on EDs and 0.8
on NEDs in both PM2.5 and PM1. Sodium is the only ion that shows the
I/O ratio of 1 in both PM fractions. The sea salt contributes to about 3%
(2.3 μg m−3) of the total ambient PM2.5 on EDs and 6% on NEDs
(1.6 μg m−3). It is preferably associated with the supermicron frac-
tion PM2.5-1, having about 2 times higher concentration than in
fraction PM1 during NEDs. During EDs these differences are less pro-
nounced (Table 2). Generally, the contribution of this fraction is sim-
ilar in our study to the results obtained for ambient Ghent PM, where
it constituted about 5% (1.2 μg m−3) of winter PM2.5 (Viana et al.
(2007a)).
3.3.4. Other elements
The fraction “other elements”was calculated similar to the study of
Sillanpää et al., 2006, by summation of the Sr, Cr, Ni, Mn, Cu, Zn, As, Pb
and V concentrations. For samples below the detection limit, random
numbers below the detection limits were generated for the calculation
of the averages. This fraction contributes negligibly to the sampled
PM, namely 0.3–0.8% of various size ranges (Table 2). Amongst these el-
ements, Sr had the lowest EFs (1.7–2.6), comparable with other soil de-
rived elements. Mn and Cr show medium enrichment, therefore
displaying both natural and anthropogenic origins and are followed by
slightly higher values for V and Ni. Cu, Zn, As, Pb are highly enriched
(EFs N 100), implying mainly anthropogenic origin of those species.
The results of concentrationmeasurements and EF calculations are pre-
sented in Table 3.
The “other elements” are mostly heavy metals that were present in
relatively low concentrations in the outdoor environment and only as
Table 3
The elemental concentrations (ng m−3) of PM2.5 and PM1.
Element ED ND EFcrust ED ND EFcrust
PM2.5 outdoor PM1 outdoor
As 6 3 433 4 2 1380
Cr 5 3 8 1 bLOD 12
Cu 19 22 101 8 7 135
K 508 259 3 320 165 8
Mn 17 12 4 6 4 5
Ni 9 4 17 5 3 48
Pb 51 31 695 31 17 1660
Sr 2 2 2 1 bLOD 3
V 10 5 12 7 3 39
Zn 137 60 232 63 30 520
PM2.5 indoor PM1 indoor
As 5 2 688 3 2 942
Cr 3 2 11 2 1 14
Cu 17 24 156 9 11 163
K 452 212 4 313 152 6
Mn 14 9 4 7 4 4
Ni 6 3 18 4 2 31
Pb 40 22 715 26 15 1124
Sr 3 2 3 1 bLOD 2
V 8.1 3 12 6 3 23
Zn 108 40 250 60 28 398
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trace quantities in the indoor air. A few remarks concerning these ele-
ments are however of importance. In general, Pb had one of the highest
concentrations in this class, ranging from 15 ng m−3 (NEDs indoor
PM1) to 51 ng m−3 (EDs ambient PM2.5). The National Ambient Air
Quality Standard (NAAQS) for Pb (3 months rolling 0.15 μg m−3) is
therefore not exceeded, neither was it exceeded under the New
European Directive (Directive 2008/50/EC — http://ec.europa.eu/
environment/air/quality/legislation/directive.htm) where the standard
is 0.5 μg m−3 based on a yearly average. The new directive that came
into play on 31.12.2012 (http://ec.europa.eu/environment/air/quality/
standards.htm) for As (6 ng m−3) was exceeded during EDs for
PM2.5, but it should be noted that our concentrations are reported as
24-h averages and the standard is an annual average. Other elemental
concentrations regulated by the new directive are Ni and Cd, both of
which were well below the standard. Except for Cu and Cr, all other mi-
nors and traces in general exhibited increases in concentration on EDs,
ranging from 1.1 to 2.5 times higher than on NEDs. It is also noticeable
that V, Fe andNi showed on average a 1.9 increase in concentration dur-
ing EDs. These threemetals are of interest as Jacobs et al. (2012) report-
ed a signiﬁcant association between their concentrations and the
systolic blood pressure and pulse pressure of the elderly in this (and 5
other) old age homes. During non-episode days the concentration levels
of elements in this group are comparable with the levels reported in
other studies of outdoor PM2.5 in Antwerp, Belgium (Götschi et al.
(2005), Stranger et al. (2009)). On EDs only Cu and Zn exceeded levels
reported as winter average for Antwerp (Götschi et al. (2005)) by 1.4
times. In another work by Horemans and Van Grieken, (2010), 12 h
(both day and night) PM1 and PM2.5 averages calculated for those
elements inside ofﬁces in Antwerp, were much higher than our NEDs'
indoor levels. On EDs, Zn, Ni and V were elevated in our study by 1.5–
3.5 times.
Elements such as: As, Ni, Pb, V and Zn accumulate to a large extent in
theﬁne fraction as opposed to for example Ti; Fig. 5 shows the fractional
distributions (PM1 and PM2.5-1) of these elements with Ti given for
comparison. They are characterised by high PM1/PM2.5 ratios of 0.5–
0.7 in ambient air and 0.6–0.7 in indoor air. These ratios generally in-
crease for indoor air compared to outdoor air as expected due to the
ease of inﬁltration of ﬁne particles. Additionally, in Fig. 5, sulphur was
shown as it exhibits the largest difference in the fractional distribution
between EDs and NEDs (about 20%). For other elements a variation
below 10% can be seen.
Pearson correlation coefﬁcients (not shown)were calculated for these
elements to investigate which of them may originate from a common
source. Cr was excluded from correlation analyses as it was detected in
about 50% cases only. Amongst other elements, V correlated very well
with Ni (r = 0.92, p b 0.001 for PM2.5 outdoors) both are considered
as originating in Europe from oil combustion (Swietlicki and Krejci
(1996)). Their concentration was two times higher on EDs compared to
NEDs. Cu did not correlatewith other elements from this group; it is fairly
correlated with Ca, Si and Ti in ambient PM1 (r= 0.66–0.72, p= 0.008–
0.020); what may suggest some contribution of re-suspended road dust
source as Cu is a known tracer for break wear (Viana et al. (2007b),
Cyrys et al. (2003)). In PM2.5 these correlations are weaker (r = 0.43–
0.63) and are only signiﬁcant for Ca (r= 0.62, p= 0.028). Other anthro-
pogenic origin elements (Zn, As, Pb) correlated verywell with each other











































































































































































Fig. 5. Partitioning of various elements between PM1 and PM2.5-1 fractions outdoors (a) and indoors (b) during EDs and NEDs.
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correlation between Zn, K and Cl (r = 0.97–0.99, p b 0.001) in ambient
PM1. In PM2.5, the correlation between Zn and K is still high (r = 0.99,
p b 0.001) butwith Cl it is slightlyweaker (r=0.74–0.77, p b 0.01), prob-
ably because of higher contribution of sea salt Cl in this fraction. K is
generally associated with biomass combustion (Götschi et al.
(2005)) and waste incinerators (Maenhaut et al. (2002)) whilst Zn,
is considered to originate from trafﬁc and/or industrial activities
such as non-ferrous smelters. Cl, apart from its natural sea salt origin,
is thought to originate from industrial emissions of hydrochloric acid
and from waste incineration (Götschi et al. (2005)). As already men-
tioned, the air masses inﬂuencing the high pollution days created an
anticyclone over the territories of Belgium, The Netherlands and
Germany, favouring the accumulation of pollutants not only from
local trafﬁc emissions and local industrialised areas (Antwerp) but
also from more distant locations such as for example highly
industrialised Ruhr region (Stranger, 2005) in Germany.
3.3.5. Smoke
The contribution of smoke (or non-crustal K) was calculated as con-
centration of K— 0.6 of that of Fe (Maenhaut et al. (2002)). This fraction
contributes to about 0.5% of PM2.5 (0.3 μg m−3), it is preferentially as-
sociated with PM1, ranging from 0.7% in ambient PM1 on EDs to 1.2%
of indoor PM1 during NEDs. The indoor concentration equals outdoor,
as already mentioned elsewhere, due to the high efﬁciency of ﬁne par-
ticles to penetrate the building envelope. The average concentration of
this fraction during episode days is twice as high as that on normal days.
3.4. Ion balance
In order to evaluate the acid–base balance of aerosols the ion balance
equations (Shen et al., 2009; Zhang et al., 2002) were calculated in both
PM fractions according to Eqs. (1) and (2) for cations (C) and anions (A),
respectively, whereby the concentration for each ion is in μg m−3. The
contribution of Mg2+ and Ca2+ were very low, in agreement with
Stranger, 2005, thus random numbers were generated for samples
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The C/A ratios were subsequently calculated. On average, during the
episode days all fractions, except for PM2.5 indoors, were slightly acidic
(C/A = 0.9), whilst on normal days the aerosol particles were on aver-
age slightly basic with the C/A values between 1 and 1.3 for different
fractions. Statistically signiﬁcant differences between EDs and NEDs
were, however, only found indoors in PM2.5 (p = 0.009) and PM1
(p = 0.022). During EDs the C/A values in outdoor PM2.5 ranged be-
tween 0.82 and 1.08, whilst in PM1, between 0.80 and 0.91. During
NEDs in outdoor PM2.5 variation between 0.74 and 1.30 was found
and in PM1 between 0.93 and 1.33. Indoors, during EDs PM2.5 C/A
values were between 0.90 and 1.02 and in PM1 between 0.89 and
0.91, on NEDs these values ranged from 0.96 to 1.58 in PM2.5 and
0.98 to 1.47 in PM1 (in this fraction two values above 3 were seen).
Neutral to alkaline aerosols coincided with the minimas of the regis-
tered PM mass (third week of the study, Fig. 2), thus both anions and
cations showed lower concentrations than during other days of the
study. The highest sea salt content was registered (2 days out of 4) on
those days, and a direct inﬂuence of North Sea and Atlantic Ocean air
masses was noticed.
4. Conclusions
A comprehensive insight into the composition of PM2.5 and PM1 on
high and low pollution days and outdoor to indoor comparisons of PM
sampled in old-age home was provided. This paper is complementary
to a study by Jacobs et al., 2012, which investigated acute, short-term
health effects of PM and its composition in the elderly part of the popu-
lation. Extremely high ambient PM2.5 and PM1 values were registered
during some days of this study. The investigation of PM composition re-
vealed that although all components were found to be considerably
higher during episode days than during non-episode days, it was the
secondary inorganic aerosols that contributed the most towards an in-
crease in the PM pollution as their relative contribution was higher by
a factor of 1.6. Therefore, the episode days were not only inﬂuenced
by a limited pollutant dilution connected to occurrence of temperature
inversions, but alsomost probably by an increased formation of second-
ary inorganic pollutants due to preferable meteorological conditions.
The 120 h air mass backward trajectories inﬂuencing the high pollution
days showed anticyclonic scenarios with no or less direct inﬂuences of
theNorth Sea or Atlantic Ocean airmasses than during the lowpollution
days. The anticyclone was formed over the territories of Belgium, The
Netherlands and Germany thus facilitating the accumulation of both
local and regional pollutants. Natural contribution (mineral dust and
sea salt) was relatively less important on EDs than NEDs, the same
was true for the “other elements”which included mostly heavy metals
and for unaccounted mass which is in our study most probably com-
posed of OC, EC and water. An ammonium deﬁcit for PM was deducted
in this study, especially on EDs. On average, the PM fractions on EDs
were then slightly acidic (C/A = 0.9), whilst on normal days more var-
iations were seen, and C/A ranged from acidic to alkaline (C/A N 1–1.3)
in ambient air. Neutral to alkaline aerosols coincided with the minimas
of the registered PMmass. Amongst heavymetals Zn and Pbwere found
at the highest concentrations in both PM2.5 and PM1.
No signiﬁcant sources of indoor pollutants could be identiﬁed inside
the old-age home. Generally, the PM1mass concentration decreased in-
doors by 29% compared to outdoors, whilst PM2.5-1 fraction by 57%;
this decrease was similar on EDs and NEDs. This is in agreement with
the fact that ﬁne mode particles penetrate the building envelope easier
than supermicron mode. High correlations were found between out-
door and indoor PM, conﬁrming the mainly outdoor origin of air pollu-
tion inside the Czagani old-age home.
Supplementary data to this article can be found online at http://dx.
doi.org/10.1016/j.scitotenv.2014.04.102.
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• PM emission from biodiesel burning
may be more harmful to human health
than diesel.
• Euro V (SCR) engine fuelled with B5
and B20 tested in a bench dynamome-
ter
• Electron Spin Resonance (ESR) to access
the oxidative potential of PM emission
• Add biodiesel in the fuel blend in-
creases OP while SCR system reduces it.
• Free radicals generation due biodiesel
can cause deleterious effects in health.
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Although the particulate matter (PM) emissions from biodiesel fuelled engines are acknowledged to be lower
than those of fossil diesel, there is a concern on the impact of PM produced by biodiesel to human health. As
the oxidative potential of PM has been suggested as trigger for adverse health effects, it was measured using
the Electron Spin Resonance (OPESR) technique. Additionally, Energy Dispersive X-ray Fluorescence Spectroscopy
(EDXRF) was employed to determine elemental concentration, and Raman Spectroscopy was used to describe
the amorphous carbon character of the soot collected on exhaust PM from biodiesel blends fuelled test-bed en-
gine, with and without Selective Catalytic Reduction (SCR). OPESR results showed higher oxidative potential per
kWh of PM produced from a blend of 20% soybean biodiesel and 80% ULSD (B20) engine compared with a blend
of 5% soybean biodiesel and 95% ULSD (B5), whereas the SCRwas able to reduce oxidative potential for each fuel.
EDXRF data indicates a correlation of 0.99 between concentration of copper and oxidative potential. Raman Spec-
troscopy centered on the expected carbon peaks between 1100 cm−1 and 1600 cm−1 indicate lower molecular
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techniques used in this study highlight the link between biodiesel engine exhaust and increased oxidative poten-
tial relative to biodiesel addition on fossil diesel combustion. The EDXRF analysis conﬁrmed the prominent role of
metals on free radical production. As a whole, these results suggest that 20% of biodiesel blends run without SCR
may pose an increased health risk due to an increase in OH radical generation.
© 2015 Elsevier B.V. All rights reserved.
1. Introduction
Particulate matter (PM) from anthropogenic sources is of particular
concern to human health and has been associatedwith adverse health ef-
fects (Wjst et al., 1993; Kim et al., 2004; Gauderman et al., 2005; Tonne
et al., 2007; Ryan et al., 2007). Such effects are linked to particles size,
composition, concentration and sources (Davidson et al., 2005;
Smekens et al., 2005; Viana et al., 2008; Lee and Hieu, 2011). One partic-
ularly notable source of harmful particulate emissions is diesel engines.
The PM output from these engines have been linked to cardiopulmonary
mortality and morbidity including cancer (Tarkiainen et al., 2003;
Nemmar et al., 2007; Peretz et al., 2008; Rivero et al., 2005;
Benbrahim-Tallaa et al., 2012). Despite the increase in the health risk
being relatively small, the incidence of exposure is high, thus demonstrat-
ing its signiﬁcant importance as the population is exposed (Lim et al.,
2012). Accordingly, technologies to reduce emissions associated with
diesel vehicles have been implemented (Gill et al., 2012; Borillo et al.,
2015). Examples include diesel particulate ﬁlters (DPFs), aftertreatment
exhaust emission systems (e.g. selective catalyst reduction - SCR). In ad-
dition, in light of renewal energy sources, biodiesel is promoted as a sus-
tainable source (Cheng et al., 2008; Hu et al., 2009; Chin et al., 2012).
In short, biodiesel is an ester-based fuel obtained from different veg-
etable oils, and in some countries, has become accepted as a partial or
total substitute for fossil fuels. Introduction of Diesel engines operating
with biodiesel is widespread in Brazil, where the majority of this
study is based. It is imperative that biofuel emissions are of a higher
quality that those of traditional diesel engines for biodiesel to be a suit-
able alternative. Literature indicates the reduction of PM mass concen-
tration due to use of biodiesel compared to fossil diesel (Lapuerta
et al., 2008; Bünger et al., 2012; Guo et al., 2014). Similarly, SCR
aftertreatment engines have been shown to reduce the quantity of PM
produced and gases (Tadano et al., 2014). However, it has been sug-
gested that despite the reducedmass concentrations of PM, cytotoxicity
and pro-inﬂammatory marker increase with use of biodiesel relative to
fossil diesel release (Kooter et al., 2011; Swanson et al., 2011;
Gerlofs-Nijland et al., 2013). The effect of engine exhaust particles on
oxidative potential is of particular interest for this study because of its
well documented association with acute and chronic health effects
(Halliwell and Gutteridge, 1999; Valko et al., 2007; Patel et al., 2011).
The speciﬁc cause of excess free radical production is yet to be proved
conclusively (Betha et al., 2012). One possible explanation is the in-
creased quantity of organic matter output from biodiesel fuelled en-
gines, oxidizing once access is gained to the body (Yanamala et al.,
2013). The contribution of organic content is again estimated by Jung
et al. (2006) who report increased hydroxyl radical (OH•) production
as a result of ﬂame soot, compared to carbon black. However these con-
cepts differ from the conventional explanation the inﬂuence of metal
species. The Fenton reaction describes the production of OH• by the re-
duction of hydrogen peroxide and simultaneous oxidation of transition
metal ions (Shi et al., 2003). Although the example equation features
oxidation of iron, this process is observed for other metals such as cop-
per (Kadiiska andMason, 2002), tin (Lilley et al., 2013), chromium (Lou
et al., 2013), even aluminium, despite the fact it only exists in one oxida-
tion state (Kumar and Gill, 2014).
Fe2+ + H2O2 + H+→ Fe3+ + H2O + OH•
The primary objective of this study is to assess the probable oxida-
tive stress caused by exposure to PM of diesel and biodiesel fuelled
engines using SCR aftertreatment. This was achieved by using the elec-
tron spin resonance analysis in order tomeasure the free radicals gener-
ation due to PM emitted by different aftertreatment/fuel settings.
Raman spectroscopy and Energy Dispersive X-ray ﬂuorescence spec-
troscopy (EDXRF) experimentation were carried out to provide a




Collection of total PM took place at Institute of Technology for Devel-
opment, Lactec, Curitiba, Brazil. The engine emissions testing facilities
used an engine dynamometer and an engine equipped with a urea
SCR aftertreatment system, in accordance with the Euro V standard.
Table 1 shows the characteristics of the tested engine. The tested en-
gine has an individual four-valve cylinder head, cross-ﬂow arrange-
ment; common rail injection system with 1800 bars and engine brake
“power brake.” It is used in trucks, minibuses and buses. The engine
has a power output of 187 HP (2200 rpm), a peak torque of 720 Nm
and follows the European Union regulation no. 715/2007 requirements
Euro Vwith urea-SCR system. The EuropeanUnion (EU) adopted Euro V
engine since 2009 and the Euro VI engine in 2013. In Brazil, due to tech-
nological delays, especially according to high sulfur concentration in
diesel fuel, the Euro V enginewas established in 1 January 2012, through
the PROCONVE seventh campaign. Nowadays, around 140,000 trucks
and 30,000 buses equipped with SCR systems are being used in Brazil
(Anfavea, 2013).
This engine works in conjunction with an AVL SESAM i60 FT dyna-
mometer, 440 kW power output at 6,000 rpm and 2,334 Nm of torque.
This set up uses the European Steady Cycle (ESC) test set up in accor-
dance with the European emission regulations directive 1999/96/EC.
The ESC uses different engine and dynamometer settings, designed to
simulate a variety of different speeds and load weights, to allow collec-
tion of PM. The fuels used in this study were a blend of ultra-low sulfur
diesel (ULSD) (10 ppm sulfur content) and soybean biodiesel in the fol-
lowing proportions: 5% (B5) and 20% biodiesel (B20). The same biodie-
sel were used to produce the B5 and B20 blends. The rationale behind
this choice is two pronged: Firstly, to show the effect of 5% versus 20%
biodiesel additions on emission proﬁles and secondly, both are repre-
sentative of current usage all over the world. Total PM for each of
these fuels was collected both with and without the SCR treatment,
thus a total of four different conditions were analyzed in this study.
Table 1
Characteristics of tested engine.
Speciﬁcations
Conﬁguration Euro V ‘Heavy Duty’/proconve P7
Valves/cylinder 4
Displacement 4.8 L
Bore × stroke 105 × 137 mm
Combustion system Direct injection
Injection system Common rail electronic
Aspiration TGV intercooler
Power output 187 cV (139.7 kW) 2200 rpm
Peak torque 720 Nm (73 kgf m−1) 1200–1600 rpm
Aftertreatment SCR
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The B5 and B20 fuels were previously characterized according to
methods and essays described on American (ASTM) and Brazilian
(NBR) standardization, results are presented on the Table 2. Total PM
was collected on Teﬂon coated glass ﬁber ﬁlters (T60A20, Pallﬂex®,
Ann Arbor, MI, U.S.A.) with a constant volume sampler (smart sampler,
AVL, Graz, Austria) to simulate PM dilution with air. The air dilution
must be set such as the exhaust diluted gas temperature measured im-
mediately before the ﬁrst ﬁlter does not exceed 325 K (52 °C). The dilu-
tion ratio must not be less than four. Themotor data acquisition system
was an Engine Computer Aided Test (E-Cat) from Sp Tronic (Guarulhos,
Brazil) that can store data of temperature, pressure, rotation, torque and
power simultaneously during tests execution. In order to evaluate just
the effects of B5 and B20 biodiesel blends and aftertreatment system
on oxidative potential, all engine tests were validated to achieve the
lower variations on the other experimental parameters, according to di-
rective 1999/96/EC of European Union. Therefore the tests with higher
variations were not considered for the present study.
2.2. Oxidative potential
Oxidative potential (OP), as predictor for oxidative stress, was mea-
sured by Electron SpinResonance (OPESR)with the spin-trap 5.5-dimeth-
yl-1-pyrroline-N-oxide (DMPO) in presence of hydrogen peroxide
(H2O2). The analyses were performed in a Miniscope MS 400 (MT
MagnetTech Gmbh, Berlin, Germany).
The methodology was based on the one demonstrated by Shi et al.
(2003) with adaptations regarding the exclusion of the resuspension
and ﬁltering steps, as recommended by Hellack et al. (2014). One ﬁlter
per each condition (n= 1) and two blank ﬁlters were cut in themiddle
and one half inserted in a vial and 0.5 mL of deionized water, 1 mL of
0.05 M DMPO (≥98% ELSD, Enzo Life Science, Farmingdale, NY, U.S.A.)
and 0.5 mL of 0.5 M H2O2 (p.a., Sigma-Aldrich, St. Louis, MO, U.S.A.),
both prepared in a Dulbecco's chloride and calcium free phosphate Buff-
er (PBS) (premium, Sigma-Aldrich, St. Louis, MO, U.S.A.), were added.
Vials content were mixed by vortexing (Vortex Genie-2, Scientiﬁc In-
dustries, Bohemia, NY, U.S.A.) for 20 s, followed by being placed in a
water bath shaker (type 1092, GFL, Burgwedel, Germany) at 37 °C at
150 rpm for 15 min, then vortexed again for 10 s. Finally, capillaries of
50 μL (Hirschmann Laborgeraete, Eberstadt, Germany) were placed in
the upper layer of themixture and ﬁlled in order to transfer the extracts
to the instrument, in which the analysis was performed. 10 μM copper
sulfate (CuSO4) (p.a., Sigma-Aldrich also, St. Louis, MO, U.S.A.) in PBS
was used as the positive control because of its known ability in inducing
Fenton type reactions (Hellack et al., 2014). Deionized water was used
as the negative control. The controls were mixed with DMPO and
H2O2 in the same ratio as for the samples and handled as described
above.
The OPESR settings for all measurements were the following: 3390 G
magnetic ﬁeld, 100G sweepwidth, 3 scans of 30 s, 2000mGmodulation
amplitude and 5E1 gain. The resulting OPESR spectrum consists of four
different peaks and the higher its amplitudes are, the higher is the PM
elicited OH generation. Results are achieved by calculating the average
of its total amplitudes and are expressed as arbitrary units (AU)
(Hellack et al., 2014). Those were reported as emission factors in
terms of the engine energy output (AUkWh−1) in order to show the po-
tential risk of implementing each fuel and exhaust technology.
2.3. Bulk elemental proﬁle
Information concerning the bulk elemental concentration is provided
by energy-dispersive X-ray ﬂuorescence (EDXRF). The measurements of
total PM were performed on a Minipal-4 (PANalytical, Almelo, The
Netherlands) equipped with a Silicon Drift Detector (SDD) which is
cooled thermo-electrically. For the analysis, a tube voltage of 30 kV, a
current of 0.3 mA and an acquisition time of 600 s were selected, in a
He-atmosphere, without any further step of sample preparation. The
equipment was set to detect a comprehensive list of bulk elements: Si,
S, K, Fe, Cu, Ga, Mg, Ca, Ti, Cr, Mn, Co, Ni, Zn, Br, Sr, Ag, Sn, Ba, Pb and
Se. The system calibration of the applied EDXRF method was based on
thin ﬁlm reference standards (Micromatter, Seattle, WA, USA) and vali-
dated by the measurement of various thin layer standards for each ele-
ment and a reference material from NIST (2783 air particulate on ﬁlter
media).
Metals such as Fe, Cr, Co, Mn, Cu and Zn were selected for analysis
because of their ability to produce reactive oxygen species (ROS) as
part of the Fenton chemistry (Rico et al., 2009; Verma et al., 2010). It
was preferred to assess a broad range of elements due to the complex
mechanisms that may trigger oxidative stress and the initial stage of
OPESR analysis of engine PM emissions (Shi et al., 2003; Pan et al., 2004).
Fig. 1. PM OPESR per kWh and standard deviation for each operational setting of the engine.
Table 2
Results from the fuel characterization.
Parameters B20 B5 Standard test methods
Flashpoint (°C) 70.5 68.5 ASTM D93
Total sulfur (mg kg−1) 6 1 ASTM D5453
Speciﬁc mass (kg m−3) 848.1 841.6 ASTM D4052
Colour Yellow Yellow Visual
Aspect Clear and free from impurities Clear and free from impurities ABNT NBR 14954
Viscosity (mm2 s−1) 3.2 3.0 ASTM D445
Cetane number 51.0 53.1 ASTM D6890
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2.4. Raman spectroscopy
The sampling of individual particles for analysis by Raman Spectros-
copy was conducted using a May Impactor connected to the diluter,
allowing control of the time and rate of air sampling. The May Impactor
consists of seven sampling stages that segregate the particles by aerody-
namic diameter (May, 1945). For the analysis, particles with diameter
b0.25 μm were sampled, which were impacted on surface-enhanced
Raman spectroscopy substrates made of a thin gold ﬁlm. The SERS sub-
strates used to collect the soot were 2D photonic crystals (PC) measur-
ing 1 × 1 cm× 90 nm in thickness. PCwas prepared using a holographic
setup following themethodology developed byMenezes et al. (2006). A
LabRAM Jobin-Yvon-HORIBA micro-Raman, equipped with a 632.8 nm
He-Ne laser and 50× white light objective, was used for obtaining the
Raman spectra (Soewono and Rogak, 2011). Several spots were ana-
lyzed to ensure representative results and minimize variance.
The amorphous carbon character of the soot collected can be de-
scribed by their respective Raman spectra. Literature proposes 2models
to ﬁt the rather broad Raman features, two-band and ﬁve-band model.
The two-bandmodel does not take into account the various D bands de-
scribing the sp2/sp3 character and therefore we opted for the ﬁve-band
ﬁtting proposed by Sadezky et al. (2005) (G, D1, D2, D3, and D4 at about
1580, 1350, 1500, 1620, and 1200 cm−1). The G band is designated to
the E2g symmetry stretching mode of the sp2 graphitic lattice. The D1
band according to the classic approach is assigned to the breathing
mode of sp2 atoms and is called the defect band (Ferrari, 2007). The
D3 band has been assigned to defects outside the plane of aromatic
layers like tetrahedral carbons, while the D4 bond is assigned to sp3 or
sp2-sp3 bonded atoms and is normally only present in disordered amor-
phous C. The D2 band's assignment is still debatable and is only present
if there is disorder.
3. Results and discussion
3.1. Oxidative potential
The resulting signals were well ranged between the negative and
positive controls and were normalized to give units of AU kWh−1. The
results are presented in Fig. 1. AU is used for Arbitrary Units. The stan-
dard deviation of positive control analyzed in ﬁve consecutive days
prior and after the experiment analyses was calculated in order to
check the equipment stability, resulting in a value of 6.9%.
The results achieved for this study show that use of B20 increases the
OPESR of PM per kWh compared to B5 fuel. For each fuel, we can observe
that the use of SCR reduces OPESR, a 30.6% and 13.5% decrease was ob-
served for B20 and B5 respectively.
As outlined in the introduction, one of the primary motivations for
this study is to assess the potential harm when using biodiesel blends
and aftertreatment of the exhaust. In this study, the major impacts in
PM emission factor variations is the use of biodiesel blend, due to its
known property of reducing PM mass emission (USEPA, 2002; Xue
et al., 2011; Gerlofs-Nijland et al., 2013). In order to assess the impact
on human health due to different engine settings, it is relevant to eval-
uate the results in terms of engine operational metrics (Gerlofs-Nijland
et al., 2013). This was achieved by representing the results in terms of
the recommended unit in the European emission regulations directive
Fig. 3. Correlation between concentration of Cu and S and OPESR.
Fig. 2. Detected bulk elemental concentrations in each engine condition as determined by EDXRF.
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1999/96/EC (kWh), showing that the implementation of soy biodiesel
can actually enhance the OPESR risk.
The toxicity impact of biodiesel blending and aftertreatment tech-
nologies is contrary to studies previously conducted. Kooter et al.
(2011) used the dithiothreitol (DTT) catalytic reduction of oxygen to
measure the OP of diesel and pure plant oil biodiesel blends PM emis-
sions in terms of kWh. The results showed that B0 and B20 had more
or less the sameOP. Gerlofs-Nijland et al. (2013) assessed the OP of die-
sel and rape-seed methyl-ester biodiesel blend by means of DTT and
ascorbic acid consumption rate per distance driven and found that the
use of B50 reduced or maintained the OP. However, when OP was ana-
lyzed inmass unit basis, some studies revealed that biodiesel can lead to
PM with higher OP (Cheung et al., 2009; Gerlofs-Nijland et al., 2013).
Moreover, in the majority of these studies, there was no coherence
among results of different analyses of toxicity assessment (e.g.: cytotox-
icity, cytokines release, oxidative stress and mutagenicity). As men-
tioned, the health risks are eventually determined by the amount
inhaled, and OP per kWh is therefore a more useful metric to assess
the health impacts.
In relation to the SCR technology, the results showed that its use re-
duces theOPESR of emitted particles per kWh. Biswas et al. (2009) found
a signiﬁcant reduction in the OP of exhaust particles per distance driven
from a heavy-duty enginewhen equippedwith SCR technology. The au-
thors suggest that the OP of particles is affected by catalytic surfaces and
the semi volatile organics absorbed on the surface of soot particles.
Moreover, among oxidant catalyzers, ﬁlter catalyzers or SCR all seems
to have variables degrees of inﬂuence in changing the composition
and reactivity of PM.
At the presentmoment, there is no singlemethod to assess the over-
all OP activity of PM. Various assays to measure OP are sensitive to dif-
ferent groups of compounds. The DTT consumption rate is based on
the ability of active reductants compound associated with PM to trans-
fer electrons from DTT to oxygen, and are known to be sensitive to or-
ganic compounds, especially quinones emitted from diesel exhaust
(Ayres et al., 2008). Ascorbic acid depletion analysis and ESR, on the
other hand, are particularly sensitive to the presence of transition
metals (Ayres et al., 2008; Yang et al., 2014). Furthermore, different re-
sults among several studies may be a consequence of different study
conﬁgurations (Gerlofs-Nijland et al., 2013). Different factors such as,
engine technology, fuel type and the use of catalyzers and ﬁltersmay af-
fect the composition and thus, the toxicity of the engine exhaust mix-
ture, which complicates the comparison among experiments. An
example would be the increased, equal or decreased toxicity potential
reported from biodiesel emission studies (Bünger et al., 2000; Cheung
et al., 2009; Jalava et al., 2010; Kooter et al., 2011; Swanson et al.,
2011; Gerlofs-Nijland et al., 2013).
OPESR has been suggested to be a feasible analysis for continued PM
monitoring, due to its correlationwith health effects, simplicity and ver-
satility to be usedwith standardmonitoringﬁlters (Hellack et al., 2014).
The present study showed variations among the different engine set-
tings (SCR aftertreatment and biodiesel blends) in terms of the OPESR
with the spin trap DMPO in the presence of H2O2. Therefore, there is a
need of further investigations of the potential health effects of emissions
of soy biodiesel usage. Besides this technique may be revealed as a tool
for assessing PM properties beyond mass in engine testing and
monitoring.
3.2. Bulk elemental concentrations
Among the analyzed elements only Cr, Cu, Sn, Si, S, Mg, Ca, Ti, Br and
Pb presented detectable mass. Fig. 2 presents the bulk elemental con-
centrations as determined by EDXRF. It can be observed that there are
only two samples that indicated detectable presence of lead, these low
lead concentrations were expected as use of lead in fuels has been
outlawed. As these values appear insigniﬁcant, the lead data will not
be considered further in this discussion. Liati et al. (2013) indicate that
Cr, Cu, Si, Sn and Ti are common in diesel output, originating from var-
ious components of the engine, while Ca, Mg and S emission are com-
monly related to lubricating oil additives. This appears to be consistent
with the Cr and Ti data obtained from this study. EDXRF analysis indi-
cates fairly consistent concentrations of Cr and Ti independent of fuel
type or use of SCR, thus implying that the source is the engine compo-
nents rather than the fuel. This is perhaps not the case with the Cu, as
a large variation in concentration can be observed between B5 and
B20. The Sn, Si, Ca andMg data appears to show no pattern and is there-
fore very difﬁcult to discern the potential sources. It can be observed
that there is no relationship between the concentration of these metals
and the use of SCR. This is illustrated in Fig. 2. Interestingly, sources for
metals in biodiesel can include leaching from storage containers.
Yaakob et al. (2014) indicate that copper is particularly susceptible to
this. The Cu results presented could indicate evidence of this.
As indicated in the previous section, OPESR assumed the order: B20
without SCR N B20 with SCR ≫ B5 without SCR N B5 with SCR. This
same pattern also existed for the concentration of copper and sulfur in
each sample. Fig. 3 plots OPESR against concentration of these elements
to show correlation between its concentrations and OP. The spearman
correlation between oxidative potential and bulk elemental concentra-
tions of all detected elements is presented in Table 3. It can be observed
that there is a strong correlation (R = 0.99) between concentration of
copper and OPESR, the ability of copper to oxidize and produce radicals
is documented in literature, the results in this study could be indicative
of the role of copper on OPESR. Furthermore, there is evidence in litera-
ture, which suggests a link between copper and OPESR (Shi et al.,
2003;Hellack et al., 2014; Janssen et al., 2014). Another good correlation
(R = 0.88) was obtained for sulfur. Shi et al. (2003) suggest that other
inorganic components than metals, such as sulfate may affect the oxi-
dant activity of PM. Cheng et al. (2008) found higher levels of sulfate
in a biodiesel car emission than a petrodiesel one, despite the zero sulfur
level in the biodiesel fuel, what was suggested to be due to lube oil sul-
fur. What is also interesting is the strong negative correlation present
between chromium and OPESR. The pattern observed here with chromi-
um is contrary to that observed in literature where chromium in both
the common +3 and +6 oxidation states are observed to increase OP
(Khan et al., 2012; Lou et al., 2013). Results for other elements, such as
Si,Mg, Ca, Ti andBr also indicated negative correlationwithOPESR. How-
ever, it is important to note that a low or negative correlationwith OPESR
does not eliminate de potential toxicity of these elements as there are
many other potential pathways of PM toxicity (Biswas et al., 2009).
Table 4
Average band positions, FWHM, and Intensity ratios of some of the Raman bands identiﬁed for the different fuels with and without SCR.
D1 WD1 D2 + G W G+ D2 D3 WD3 ID3/IG + D2 ID1/IG + D2
B20 with SCR 1328 ± 1 192 ± 8 1600 ± 3 68 ± 2 1532 ± 7 157 ± 10 1.93 ± 0.42 4.83 ± 0.77
B20 without SCR 1327 ± 0.1 170 ± 3 1599 ± 1 70 ± 3 1524 ± 5 163 ± 12 1.72 ± 0.20 3.72 ± 0.50
B5 with SCR 1326 ± 4 172 ± 14 1599 ± 3 68 ± 13 1523 ± 3 174 ± 10 1.86 ± 0.33 4.20 ± 0.58
B5 without SCR 1327 ± 1 152 ± 12 1602 ± 1 67 ± 12 1531 ± 93 139 ± 21 1.80 ± 0.8 3.83 ± 0.49
Table 3
Pearson correlation between concentration of metals and OPESR.
Si S Cu Mg Ca Ti Cr Br Sn Pb
−0.29 0.89 0.99 −0.22 −0.57 −0.34 −0.81 −0.62 −0.11 0.26
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3.3. Raman spectroscopy
The deconvolution was performed by using WIRE® software. The
best ﬁt was obtained by Lorentzian-Gaussian-shaped bands for all iden-
tiﬁed bands. The D2 band could not be deconvoluted from the G band
and the combined G + D2 band is observed and ﬁtted around
1600 cm−1. To avoid confusion this band will be refer to as the
G + D2 band, to indicate that we are not referring to the graphitic
band on its own. In this study the band positions were assigned as fol-
lows: G + D2 between 1597 and 1604 cm−1, D1 between 1326 and
1333 cm−1, D3 between 1520 and 1539 cm−1, and D4 between 1167
and 1196 cm−1. These values are in fair agreement with those pub-
lished by Soewono and Rogak (2011). Table 4 provides some more
data on the deconvoluted spectra.
Discrimination of amorphous character of the particles can be
discerned from the FWHMof the D1 band. It is observed that in general
the B20 had more amorphous character due to a wider D1 band, in ac-
cordance with Soewono and Rogak (2011), but in contrast to Song
et al. (2006) and Lapuerta et al. (2008). It is also observed that an in-
crease in biodiesel content suggests in increase in disorder. This has
also been observed by Xu et al. (2013) and explained as the production
of heavier polycyclic hydrocarbons during the pyrolysis process, which
could coalesce to form amorphous structures. Furthermore, the use of
the SCR seems to increase the amorphous nature of the soot as illustrat-
ed in Fig. 4. This is also in agreement with the D3/G + D2 intensity
ratios, indicating the presence of tetrahedral carbons. This contradicts
the ﬁndings of Soewono and Rogak (2011), reporting ID/IG ratios of
similar proportions than those reﬂected in Table 4 for B20 and B5
(3.2–5.2), where aftertreatment had the opposite effect.
There is an apparent inverse correlation between the OPESR and dis-
order. It seems as the OPESR increases for B20 so does the disorder de-
crease, which is also the case for the B5 although to a much lesser
extent, as illustrated in Fig. 5.
However, overall the highest graphitic structure (B20 without SCR)
showed the highest OPESR, which agrees with the study of Jung et al.
(2006), outlining a ten-fold increase in OH• production for more gra-
phitic structures (USEPA, 2002).
4. Conclusions
The primary objective of this study is to assess the probable oxida-
tive stress caused by exposure to PM of diesel and biodiesel fuelled en-
gines using SCR aftertreatment system. This study assessed a substantial
increase (~4.5 times) in OPESR when proportional of biodiesel is rise
from 5% to 20%. The use of an SCR aftertreatment system suppressed
the OPESR in all fuel evaluated.
The Raman results suggest that an increase in biodiesel content will
lead to an increase in disorder of the amorphous carbons emitted when
the engine is run with SCR, while the opposite is true when it is run
without SCR. The highest graphitic content showed the highest OPESR,
which was displayed by B20 without SCR. EDXRF data shows that con-
centrations of copper under each fuel condition were strongly correlat-
ed with OP. The highest OPESR reported to the highest Cu concentration,
which was again displayed by the B20 blend run without SCR.
These results, therefore, suggest that 20% biodiesel blends run with-
out SCRmay pose an increased health risk due to an increase in OH rad-
ical generation. However, these resultswill have to be supplemented by
additional studies including 100% of Biodiesel and pure fossil diesel to
make conclusive statements in this regard.
The current results have paramount importance to inform the po-
tential impact of Biodiesel blends on emission proﬁles and related
health risks. This information may be of interest to the policy makers
mainly for countries that already set the use of Biodiesel as USA and
E.U. and for countries that have not yet adopted the use of Euro V emis-
sion standards like China, India, Australia, or Russia, as well as those al-
ready adopting it.
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• Indoor/outdoor ratios pointing to H2S
accumulation inside residences.
• Life-time risk analysis indicates a signif-
icant non-carcinogenic risk.
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The hydrogen sulphide (H2S) levels from wastewater treatment plants (WWTPs) in Curitiba, Brazil have been
quantiﬁed for the ﬁrst time. H2S generated by anaerobic decomposition of organic matter in WWTPs is a cause
for concern because it is an air pollutant, which can cause eye and respiratory irritation, headaches, and nausea.
Considering the requirement for WWTPs in all communities, it is necessary to assess the concentrations and ef-
fects of gases such as H2S on populations living and/or working nearWWTPs. The primary objective of this study
was to evaluate the indoor and outdoor concentration of H2S in the neighbourhood of twoWWTPs located in Cu-
ritiba, as well as its human health impacts. Between August 2013 and March 2014 eight sampling campaigns
were performed using passive samplers and the analyses were carried out by spectrophotometry, presenting
mean concentrations ranging from 0.14 to 32 μg m−3. Eleven points at WWTP-A reported H2S average concen-
trations above the WHO recommendation of 10 μg m−3, and 15 points above the US EPA guideline of 2
μg m−3. At WWTP-B the H2S concentration was above US EPA guideline at all the sampling points. The I/O
ratio on the different sampling sites showed accumulation of indoor H2S in some instances and result in exacer-
bating the exposure of the residents. The highestH2S concentrationswere recorded during the summer inhouses
located closest to the sewage treatment stations, and towards the main wind direction, showing the importance
of these factors when planning aWWTP. Lifetime risk assessments of hydrogen sulphide exposure showed a sig-
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WWTPs. The data indicated that WWTPs operated under these conditions should be recognized as a signiﬁcant
air pollution source, putting local populations at risk.
© 2017 Elsevier B.V. All rights reserved.
1. Introduction
Human activities have contributed signiﬁcantly to increased emis-
sions of air pollutants at global, regional and local scales. It is important
to know the source and concentration of pollutants for better pollution
control and to assess the potential effects on human health.
H2S is a colourless gas with a strong odour of rotten eggs produced
under anaerobic conditions by organic matter decomposition from
both natural (petroleum, volcanic) and anthropogenic sources (oil re-
ﬁning, wood pulp production, tanning industry) (WHO, 2000). Anaero-
bic wastewater treatment plants (WWTPs) and the degradation
processes in landﬁlls are signiﬁcant sources of H2S (Redondo et al.,
2008; Capelli et al., 2009; Muñoz et al., 2010). Of the ten largest
WWTPs existing in the world, eight are operational as anaerobic treat-
ment facilities (Reynolds, 2012). Under anaerobic conditions, the bio-
logical reduction of sulphate to sulphide essentially occurs in the
submerged part of sewers (Parande et al., 2006). Hydrogen sulphide
emission is a physicochemical process involving both the water and
air phases of sewer networks and is dependent on pH, temperature, hy-
draulic conditions of the water phase (Yongsiri et al., 2005). Only H2S
can be transferred to the air–water interface, resulting in an increase
in the emission of H2S from wastewater to the sewer atmosphere (Fu
and Shen, 1990).
Unpleasant odours from WWTPs may cause acute social and eco-
nomic conﬂicts due to poor quality of life and economic depreciation
of the neighbouring real estate (Stellacci et al., 2010). Nuisance com-
plaints about the odour emitted by WWTPs are registered in different
parts of the world (Aristu, 2009; Billings, 2012; Wall, 2011). Besides
the obvious unpleasant odour, the dominant cause for concern regard-
ingH2S pollution is its documented toxicity to humans. H2S pollution ef-
fects are dose-related and can be detrimental to the nervous,
cardiovascular and respiratory systems. Acute high-level concentration
exposure can lead to eye damage, olfactory paralyzingperception, respi-
ratory irritation, as well as pulmonary oedema, convulsions and even
death (WHO, 2000). The long-term exposure to low-level concentra-
tions also affects human health negatively, e.g., causing nausea, head-
aches and respiratory problems (Lebrero et al., 2011).
As the nuisance H2S odour threshold has been reported to be in the
ranges 0.7–200 μg m−3, it is recommended to maintain levels at or
below the lower limit to avoid community complaints (WHO, 1981).
It has been established that daily inhalation exposure to H2S has to be
below 2.0 μg m−3 to ensure lifetime risk abatement (USEPA, 2003).
Having said that, the World Health Organisation recognises the fact
that information on the affects that long-term low dosage exposure to
ambient H2S is scanty (WHO, 2000). It therefore remains of interest to
evaluate the air quality in terms of its H2S content close to WWTP's.
This paper aims to provide data on the indoor and outdoor concen-
tration of H2S in the neighbourhoods of two WWTPs in Curitiba, Brazil.
This provided baseline data that could serve as a reference point for fu-
ture research. The data obtained were used in a risk-assessment proto-
col to estimate the likely effect on human health of the residents over a
lifetime of exposure. This information can be used to aid local govern-
mental policies, provide baseline data that could inform future changes
in operation, as well as assist in future planning for new plants.
2. Experimental
As there have been complaints regarding unpleasant odours at and
around the plant, the investigators decided to start the analysis of the
air quality by monitoring H2S levels, as it is also the main pollutant
from degradation processes causing nuisance odours.
2.1. Sampling methodology
To protect the identity of theWWTPs, theywill be referred asWWTP
“A” andWWTP “B”. These plants treat wastewater volumes of 560 L s−1
and 1680 L s−1 for A and B, respectively. Both wastewater treatment
plants (WWTP) process mainly domestic Municipal wastewater
through a conventional setup. The preliminary treatment aims to re-
move bulky and large solids, thus preconditioning the efﬂuent for the
following treatment steps, including screening, ﬂocculation, and ﬂow
equalization. In sequence, within the named primary treatment,
sedimentation and/or ﬂotation are employed to remove efﬂuent's
suspended and colloidal fractions. At the secondary treatment, the or-
ganic matter is removed through a biological process called Fluidized
Bed Anaerobic Reactor (FBAR, or RALF in Portuguese), a Brazilian ver-
sion of the Upﬂow Anaerobic Sludge Blanket - UASB. The hydraulic re-
tention time at this step is only 8–10 h, resulting in 65–75% organic
matter removal efﬁciency. With the tertiary treatment, using iron
chloride, some nutrients such as nitrogen and phosphorous, residual
suspended solids, inorganics, and refractory organics that may have es-
caped from previous stages, are removed. Finally, the disinfection
removes pathogens by chlorination. The sludge produced at the second-
ary step is also treated through thickening, dewatering, drying, and di-
gestion in order to reduce its volume as well as to biologically stabilize
the ﬁnal product, which is usually then sent to landﬁlls (although it
also may be used as fertilizer).
H2S was sampled using radial diffusion passive samplers (Radiello®,
Fondazione Salvatore Maugeri, Padova, Italy). This sampler comprises a
zinc acetate impregnated polyethylene adsorbing cartridge, surrounded
by a cylindrical microporous diffusive body mounted on a supporting
plate. When H2S contacts the zinc acetate, it is converted to stable zinc
sulphide, which is later extracted and assayed by sulphide ion
(Pavilonis et al., 2013). Sampling took place for seven consecutive
days. The temperature was recorded every 20 min during the weekly
sampling campaigns.
Sampling was performed in houses and schools near the two
WWTPs, which are located in two different residential areas in Curitiba.
Eight sampling campaignswere carried out, as listed in Table 1. Sam-
plings locationswere assigned as A1 to A13 forWWTP “A”, and B1 to B5
forWWTP “B”. Besides point A1 that was assessed during all campaigns,
locations of WWTP “A” were evaluated in campaigns 1 to 4, and points
of WWTP “B” in campaigns 5 to 8. Residential accommodation near the
WWTPs has little or no insulation between the roof and walls, allowing
easy diffusion of H2S into the house.
The sampling points were chosen based on three basic criteria: loca-
tion with respect to the pollution source (WWTP) and the main wind
direction, electrical support, and security against vandalism and theft.
Table 2 presents the sampling points distances from the WWTP's.
Cartridges were installed at a height of 1.5 m inside residences, after
permissionwas gained from residents. To enable a comparison between
inside and outside air quality, samplers were positioned on the outside
of the residences at an average height of 2.0m. Radiello shelters (specif-
ically designed for the diffusion tubes) were used to protect the sam-
plers from precipitation. The Radiello samplers were exposed to air for
a period of 15 days, after which the cartridgewas removed from the dif-
fusive body, sealed in its original tube and stored below4 °C for analysis.
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2.2. Analytical methodology
Cartridgeswere desorbedwith 10mLof ultrapurewater followed by
0.5 mL of ferric chloride-amine solution. After stirring for 2 min, the
samples were left to react at room temperature for 30 min.
The leachate solutions of H2S samples were analysed using a spec-
trophotometer (Cary 50 Bio UV/Visible Spectrophotometer, Varian
Inc., Australia) at a wavelength of 665 nm. The detailed extraction pro-
cedure is described in Fogo and Popowsky (1949). A calibration curve
was prepared with eight points in triplicate using standard methylene
blue solution (Sigma-Aldrich, St. Louis, MO). The calibration curve had
linear correlation coefﬁcient R2 N 0.995, indicating that 99.5% of the
points can be described by the regression line. The analytical detection
limit (3 μg L−1) was determined as 3 ∗ S.D./S, where S.D. is the standard
deviation of six blank samples measurements and S is the method sen-
sitivity given by the slope of calibration curve. Procedural blanks were
prepared as follows: unexposed cartridges from the same batch to
those that were exposed were submitted to the same analysis protocol
than the exposed cartridges.
2.3. Health risk assessment for H2S exposition
The data obtained was subjected to a health risk assessment using
the Risk Assessment Information System (RAIS, 2013), which is based
on a method created by the United States Environmental Protection
Agency (USEPA, 1989; USEPA, 2013). The input parameters were simi-
lar to those quoted inGodoi et al. (2013). RAISmodels both carcinogenic
and non-carcinogenic (hazardous quotient - HQ) adverse health risks.
However, only HQ assessment was carried out for H2S as it is not a car-


























The input values were H2S concentrations in μg m−3 (C), exposure
durations (ED - years), exposure frequency (EF - days/year), exposure
time (ET - hours/day), and lifetime (LT - years). Besides that, themodels
use the Reference concentration of inhalation (RFCi) value in mg m−3
for H2S provided on the US EPA website (USEPA, 1989; USEPA, 2013).
Furthermore, different cohorts were identiﬁed; each with different
input values (Table 3). Cohort 1 represents residents, who live and
work in the area. Cohort 2 denotes a resident that lives in the area but
studies or works away from WWTPs and Cohort 3 characterizes a per-
son that works nearWWTPs but resides quite a distance from the plant.
The HQ assumes that there is a level of exposure, below which it is
unlikely that an adverse non-carcinogenic health effect will be experi-
enced. As the HQ is the ratio of the exposure level at a site to the refer-
ence dose, an HQ b 1 indicates that there is no signiﬁcant risk of non-
carcinogenic effects. On the other hand, an HQ N 1 means that there is
a chance of non-carcinogenic effects occurring, with a probability that
tends to increase as the value of HQ increases.
3. Results and discussion
3.1. Indoor and outdoor H2S concentrations
The indoor and outdoor concentrations (illustrated in Fig. 1 and 2)
showed that in general, both sampling areas showed similar results.
As both plants operate under anaerobic conditions and have no efﬂuent
gas treatment system this result is not surprising. The waste water
treatment process, as discussed in the introduction, can explain the rel-
atively high concentrations observed.
H2S indoor and outdoor concentration values for WWTP “A”, sum-
marized in Fig. 1, ranged from 0.14 μg m−3 to 32 μg m−3. With just a
few exceptions, mean concentrations of H2S were mostly above levels
recommended by USEPA (2.0 μg m−3) suggesting potential adverse ef-
fects on human health. For sampling sites b200 m from the plant, the
Table 1
Collection period, season and sampling locations for each campaign.
Campaigns No. Collection period Season Sampling locations ID
Indoor Outdoor
1 06–20 August 2013 Winter A1, A2, A11, A13 A1 to A12
2 20–27 August 2013 Winter A1, A2, A11, A13 A1 to A12
3 13–18 December 2013 Summer A1, A2, A11, A13 A1 to A12
4 06–13 February 2014 Summer A1, A2, A11, A13 A1 to A12
5 17–24 February 2014 Summer A1, B1, B2, B3, B5 A1, B1, B3, B4
6 28 Feb–06 March 2014 Summer A1, B1, B2, B3, B5 A1, B1, B3, B4
7 19–24 March 2014 Summer A1, B1, B2, B3, B5 A1, B1, B3, B4
8 24–31 March 2014 Summer A1, B1, B2, B3, B5 A1, B1, B3, B4
Table 2
Sampling points distances fromWWTP's.




















Exposure considerations for assess each cohort health risk due to H2S.
Cohort 1 Cohort 2 Cohort 3
EF (days/year) 350 350 225
ET(hours/day) 24 15 8
ED (years) 1 1 1
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concentration is substantially higher and ranged from 8 to 30 μg m−3.
Moreover, 89% of the samples collected in close proximity of the
WWTP “A” had concentrations above 0.7 μg m−3 and therefore could
result in complaints from the community due to odour nuisance.
H2S concentration values ranged from 4.5 μg m−3 to 18 μg m−3 at
the WWTP “B” sampling sites and are illustrated in Fig. 2. Average in-
door and outdoor concentrations were above USEPA recommended
levels (indicated in Fig. 2) for all the sampling sites. All the sampling
sites forWWTP “B”were at similar distances from the plant and differed
only in their geographical position to the plant. It is expected that the
different concentrations are due to the predominant wind direction
rather than distance as was the case with WWTP “A”. It is noticeable
that high outdoor concentrations relate to high indoor concentrations
and once again suggests possible adverse health effects in residents.
The results obtained in our study are comparable with data reported
by Stuetz et al. (1999) in the United Kingdom and Delgado et al. (1999)
in Spain. All of whom found concentrations ranging from 5 to 15
μg m−3, near a WWTP. Zarra et al. (2008) in Italy, observed levels
below those observed in this study but linked the presence of odorous
compounds in ambient air with decreased tourism and economic activ-
ity. On the other hand, much higher concentrations were reported by
Kim et al. (2013) in South Korea (around 80 μg m−3) and Dincer and
Muezzinoglu (2007) in Turkey (ranging from 39 to 700 μg m−3).
A recent survey revealed that complaints about the odour emitted by
WWTPs are reported all over the world (Heaney et al., 2011; Giuliani et
al., 2013; Bruno et al., 2007) suggesting that theproblem is not exclusive
to tropical, undeveloped, or developing countries. Our results indicated
concentrations several orders ofmagnitude above the background level,
which is accepted as 0.3 μgm−3 for H2S in air and above the threshold of
perception of the odour, which is 0.7 μg m−3 (WHO, 1981).
To observe the inﬂuence and relationship of the geographical loca-
tion of the sampling sites from the WWTP on the level of pollution,
the sampling sites as well as the wind direction at each WWTP are
displayed in Fig. 3 and 4. The level of pollution is indicated by the size
of the triangle so that hot spots can easily be observed. Themore distant
sites (A7-A13) atWWTP “A”were observed to have the lowest H2S con-
centrations and ranged between 0 and 2.8 μg m−3. The intermediate
distance sampling sites (A4 and A5) had concentrations between 8.5
and 11 μg m−3 and those nearest to the plant had the highest level of
H2S pollution, as expected and eluded to in the previous paragraph.
However, despite being the closest point, site A1 does not exhibit the
highest median H2S concentration, suggesting the competing role of
wind direction. As discussed previously, this was also evident for
WWTP “B”, where downwind sites showed the highest observed con-
centrations (Fig.4).
To attempt a direct comparison between the two plants some of the
measurement campaignswere run simultaneously. Table 4 presents the
H2S results obtained at sampling points A1 and B1 to B5, all at a distance
≤ 100 m, albeit in different geographical orientations.
Overall, the concentration levels across the 4 campaigns, where sam-
pling was taking place simultaneously at the two plants, correlated rea-
sonably well with each other with correlation coefﬁcients (R2) ranging
from 0.6–0.91. The poorest correlation was observed between cam-
paigns 6 and 7, and the best between campaigns 6 and 8. If the data is
separated into indoor and outdoor concentrations, the correlations
changed. The indoor correlations improved and ranged between 0.69
(campaigns 7 and 8) and 0.99 (campaigns 5 and 7), as well as the out-
door correlations which varied between 0.4 (campaigns 5 and 7) and
0.96 (campaigns 6 and 8). Since the general tendency is good correla-
tions for indoor concentrations but poorer correlations for outdoor con-
centrations, it is reasonable to postulate that indoor concentrations
seemed to be buffered and less subject to ﬂuctuations. This is of great
concern for residents spending a lot of time indoors. IfWWTP “A” is cor-
related with WWTP “B”, it is found that the indoor correlation coefﬁ-
cient was 0.17 and for outdoor 0.56, therefore reporting little
correlation. On inspecting the concentration values this phenomenon
is seen due to concentrations at WWTP “B” dropping during campaigns
7 and 8. Taking into consideration that WWTP “B” has a higher volume
throughput in comparison with WWTP “A”, it would be expected to
produce higher concentrations. This is not observed from the data, but
rather the contrary, whereby average concentrations at A and B are
16.7 and 9.2 μg m−3, respectively. This led us to deduce that concentra-
tion levels at each plant, and therefore the exposure levels, are deter-
mined by the microenvironment of the plant.
3.2. Evaluation of climate interference in H2S concentrations
Fig. 5 indicates the role of climatic conditions, by plotting outdoor
concentrations of H2S in WWTP “A” for sampling campaigns 1 and 2
(winter season), and 3 (summer season). The WWTP “B” had no cam-
paign running during thewinter season thus has no comparable climate
data.
Higher atmospheric temperatures increase themicrobiological reac-
tion rates during the treatment, resulting in increased H2S production.
Although hydrogen sulphide production can be attributed to the pres-
ence of sulphide ions, organicmatter, and dissolved oxygen, and/or var-
iations in pH, retention time, stream velocity and surface area, as well
wind direction and speed, rain, and problems with the treatment sys-
tem, it is believed that temperature is the main contributor (Bentzen
et al., 1995). The data displayed in Fig. 5 certainly indicates increased
H2S generation during the summer campaign and concentrations that
Fig. 1. Average and standard deviation of H2S concentrations between the 4 campaigns
(except for A1 that had 8 campaigns) for each sampling point at WWTP “A”.
Fig. 2.Average and standarddeviation ofH2S concentrations between the 4 campaigns for
each sampling point at WWTP “B”.
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were on average 3.7 times higher (from 0.1 times at A3 – 11.4 times at
A12) than during the twowinter campaignswere reported. The only ex-
ception is at A6 where the winter concentration was 0.3 times higher
during the winter campaign. The increase in H2S generation, however,
does not seem linear with an increase in air temperature in all cases
and clearly, other factors must play a role. Even though the temperature
difference between the two winter campaigns are only 3 degrees, the
concentration differences are noticeable (sites A4, A7–A12 reported on
average 37% higher values at 16 °C and sites A1–A3, A5–A6 reported on
average 28% higher values at 13 °C). To verify these observations, Pear-
son correlations between the H2S concentration and air temperature
for each sampling point were calculated and are reported in Table 5. In
general, strong positive correlations (N0.9) are observed except for
points A2 andA3with correlations 0.7 and 0.51, respectively. A6 showed
a strong negative correlation, which has been eluded to previously.
3.3. Indoor-to-outdoor ratios of H2S air levels
Although several indoor pollutants have endogenous sources, such
as gas cookers emitting NOx's, indoor H2S is expected to be dominated
by the inﬁltration of outdoor air. The type and the amount of pollutants
carried into houses depend on the occurrence of emission sources in the
immediate neighbourhood (Zabiegala, 2006). I/O ratio data obtained
from the different sampling sites were summarized to provide a general
impression of the relationship between indoor and outdoor concentra-






Where Cin and Cout are the indoor and outdoor H2S concentrations re-
spectively. When the I/O ratio ≫ 1 one can conclude that endogenous
emission sources are mainly responsible for the indoor air quality. If
however, the I/O ratio≈ 1, both internal and external sources inﬂuence
the indoor air quality to the same degree. For an I/O ratio≪ 1 the quality
of outdoor air dominates the quality of indoor air. Fig. 6 shows the I/O
ratios for sampling sites A1, A2, A11, B1 and B3 over the campaign
period.
The data in Fig. 6 display I/O ratios that are below 1 and therefore in-
dicative of outdoor penetration dominating the indoor H2S levels in 60%
of the sites investigated over all the campaigns. Forty percent of the ra-
tios displayed values higher than 1,which could point to possible indoor
sources. The lowest I/O ratios were recorded in campaigns 1 and 2
which took place during the winter, indicating that an indoor source is
unlikely and inﬁltration from outside minimal. Point A2, however,
showed a different proﬁle in comparison to A1 and A11 with I/O ratios
substantially higher and even above one. A2 has then also previously
separated itself from the others as the site with the highest H2S concen-
tration over all sites and campaigns. Since data discussed earlier in this
paper suggested that themain contributing factor for it, is its geograph-
ical location being directly down-wind from the plant it is possible to
conclude that low housing quality at this site can be one of the reasons
for its higher ratio. The summer campaigns (3–8) had I/O ratios above or
close to one, suggesting a bigger or dominant inﬂuence of outdoor H2S
in comparison with the winter campaigns. Since all the sites investigat-
ed for their indoor and outdoor H2S levels displayed a ratio larger than
one in at least one of the campaigns, it is important to remark that the
residents in a 500 m radius of the two plants are just as much at risk
in their homes than outside.
Fig. 3.Geographic distributions of indoor (up light grey triangles) and outdoor (down dark grey triangles) H2Smedian concentrations for each sampling site inWWTP “A” area. The larger
the size of the triangles the higher the concentrations.
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3.4. Health risk results
In a toxicological review (EPA/635/R-03/005) a no adverse effect
level (NOAEL) adjusted for weekly human exposure of 0.64 mg m−3
are given. The NOAELhec equates to an RfC (response factor concentra-
tion) of 0.002 mg m−3. Purely based on these values, without further
consideration of body weight, exposure duration, etc., it seems as
though a number of the investigated sites are above this level. Hence,
simulations were performed with the RAIS calculator to identify the
lowest concentration of H2S that may cause adverse effects on human
health, or when HQ is equal to one. For cohort 1 (residents living and
working in the area) an H2S concentration of 2.1 μg m−3 reported to
an HQ equivalent to one, while for cohorts 2 (resident living in the
area of monitoring but works outside the area) and 3 (resides away
from the area, but work in the area), H2S concentrations of 3.4 μg m−3
and 9.7 μg m−3, respectively would result in an HQ equal to one. Con-
centrations above these values could then statistically point to potential
adverse effects to human health. Table 6 presents the percentage of
Fig. 4.Geographic distributions of indoor (up light grey triangles) and outdoor (down dark grey triangles) H2Smedian concentrations for each sampling site inWWTP “B” area. The size of
triangles represents concentrations.
Table 4
Indoor and Outdoor H2S concentrations (μg m−3) of 4 summer campaigns during which
sampling took place simultaneously at the two plants investigated.
Campaign 5 Campaign 6 Campaign 7 Campaign 8
A1 – IN 16.1 18.8 11.8 17.1
A1 – OUT 15.3 23.9 11.1 19.6
B1 – IN 12.2 13.3 9.0 7.7
B1 - OUT 16.1 17.8 6.6 9.8
B2 – IN 13.9 12.5 10.5 5.6
B3 – IN 10.9 7.3 7.3 6.3
B3 - OUT 8.8 10.3 8.1 6.0
B4 - OUT 8.7 9.1 5.6 4.8
B5 - IN 8.2 11.0 4.5 4.7
Fig. 5. The seasonal variance in H2S concentration between the 12 outdoor sites atWWTP
“A” during the summer (air temperature of 28 °C), and winter campaigns 1 and 2 (air
temperature of 13 °C and 16 °C, respectively).
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samples at each WWTP that exceeded the threshold values calculated
using the RAIS calculator.
It is observed that atWWTP “A” themaximumpercentage exceeding
these threshold values is 62% for cohort 1, while it is 100% at B plant for
both cohorts 1 and 2. It seems that the higher threshold value (cohort 3)
is exceeded at sampling sites closest to the plants.
It is evident from the risk assessment that those who reside and
work in the area of WWTP “A” (cohort 1) are at risk irrespective of the
distance from the source. To put this into perspective: the intake/dose
for a worst-case scenario (continuous daily full lifetime exposure) at
the point sourcewith the highest concentration (A1 outside) was calcu-
lated and value of 9.62 μg kg body weight−1 day−1 was determined.
This is based on a person living and working at the plant, of average
weight 70 kg, an inhalation rate of 22 m3 day−1, and 100% retention
of air and absorption. At points A9 and A10 (565 and 575 m away
from the plant respectively) the hazardous quotient exceeds one but
at A11 (481 m) and A13 (790 m) this is not the case. This is probably
due to A9 and A10’s geographical location being down-wind from the
plant. Those living in the area but working elsewhere (cohort 2), also
are at risk, even at relatively distant locations such as point A9 at
565 m. The people living elsewhere but works at or close to the plant
(cohort 3) will be at risk at distances close to the plant, such as 180 m.
The risk proﬁle is different for the sites investigated at plant B, as
these were all at a similar distance from the plant. For both cohorts 1
and 2, a risk is identiﬁed at all sampling points. For cohort 3, the risk is
only signiﬁcant at B1 and B2, both down-wind from theplant and there-
fore reporting much higher concentrations.
Health risk exposure (HQ values) of this study are comparable to
those reported in a study conducted in Tianjin, China (Niu et al., 2014)
and poses the question as to how the health of the workers and resi-
dents could be addressed.
4. Conclusions
The results indicated that the anaerobic process operatedWWTPs are
most likely the source of H2S pollution in the two residential areas, as
there is no other obvious source of H2S nearby the sampling points.
The odour complaints made by the community were quantiﬁed for the
ﬁrst time. The concentrations ranged from 0.14 μg m−3 to 32 μg m−3
at plant A and 4.5 μg m−3 to 18 μg m−3 at plant B, which exceeded the
nuisance odour level in 89% of the cases. In addition, the measured con-
centration levels exceeded the USEPA recommended value at 15 of the
18 points analysed. It appears that a better control of themicrobiological
processes within the UASB combined with the constant use of the gas
scrubber should reduce H2S emissions considerably.
These H2S concentrations observed are indicative of the potential to
cause chronic adverse health effects, such as eye irritation, headaches,
and nausea (Kourtidis et al., 2008). These concentrations seemed to be
inﬂuenced by geographical location, distance from the plant, weather
conditions and indoor/outdoor environments. I/O ratios indicated that
indoor pollution levels are mainly due to inﬁltration, but in some of
the cases there may be an indoor source due to I/O ratios higher than
1. The health risk has been quantiﬁed using a risk calculator and indicat-
ed that up to 100% of the locations analysed reported hazardous quo-
tients above 1 (this is the case for plant B and cohorts who reside and
work in the area).
These ﬁndings are alarming from a social and public health point of
view, as adverse health effects inevitably lead to increase hospital ad-
missions, loss of working time, as well as government expenses. How-
ever, the authors recognise that wastewater treatment plants are
essential and primarily to improve environmental and human health.
What this investigation alerts to is that health issues can arise at
WWTPs using anaerobic technology without stringent control, optimi-
sation of the process and abatement of H2S using gas scrubbers for ex-
ample. The data displayed in this paper can assist in establishing a
directive in developing countries, so that emissions of this particular
pollutant can be limited. In addition, it could inform where mitigation
of the pollutant is most important and may lead to the development
of remedial processes at the existing plants.
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Abstract 
Road dust (RD) is a significant contributor to airborne particulate matter worldwide. It is also highly 
contaminated with potentially toxic metals from anthropogenic sources, particularly in urban areas. 
The aim of this study is to identify the risk associated with the bioaccessible portion of these metals, 
by carrying out in vitro analysis modelling both the inhalation and ingestion routes of exposure. 
Crucially, this paper also probes the potential link between water-soluble ions in RD and the 
bioaccessibility of metals. Metal leaching ranges from 17-78% and from 0-48% for the inhalation and 
ingestion routes respectively. The data from the water-soluble ion analysis indicate that all metals 
leach more when the cation/anion ratio is more acidic. Despite the high bulk concentrations of metals 
and the significant bioaccessibility, the results from the risk assessment show no significant risk with 
the metal concentrations observed in this study. The most interesting observations of this study are 
the inconsistent leaching behaviour of all metals and the inconsistencies between bulk metal 
concentration and bioaccessibility. The results seemingly indicate that the sources of pollutants 
changed throughout the study. 
 
Keywords 
Road dust, bioaccessibility, temporal, in vitro, risk assessment 
 
Highlights 
Road dust is of significant concern to human health 
This study features temporal sampling of RD over two years 
This study involves in vitro analysis to model human gastric and ingestion of RD 
This study critically risk assesses bioaccessible concentrations of metals 
Results show dynamic nature of health implications regarding road dust 
 
Introduction 
Air quality is of significant importance to the majority of the world’s population. The World Health 
Organisation estimates that, in 2012, 3 million premature deaths were caused by ambient air pollution 
worldwide (WHO 2016). The potentially harmful effects of poor air quality are well documented and 
often attributed to vehicular emissions (Mauderly 1994; Deacon et al. 1997; Ghio et al. 2012). In 
recent years, however, both increasingly stringent laws and public scrutiny of exhaust emissions have 
led to significant advancements in reduction of particulate output from modern vehicles (Dahl et al. 
2006). Accordingly, more emphasis is being placed on other major contributors to airborne 
particulates, possibly the most significant being road dust (RD) (Rexeis and Hausberger 2009; Kumar 
et al. 2013). 
Road Dust often consists of numerous components from a range of sources bespoke for any given 
area, crustal soil and particles from abrasive action on vehicles and road surfaces are typically the 
main constituents (Pant and Harrison 2013; Tanner et al. 2008). Because of the anthropogenic 
contributors to RD, it is highly enriched with potentially harmful metals such as As, Cr, Hg, Mn, Ni, Pb 
V, Zn (Lueng et al. 2008; Zhao et al. 2012; Luo et al. 2012; Schauer et al. 2006). It is well 
documented that a significant portion of airborne particles are derived from RD which has been 
  
resuspended by the action of meteorological conditions or turbulence caused by traffic (Almeida et al. 
2006; Tanner et al. 2008; Thorpe and Harrison 2008). Hien et al. (1999) reported findings from Ho Chi 
Minh City, Vietnam, indicating that resuspended road dust accounts for 74% of the total suspended 
particulate matter. Similarly, Harrison et al. (1997) calculated the amount to be 62% in Lahore, 
Pakistan. Landis et al. (2017) concluded that RD is respectively the largest and second largest 
contributor to particulate matter with an aerodynamic diameter <10µm (PM10) and particulate matter 
with an aerodynamic diameter <2.5µm (PM2.5). As a result of the toxic nature of RD, combined with its 
ubiquitous nature, particularly in urban areas, it has been characterised extensively globally, with 
health implications associated with any metals present (Han et al. 2011; Chen et al. 2012). To gain a 
more accurate interpretation of what is actually accessible to the body, it is necessary to carry out in 
vitro studies. Currently there is little literature available which considers both the gastrointestinal and 
respiratory routes of entry. 
Ingestion of particles, especially by children, is usually assumed to happen via the hand to mouth 
process described by Duggan et al. (1985), where particles of up to 250µm adhere to the hands when 
in direct contact with soil. Other studies quote particle sizes appropriate for hand to mouth process at 
up to 125 µm (Hamel et al. 1998; Casteel et al. 1997). This seems to be unlikely to be appropriate 
when considering ingestion of RD, but has been used in the literature to justify characterisation of 
metals within particles <250µm (Okorie et al. 2012; Rodrigues et al. 2014). Other studies on 
gastrointestinal bioaccessibility of RD restrict themselves to smaller particles, assuming exposure 
takes place through direct ingestion or via mucociliary cleansing (Gradon et al. 1996). Accordingly, 
RD particles <63µm are commonly used although <22µm ±13.25µm, <10µm and <2.5µm  have also 
been published (Li et al. 2017; Wang et al. 2016; Zereni et al. 2017; Kong et al. 2011). 
Contention in literature also exists as to the size of particles which can be used appropriately for 
modelling the inhalation route of exposure. Many studies opt for particles in the range of PM10 and 
PM2.5 for assessing bioaccessibility of metals in lung fluid, as it is believed that particles of this size 
are more likely to be inhaled (Dias da Silva et al. 2015; Zereni et al., 2012). One distinct limitation, 
however, is the liquid to solid ratio (mL/g), which is far higher than recommended elsewhere (Twining 
et al. 2005; Wragg and Klinck 2007; Hamel et al.1998).  To overcome this, the use of larger RD 
particles for assessing bioaccessibility of metals via the inhalation route has been very common, with 
RD <63µm, <37µm and <20µm being used (Potgieter-Vermaak et al. 2012; Guney et al. 2017; 
Schaider et al. 2007). RD particles as large as 38µm have been shown to be representative of the 
<10µm fraction, because RD is simply crustal material contaminated with anthropogenic matter to 
form aggregates (Brown et al. 2017). Despite the inability of large particles to enter the deep lungs 
where the more acidic lung fluid environment exists (Davies and Feddah 2003), RD aggregates can 
be broken down by meterological conditions or vehicular turbulence (Thorpe et al. 2007). 
This study aims to build upon and combine in a novel fashion investigations into bioaccessibility of 
four specific metals for both the gastrointestinal and inhalation routes of entry, thus giving a total 
exposure for bioaccessible metals. Four metals of particular interest for their abundance as 
environmental pollutants and their acknowleged impact on health, Cr, Cu, Fe and Pb are selected for 
this study. Cr and Pb are very commonly found in a wide range of studies addressing the impact of 
metal pollutants on health (Gondal et al. 2015; Fu et al. 2015; Liu et al. 2014). Cu and Fe are both 
heavily implicated in the Fenton reaction (Godoi et al. 2016) as well as having significant crustal and 
anthropogenic input to RD (Brown et al. 2015). Modelling of the gastrointestinal route in this study will 
be based on the Unified BARGE Method (UBM) (BARGE/INERIS, 2010), using three size fractions of 
RD, 125-63µm, 63-38µm and <38µm. The use of three different fractions is merited by the general 
uncertainty in the literature mentioned above; the outcomes of this study could potentially elucidate 
any difference in enrichment and behaviour between the fractions. The inhalation route in this study 
will use artificial lysosomal fluid (ALF) (Colombo et al. 2008), with a residence time of 24 h (Zereni et 
al. 2012; Wragg and Klinck 2007; Gray et al. 2010). Only the <38µm fraction was used for the 
inhalation route experimentation. In conjunction with the two dissolution techniques, water soluble 
ions in the RD samples were also quantified to investigate the link between cation/anion ratio (C/A) 
and bioaccessibility of metals (Buczynska et al. 2014). Finally, the bioaccessible portions of various 




Road dust was collected from Oxford Road, Manchester, UK, one of the main routes into the city, 
passing along two of the largest universities in the UK supporting over 70,000 students. Oxford Road 
is widely believed to be one of the busiest bus routes in Europe, as well as being heavily laden with 
cars and taxis, giving it the potential to be a highly anthropogenically polluted area. The M60 raised 
motorway and Manchester Oxford Road railway station lie adjacent to Oxford Road further enhancing 
this. Figure 1. Shows the location of the study site within the U.K. 
 
Figure 1. Road dust sampling site 
 
Sample handling 
Sampling was carried out on a traffic island, Oxford Road, Manchester, UK using a plastic dustpan 
and brush, a similar process to that carried out by Charlesworth and Lees (1999). One sampling site 
was deemed to be representative of the 550 m stretch of road by rigorous analysis and statistical 
testing carried out previously  on Oxford Road (Barrett 2010). Sampling took place seasonally over 
two years, starting in spring 2013 and ending in winter 2014/15, giving a total of 8 sampling 
campaigns. These sampling campaigns will be designated as Sp for spring (March to May), Sum for 
summer (June to August), Aut for autumn (September to November), and Win for winter (December to 
February). 10 kg of RD was collected from the sampling site in each campaign and air dried at a 
temperature of 21°C ± 3°C for 14 days. The resulting sediment was separated into different grain size 
fractions using standard sieve methods. Stainless steel woven wire mesh sieves (200 mm diam; 50 
mm depth: to ISO 3310-1:2000; BS 410-1:2000) were used. The three grain-size fractions analysed in 
this study, <38 µm, 63-38 µm and 125-63 µm were attained using sieves of mesh sizes 0.125 mm 
(US std 120), 0.063 mm (US std 240) and 0.038 mm (US std 400). 
 
  
Bulk metal analysis 
To calculate the bioaccessibility of metals within a sample, it is necessary to quantify the total metals 
present. 500 mg ±10 mg of each sample was analysed for its acid soluble metal content by digestion 
in aqua regia (7.5ml HCl, 2.5 ml HNO3); three extractions were carried out per sample. This process 
was facilitated with a 1600W CEM Mars 5 Microwave equipped with Teflon digestion tubes. Analysis 
was carried out using a Varian Vista MPX ICP-OES with SeaSpray nebulizer. Initial system stability 
checks were carried out with a 5 mg/l solution of manganese during the torch alignment whereby the 
upper values must be in excess of 300,000 counts per second, sample analysis exclusively used the 
axial position. A four point linear calibration was achieved for each element, a calibration coefficient 
of >0.99 for all elements was determined. Five replicates were carried out per sample. 
 
Bioaccessibility via Inhalation 
Analysis of the leachates was carried out using the same instrumentation and parameters as the bulk 
metal analysis method described above, calibration standards were matrix matched using ALF. ALF 
was prepared according to Colombo et al. (2008), 0.15 g ± 0.0015 g of each RD sample were 
incubated at 37°C with 15ml of ALF for 24 hours. On removal from the incubator shaker, samples 
were allowed to cool to room temperature for 10 minutes before being filtered using 0.2μm 
Whatman® PVDF syringe filters into clean universal vials. The samples were then acidified using 
spectral grade HNO3 (310µl), to achieve a 2% w/v acid solution and stored at 4 ºC until analysis could 
be performed. Analysis of the leachates was carried out using the same instrumentation and 
parameters as the both the ingestion route leachates and the bulk metal analysis method described 
above, calibration standards were matrix matched using ALF. 
 
Bioaccessibility via ingestion 
Gastrointestinal dissolution of metals was quantified using the UBM. The method is best described by 
BARGE/INERIS (2010) and has been shown to be comparable to in vivo studies (Denys et al. 2012). 
The process involves simulating the gastric route alone (GC) and the gastrointestinal route (GI). The 
GC route exposes RD to simulated fluids in just the mouth and stomach compartments, simulated 
saliva and simulated gastric fluid respectively. The GI route has the additional exposure to the 
intestinal compartment, modelled with simulated duodenal fluid and bile. The organic and inorganic 
constituents of each of the four solutions were produced the day before exposure, they were then 
combined and heated to 37°C before addition of RD. A calibrated pH meter was used to ensure the 
pH of each solution stayed within the strict range as described by BARGE/INERIS (2010). The entire 
process was scaled down, using 0.3g of RD, rather than 0.6g as described by BARGE/INERIS 
(2010), the quantity of each solution used was also halved to keep the stated liquid to solid ratio. The 
process of reducing the quantities in this manner has been shown not to affect the quantity of metals 
leached (Xia et al., 2016). Analysis of the leachates was carried out using the same instrumentation 
and parameters as the bulk metal analysis method described above, calibration standards were 
matrix matched using ALF 
 
Water soluble ions 
Extraction methods of water soluble ions from RD vary significantly in the literature and are often not 
supported with references or evidence of method development. A similar gap in the literature is also 
present with respect to water soluble ion extraction from soils. A variety of extraction times are 
published, ranging from 5-120 minutes (Zissimos et al. 2014; Endovitsky et al. 2016; Behrooz et al. 
2017). There is, however, published work detailing the optimised soil:water ratio, 1.5-5:100 (g/ml) was 
preferred (Reis et al. 2014). 
Accordingly, several different techniques were investigated here to ensure the efficiency and 
repeatability of extractions. It was found that use of an orbital shaker improved extraction efficiency of 
chloride, nitrate, phosphate, sulphate, sodium, ammonium, potassium, magnesium and calcium 
relative to an ultrasonic bath. 1g of RD in 20ml of deionised water was preferred over lower quantities 
of RD as samples showed greater standard deviation with the lower mass, supporting the work of 
Reis et al. (2014). Extraction time was also varied, although there was relatively little increase in 
quantities of ions extracted after 40 min, 1 h was selected as the optimum. 
  
Risk assessment 
The risk assessment method used in this paper is based on the USEPA model (USEPA 1997), 
whereby the risk of detrimental health effects caused by a pollutant on an individual was calculated 
based on severity of exposure. Equations 1 and 2 show calculations for average daily dose of a 
pollutant via the ingestion, inhalation and dermal absorption routes. The parameters and values for 
each equation are displayed in table 1. 
𝐴𝐷𝐷𝑖𝑛𝑔 =
𝐶 ×  𝑅𝑖𝑛𝑔  ×  𝐶𝐹 ×  𝐸𝐹 ×  𝐸𝐷
𝐵𝑊 × 𝐴𝑇
 
Equation 1: Average daily dose of a pollutant via ingestion route 
𝐴𝐷𝐷𝑖𝑛ℎ  =  
𝐶 × 𝑅𝑖𝑛ℎ × 𝐸𝐹 × 𝐸𝐷 × ([𝑇𝑆𝑃])
𝐵𝑊 × 𝐴𝑇
 
Equation 2: Average daily dose of a pollutant via inhalation route 
Table 1: Parameters for average daily dose calculations 





C Concentration of 
contaminant 
(mg/kg) 
This study This study  
Ring Ingestion rate 
(mg/day) 




350 350 Du et al. 2014 
ED Exposure 
duration ( years) 
24 6 Du et al. 2014 
BW Body Weight (kg) 84 21 Potgieter-
Vermaak et 
al. 2012 
AT Average Time 
(days) 
365 x ED 365 x ED Du et al. 2014 
CF Conversion factor 
(kg/mg) 
1 x 10-6 1 x 10-6  
Rinh Inhalation rate 
(m3/day) 
5 20 Du et al. 2014 
TSP RD derived Total 
suspended 
particles (kg/m3) 




1 x 10-3 1 x 10-3 Du et al. 2014 
 
The inhalation methodology was adapted for use with sediments as demonstrated by Brown et al. 
(2015), whereby the particle emission factor (PEF) has been changed to be more applicable to urban 
road dusts. Whilst use of the PEF value as proposed by USEPA (2000) has been common in 
literature (Buranatrevedh 2014; Liu et al. 2015; Cao et al. 2015), it was designed to model 
resuspension of soils from sites where vegetation makes up 50% of the surface. A novel feature of 
this analysis is that the risk assessment was performed on the bioaccessible portion of RD as 
  
determined by the leaching studies. Once values are inserted into Equations 1 and 2, ADDing and 
ADDing can be calculated. Hazard quotients (HQ) for each route of exposure can then be derived by 
dividing each ADD of each metal by a reference dose (RfD). The Rfd value represents the threshold 
for which the health effects of any given pollutant can be observed (Buranatrevedh 2014; Liu et al. 
2015; Cao et al. 2015). HQ values for each exposure route are then combined to obtain a hazard 
index value (HI). A HI greater than 1 are indicative that significant risks of non-carcinogenic health 
effects due to a pollutant may be observed (USEA 2001). 
 
Results and discussion 
Bulk metal analysis 
The bulk analysis results are displayed in Figures 2, 3 and 4 for each metal of interest within the <38 
µm, 63-38µm and 125-63µm fractions, respectively. Generally, the median concentrations of metals 
follow Fe>Cu>Pb>Cr, this occurs across all size fractions and sampling campaigns with the exception 
of summer 2014, autumn 2014 and winter 2014/2015 in the 125-63µm fraction, where Cr is more 
abundant than Pb. From the box plots displayed in Figures 2, 3 and 4 it appears that the median 
concentrations show an increasing trend towards summer and a decreasing trend towards winter. 
This is consistent across all three fractions of RD studied. Similar studies into temporal variation of 
metal concentrations in RD are limited; however, both Norouzi et al. (2017) and Liu et al. (2011) 
indicated strong seasonal variance in metal concentrations throughout the year. Contrary to the 
results obtained here, both studies observed increased metal concentrations towards winter followed 
by a decrease towards summer. This can be rationalised, as acknowledged by both studies, by the 
influence of precipitation. The studies by Norouzi et al. (2017) and Liu et al. (2011) note increased wet 
summers and dry winters, contrary to the Manchester study site which experiences wet winters and 
relatively dry summers (Brown et al. 2015). Referring to the data presented here, a degree of variance 
is observed temporally within a fraction as well as between fractions. This presents an interesting 
unexplained trend, all samples were handled in the same manner and the instrumental analysis was 
all carried out on the same day. 
Chromium concentrations in this study range from 77.6-132.0 mg/kg. These results are comparable 
with those quoted in literature, although generally towards the higher end of ranges quoted. 
Concentrations have been observed ranging from 3.7-94 mg/kg in China (Liu et al.2014; Tang and 
Han 2017), 17-34 mg/kg in Angola (Ferreira-Baptiste and De Miguel 2005).  Copper concentrations in 
this study range from 154.0-502.5mg/kg. Copper in RD has been studied extensively in the UK, the 
results obtained in this study are relatively low in comparison to Birmingham and Coventry, where 
concentrations of 16.4-6,688.4 mg/kg and 49.3-815 mg/kg respectively are reported (Charlesworth et 
al. 2003).  In comparison to other continents, however, the results obtained in this study are relatively 
high. Concentrations ranging from 4.5-172 mg/kg in China (Liu et al.2014; Tang and Han 2017), 18-
118 mg/kg in Angola (Ferreira-Baptiste and De Miguel 2005) have been published. Iron 
concentrations in this study range from 19,700-38,4800 mg/kg, this is quite typical of global 
concentrations. Concentrations in the order of 8,381-35,400 mg/kg in China (Luo et al. 2012; Tang 
and Han 2017), 8,000-20,100 mg/kg in Angola (Ferreira-Baptiste and De Miguel 2005). The observed 
concentrations in this study are significantly higher than those reported by Robertson et al. (2003) at a 
site less than a kilometre away (7,664-17,214 mg/kg). Lead concentrations in this study range from 
77.3-267.1 mg/kg, this is generally in line with those reported in literature, ranging from 10-270mg/kg 
in China (Liu et al. 2014; Tang and Han 2017), 74-1,856 mg/kg in Angola (Ferreira-Baptiste and De 
Miguel 2005). Contrary to concentrations of Cu, lead concentrations in Manchester are higher relative 
to those reported in Birmingham and Coventry by Charlesworth et al. (2003) (0-146.3 mg/kg and 0-
199.4 mg/kg respectively). Despite this, concentrations in this study are observed to be slightly lower 
than those reported at a nearby site in Manchester by Robertson et al. (2003) (120-645 mg/kg). The 
large variability in absolute concentrations of metals in RD across both the globe and even within a 
relatively small city such as Manchester intriguing from a health standpoint. It is most likely that the 
variances can be attributed to the different anthropogenic sources in any given site. Comparison 
between these results and those gathered by Robertson et al. (2003) show how quickly a pollutant, 
such as lead can diminish, and a new one, iron, can present itself. This study ultimately highlights the 




Figure 2: Box plots denoting the acid soluble concentrations of Cr, Cu, Fe and Pb in <38µm fraction 
as determined by ICP-OES for the two-year sampling campaign (where Sp = spring, Sum = summer, 
Aut  = autumn, Win = winter) 
 
  
Figure 3: Box plots denoting the acid soluble concentrations of Cr, Cu, Fe and Pb in 63-38µm fraction 
as determined by ICP-OES for the two-year sampling campaign (where Sp = spring, Sum = summer, 
Aut  = autumn, Win = winter) 
 
Figure 4. Box plots denoting the acid soluble concentrations of Cr, Cu, Fe and Pb in 125-63µm 
fraction as determined by ICP-OES for the two-year sampling campaign (where Sp = spring, Sum = 
summer, Aut  = autumn, Win = winter) 
 
Bioaccessibility via Inhalation 
As mentioned in the introduction section of this study, only the <38µm fraction of RD was considered 
for the inhalation route leaching portion of the study because of the ability for the <38µm fraction to 
act as a proxy form inhalable particles (Brown et al. 2017). ALF leaching data (as illustrated in Figure 
5.) are presented as the percentage leached relative to that which was available, as determined in the 
bulk analysis protocol. It is therefore considered as its bioaccessibility (Colombo et al. 2008), this is 
calculated using equation 3. There appears to be a distinct pattern in leaching with Cr, Cu and Fe, 
where peaks in leaching during autumn 2013 and again in summer 2014 are observed. However, Pb 
shows and initial peak in winter 2013-14, then a second peak in summer 2014. While the peaks in 
data are somewhat consistent, the campaigns of lower leaching, troughs, for each metal are less so. 
There are examples of troughs occurring in each season, spring being the most common. These 
observations show the subtle, but valuable difference between using bulk data to estimate health 
effects rather than in vitro studies. The apparent independence between bulk concentration of each of 
these metals and bioaccessibility shows that the nature of pollutants changed throughout the study. It 
is probable that the slight seasonal pattern indicates significant meteorological contribution, but also 
influences from other factors, perhaps changes in types of anthropogenic pollution. 
In terms of metal content, results indicate that the order of leaching is as follows Cu>Pb>>Cr≈Fe, 
dividing the metals into two distinct groups of Cu with Pb, and Cr with Fe. The figure shows that there 
is a significant fluctuation in the amount of each metal which is bioaccessible, with Cr ranging from 
15.3-21.1%, Cu from 61.7-78.6%, Fe from 16.8-24.9% and Pb from 57.0-68.7%. In comparison to 
studies on the bioaccessibility of metals within ALF, the results obtained here are similar. Data from 
Pelfrene et al. (2017) show bioaccessibility of Cr was 8.7%, Cu was 55.0-65.2% and Pb was 55.0-
62.0% for three different RD certified reference materials with particle sizes of <74µm, <90µm and 
  
<100µm. Guney et al. (2017) publish large variability amongst 6 contaminated urban soils fractioned 
to <20µm with bioaccessibility  ranging from 23.7-90.1% for Cu, 2.3-67.6% for Fe and 50.3-92% for 
Pb. The large variance in data between and within all of these studies particularly highlights the 
variable nature in bioaccessibility in RD. 
 
𝐵𝑖𝑜𝑎𝑐𝑐𝑒𝑠𝑠𝑖𝑏𝑖𝑙𝑖𝑡𝑦 (%) =  
[𝑙𝑒𝑎𝑐ℎ𝑒𝑑]
[𝑡𝑜𝑡𝑎𝑙]
 × 100 
Equation 3. Calculation for bioaccessibility (%) 
 
Figure 5: Percentage bioaccessibility, inhalation route leaching 
 
Bioaccessibility via Ingestion 
The Ingestion leaching data in this study has been handled in the same manner as the inhalation 
route leaching data, whereby the bioaccessibility of each metal is quoted as a percentage of the bulk 
total, as determined in this study. Boxplots of the data are presented in Figures 6 and 7. Contrary to 
the inhalation leaching and bulk concentration data, the ingestion leaching data showed no particular 
temporal trend over the sampling campaign for Cr, Fe and Pb.  However, ingestion leaching data for 
Cu generally appeared to increase from spring through to winter for both GI and GC conditions. 
Interestingly, the coarser size fraction leached more than the finer fraction in all conditions, with the 
exception of Cu under gastrointestinal conditions. One would typically expect the finer fraction to 
leach more due to its smaller surface area to volume ratio. It was observed that for Cr, Fe and Pb the 
  
GC conditions yielded higher bioaccessibility, while Cu was more bioaccessible in the GI conditions. 
In any condition, bioaccessibility for Cr and Fe was <2%, far lower than that of Cu and Pb which 
ranged from 7.9%-48.7% and 0.5%-21.5%. A large degree of variability is observed between samples 
in this study, this is also apparent in the published literature where reported bioaccessibility of Cu and 
Pb have ranged from 9%-40.9% and 5-25% respectively (Okorie et al. 2012; Poggio et al. 2009; 
Gbefa et al. 2010). Only Gbefa et al. (2010) investigated the bioaccessibility of Cr via the ingestion 
route: a median bioaccessible value of 0.3% was quoted. There is no literature available on the 
bioaccessibility of Fe from RD via the ingestion route. 
  
Figure 6: Percentage bioaccessibility, GC ingestion route leaching 




Water soluble ions 
 
Concentrations of Na+, NH4+, K+, Mg2+, Ca2+, Cl-, NO32-, SO42- and PO43- where determined 
by IC, as described in Section 2.6. Cation/Anion (C/A) ratios were then calculated for each 
size faction using molar equivalents (Buczynska et al. 2014). These calculations are 
presented in Equations 3 and 4. It is accepted that the C/A ratio provides an insight into the 






































Boxplots for the C/A data are shown in Figure 8. Aside from the <38µm fraction in the first 
two sampling campaigns, the C/A ratio data are similar in terms or range for each of the 
three size fractions in all campaigns. 
 
Figure 8: Cation/Anion ratio for each fraction 
 
A regression line using C/A in the <38µm fraction as the predictor variable and inhalation 
bioaccessibility for each metal in the <38µm as the response was plotted. Negative 
correlations were observed for all metals. If the null hypothesis is true, then ratio of variance 
  
between the two samples is close enough to 1 to be considered random variation. An F-test 
was carried out on the data, where if the F value exceed the F critical value of 3.787 for a 
one-tailed test (p=0.05), the null hypothesis can be rejected. F values of each sample are 
displayed along with correlation coefficients (R2) are displayed in Table 2. The results 
displayed in Table 2 shows that there is a significant linear relationship between the 
concentration of Cr and Cu leached, and C/A. This suggests that the more acidic the water 
soluble ions in an RD sample, the more readily some metals leach. This has been proposed 
by Huang et al. (2016), but no data were presented to prove this. 
 Cr Cu Fe Pb 
R2 -0.43 -0.64 -0.27 -0.095 
F value 4.52 10.70 2.26 0.63 
Table 2: Correlation coefficients between C/A and inhalation of metals in <38um fraction 
 
Risk assessment 
Data for the risk assessment portion of this study was handled as stated in Section 2.7. 
Hazard index values for each of the four metals are displayed in Tables 3 and 4 for adults 
and children respectively. The concentration of each metal inserted into the ADDinh 
equations were the average leached concentrations for each metal over the two-year 
sampling campaign. This was considered to be the best representation of the average 
bioaccessible concentration of metal over the chronic exposure duration detailed in Table 1. 
However, because of the acknowledged contention in literature over the size of particle 
which is most representative of those which can be ingested, a worst case scenario 
approach was adopted. For each metal, the fraction with the highest average concentration 
over the two-year campaign was selected for the ADDing equation. It can be observed from 
Tables 3 and 4 that even with the worst case scenario approach, there are no metals that 
present a significant non-carcinogenic risk, but the results do show an elevated risk to 
children in comparison to adults. Similar approaches to risk assessment on the total 
concentration of RD have yielded similar insignificant risk (Brown et al. 2015, Du et al. 
2014). However, these studies overestimate the actual expose. There are results from two 
studies which risk assess the bioaccessible fraction of an exposure route available, both 
studies show incomplete data and have not considered appropriate bioaccessibility tests on 
the two main exposure routes, as in this study (Huang et al. 2016; Li et al. 2015). Both these 
studies, show insignificant non-carcinogenic risk. Cheque 
 Cr Cu Fe Pb 
HI 8.6 x 10-3 1.0 x 10-2 6.2 x 10-4 1.7 x 10-2 
Table 3. HI values for adults 
 Cr Cu Fe Pb 
 1.49 x 10-2 1.82 x 10-2 1.22 x 1-3 3.45 x 10-2 
Table 4. HI values for children 
 
Conclusions 
One of the key aims of this study was to risk assess the bioaccessible portion of metals at 
this study site. Whilst the results suggest that there is little concern for health of those 
exposed, this model over simplifies the vulnerability of an individual to pollutants, it fails to 
consider those of poor health or elderly. Furthermore, this approach to risk assessment 
oversimplifies complex process of human exposure to urban pollutants. This is particularly 
apparent when considering all the data presented here, large variability between total 
concentrations of metals, not to mention the bioaccessibility thereof indicative of the dynamic 
  
nature of sources and the effect of meteorological conditions. Perhaps the most interesting 
aspect of the results presented here is the apparent link between acidity of RD and elevated 
leaching via the inhalation route. 
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Abstract 
It is shown for the first time that the < 38 µm fraction of urban particles can be used as a 
proxy for PM10. This study probed similarities between the < 10 and <38 µm fractions of 
urban road dust to show that the larger of the two can be used for analysis for which larger 
sample masses are required. Road dust, initially segregated to size <38µm using sieves, 
was again size segregated to <10µm using water deposition. Both the original <38µm and 
the separated <10µm fractions were then subject to analysis by SEM-EDX and ICP-OES for 
its elemental composition. Dissolution tests in artificial lysosomal fluid were carried out on 
both samples to determine % bioaccessibility and thus investigate the differences in the form 
in which metals are present in either sample. The separation technique achieved 94.3% of 
particles <10µm (the original sample contained 90.4% as determined by SEM-EDX). Acid 
soluble metal concentrations results indicated differences between the samples. However, 
when manipulated to negate the input of Si, SEM-EDX data showed general similarities in 
metal concentrations. Dissolution testing results indicated similar behaviour between the two 
samples in a simulated biological fluid. 
 
Keywords 
Road dust, PM10, representation, bioaccessibility 
 
Highlights 
Urban road dust particles of <10µm are analytically comparable with <38µm fraction. 
Use of single particle analysis illustrates particles report to the same clusters. 
Both fractions have similar chemical structure according to single particle analysis. 
Justification for the use of RD in in vitro studies 
 
Introduction 
Urban air quality is of significant importance to the majority of us living or working in our 
cities worldwide. Short-term events such as the 1952 London smog episode have the ability 
to dominate headlines because of the 4000 deaths due to acute exposure to air pollution, 
12000 when integrated over the whole of the winter (Whittaker et al, 2004). However, 
chronic exposure to air pollution, to which we are all subject, provides equally shocking 
statistics. The European Environment Agency estimates that poor air quality is responsible 
for 467,000 premature deaths per year amongst Europeans (EEA 2016). The World Health 
Organisation estimates that air pollution is responsible for 8% of lung cancer deaths, 5% of 
cardiopulmonary deaths and 3% of respiratory infection deaths (WHO 2009). 
Such deleterious effects on the population are often attributed to particulate matter (PM). 
Emission sources of PM are numerous, and commonly include industrial and commercial 
output, vehicular emissions and wear, abrasion of road surfaces etc. (Wang et al. 2016). 
Another large source of PM is believed to be resuspended road dust (RD), which can 
account for as much as 74% of total suspended particles by mass (Hien et al. 1999; 
  
Harrison et al. 1997) and has also been observed to be the largest and second largest 
contributor to PM10 and PM2.5 respectively (Landis et al. 2017). Emphasis on RD as possibly 
the most significant contributor to PM will continue to grow because it is currently 
unregulated, unlike vehicle exhaust emissions (Padoan et al. 2017) 
Because of the range and nature of sources, PM should be considered unique for any given 
location. PM is a topic which has been studied extensively, although recent consensus 
amongst the scientific community indicates that the micro-chemical structure of PM is 
responsible for the degree of toxicity (Rohr et al. 2011). 
Due to the nature of PM, and particularly respirable PM10, it can be difficult to analyse micro-
chemical structure, without specialised techniques such as micro-Raman Spectroscopy 
(Worobiec et al. 2010) or surface enhanced Raman Spectroscopy (SERS) (Tian et al. 2014). 
There are further difficulties with obtaining a suitable sample mass with a view to carry out 
robust in-vitro studies, since common methods for modelling either the respiratory or the 
gastrointestinal route typically use upwards of 0.5g per sample, including replicates 
(Colombo et al. 2008; Wragg et al. 2011). Collection on filters using high volume samplers 
typically yields samples of less than 0.1g (Shahsavani et al. 2012; Behrooz et al. 2017). 
The aim of this study is to see if <10µm fraction of RD is analogous to the <38µm fraction, 
and thus assess the possibility of using the larger, more abundant size fraction of RD as a 
proxy for PM10. This will be carried out using metal concentrations as a marker. A water 
deposition technique can be used to separate the RD fraction of <10µm from the original 
<38µm sample. The <38µm sample will also be soaked in deionised water to simulate the 
conditions to which the <10µm fraction was exposed, both samples will lose some water-
soluble components in the process. Both fractions, the <10µm and the <38µm will then be 
acid digested to compare their elemental profiles and exposed to artificial lung fluid to 
compare mobility of metals within the body. RD used in the study was collected in 2014 from 
Oxford Road, Manchester. The collection technique and handling of RD has been described 




PM10 Separation was carried out using a sedimentation-in-water process based on the 
principles of Stokes’ law, which gives the velocity of a sphere in a viscous fluid under the 
force of gravity. Equation 1 is Stokes’ law, where V is velocity of a particle; g is acceleration 
due to gravity; a is the diameter of a particle (cm); d1 is the density of a particle; d2 is the 
density of water; µ is the viscosity of water (Haynes 2016). Density of particles was 
measured to be 3.2 g/cm3, as determined by a water displacement technique similar to 
Blake and Hartage (1986). 
 
Equation 6. Stokes’ Law 





The separation technique is presented in figure 1. The process uses a bunged 100 cm3 
measuring cylinder. The distance between the 100 cm3 mark on the cylinder and the 80 cm3 
mark was measured to be 3.1cm. The time taken for particles of 10µm to travel that distance 
is 259 s, as determined by equation 1. 
A 2g sample of RD was accurately weighed into the measuring cylinder then made up to the 
100 cm3 mark with deionised water (18 MΩ). The cylinder and contents were thoroughly 
agitated by hand and then placed on a bench, this is shown as step a. in figure 1. A 
stopwatch was then used to time 259 seconds, the amount of time taken for particles larger 
than 10µm to travel 3.1cm, shown as step b. in figure 1. A 20 cm3 pipette was then inserted 
  
into the cylinder to siphon off the top 20 cm3of water. This process removes suspended 
particles <10µm from the cylinder, shown as step c. in figure 1. The water in the pipette, 
containing the <10µm particles, is then aspirated into a clean centrifuge vial, step d. in figure 
1. The centrifuge vial and contents were then centrifuged at 2000rpm for 15 minutes, the 
supernatant was then discarded, step e. in figure 1. The particles remaining in the centrifuge 
tube were transferred to a clean weighing boat and left to dry at room temperature in a clean 
brown paper bag. This process is repeated 20 times for each sample with another 20 cm3 of 
deionised water added to the measuring cylinder before step a. to replace the 20 cm3 
removed at step c. on the previous iteration. The method described here is based on one 
described by Boisa et al. (2014). 
 
Figure 1. Separation schematic (Chemix.org) 
 
Particle size analysis 
A Zeiss Supra 40VP field emission computer controlled scanning electron microscope with 
energy dispersive X-ray microanalysis (CC-SEM-EDX) was used to determine particle size 
distribution (PSD) of both samples once mounted by dispersion onto silver foil. A 
backscattered electron detector was used at 1000x magnification to acquire an image of the 
stub surface, the heavy elemental background from the silver foil enables a high contrast 
black and white image to be obtained. EDAX Genesis software is used to control the 
instrument, generating a series of images spiralling out from the centre of the stub, 
essentially mapping it. The program recognises particles based on their dark colour relative 
to the background, greyscale sensitivity is programmed by the operator beforehand. The 
program measures the x and y ferets of a particle based on number of pixels. 
Particle size can be represented by average diameter, calculated from the two-dimensional 
projection of a given particle. Equation 2, as used by Potgieter-Vermaak et al. (2012), shows 
how average particle diameter is calculated for each particle. Where, Dp is average particle 
diameter, Dmax is maximum feret diameter, Dmin is minimum feret diameter. 
 
Equation 2. Average particle diameter 






Acid soluble metals determination 
250mg ±10mg of each PM10 sample was analysed for its acid soluble metal content by 
dissolution in aqua regia (7.5 cm3 HCl, 2. cm3 HNO3), three extractions were carried out per 
sample. This process was facilitated with a 1600W CEM Mars 5 Microwave equipped with 
Teflon digestion tubes. Analysis was carried out using a Varian Vista MPX ICP-OES with 
SeaSpray nebulizer. Initial system stability checks were carried out with a 5mg cm-3 solution 
of Mn during the torch alignment whereby the upper values must be in excess of 300,000 
counts per second, sample analysis exclusively used the axial position. A four-point linear 
calibration was achieved for each element, a calibration coefficient of >0.99 for all elements 
was determined. Five replicates were carried out per sample 
 
Metal dissolution determination 
For the dissolution method, 150mg ± 10mg of PM10 was measured into a PET centrifuge 
tube along with 15cm3 of artificial lysosomal fluid (ALF). ALF (Colombo et al. 2008) was 
selected as an appropriate representation of the lung environment cells encounter following 
contact with the macrophage immune response (Wiseman and Zereni 2014). The mixture 
was then placed in an incubator shaker for 24 h. This was deemed an appropriate length of 
time to expose the samples to ALF, as residence time for particles in the lung is still 
somewhat disputed by the scientific community. Despite this, the aim of this paper is to 
investigate the use of larger particles as a proxy for PM10 so extraction time should not be 
important. The analysis method for the ALF extracted samples was the same as for the acid 
extracted samples. Al, As, Cr, Cu, Fe, Mn, Ni, Pb, Sn and Zn were quantified in each 
sample. These particular metals were selected to give an insight into the effective change for 
metals deemed to be of both crustal and anthropogenic origin (Alomary and Belhadj 2007; 
Gunawardana et al. 2012) 
 
Single Particle Analysis 
Single Particle Analysis (SPA) was carried out using the same instrumentation technique as 
described in section 2.1. Elemental data were then separated into clusters based on mole 
fractions per element, as described by Kandler et al. (2011). Clusters for these data are 
defined in Table 1, along with mole fraction criteria. AE refers to total mole fraction; in each 
case the contributions of C, O and Ag have been subtracted. 
 
Table 5: SPA clusters and criteria 
Cluster Criteria 
Silicates Si/AE>0.2, Mg/Si<1.33, Al/Si<1.33, Fe/Si<0.5, Ti/Si<0.5, 
Na/Si<0.7 
Calcites Ca/AE >0.5, Mg/Ca <0.33, Si/Ca <0.5, S/Ca<0.25, 
P/Ca<0.15 
Ti rich Ti/AE >0.3, Mg/Ti <1, Al/Ti <1, Fe/Ti <1, Si/Ti <1, S/Ti <1, 
Na/Ti <1 
Fe rich Fe/AE >0.15, Si/Fe <1.05, Ti/Fe <1.3 
Al rich – not aluminosilicates Al/AE>0.15, Si/AE<0.2, Ti/Al<1.3 







Particle size was determined using CC-SEM-EDX. 1500 particles were analysed for each of 
the two fractions. The smallest measurable diameter was 0.5µm, particles smaller than this 
are indistinguishable from imperfections in the silver foil surface. Figure 1 shows particle size 
distribution as determined by CC-SEM-EDX for the <10µm and <38µm fractions. The figure 
divides particles into bins based on particle size, starting with 0.5-1.5µm, then 1.5-2.5µm etc. 
presented along the x-axis as average particle diameter (Dp). The primary y-axes shows the 
number of particles in each bin divided by the total number of particles (nj/nt). Presenting 
particle size distribution data in this manner is common for particulate matter (Chen et al. 
1997; Lin et al. 2005; Potgieter-Vermaak et al. 2012; Yue et al. 2013) and RD (McKenzie et 
al. 2008); these studies tend to log the number of particles in each bin. The authors felt that 
logging the number of particles in each bin failed to give a clearer visual representation of 
the particle size distribution. The secondary y-axes of figure 1 show a cumulative distribution 
of particles, by summing the number of particles in each preceding bin, as a percentage of 
the total number of particles (N(Dp)/nt). The cumulative distribution is included to give an 
indication of the type of distribution observed. Both the <38µm and the <10µm fraction 
showed somewhat of a lognormal distribution, however there are too many smaller particles 
to fit this distribution with statistical confidence. It is observed that the number of particles 
smaller than 1.5µm dropped off in the <38µm fraction, but carried on increasing in the 
<10µm fraction. It is possible that this was caused by the separation technique failing to 
remove some particles between 1.5-10µm from the <38µm, therefore under representing 
them in the <10µm fraction. This is unavoidable using a technique, which assumes uniform 
density of particles. 
Geometric median and geometric standard deviation are calculated using equations given 
by Potgieter-Vermaak et al. (2012). The geometric median particle size in the <10µm 
fraction is 1.7µm (geometric standard deviation 2.3µm), 94.3% of particles were smaller than 
10µm. In the <38 fraction, the geometric median particle size was 3.5µm (geometric 
standard deviation 2.3µm), 90.4% of particles were smaller than 10µm.These results show 
that a good separation efficiency was achieved with this technique, a significant portion of 
the particles larger than 10µm have been removed. The distribution of particles observed 
here in the <10µm fraction was similar to that reported by McKenzie et al. (2008). In both 
cases, particles were measured down to a size of 0.5µm, albeit using different 
instrumentation. Interestingly results from this study showed a greater exponential skew 
toward the smallest particles. This could possibly be due to differences in sites or the 
vacuum collection method used by Mckenzie et al. (2008). The large number of small 
particles observed here in the <38µm fraction supports the concept that RD inherently 
contains a large number of small particles (Kong et al. 2012). This is a crucial observation 




Figure 2. Particle size distributions from each fraction 
 
Bulk Elemental Concentration 
Results from the acid digestion experiment indicated a significant difference in metal 
concentrations observed between the <38µm and <10µm fractions. Elemental 
concentrations were increased in the <10µm fraction for each element quantified. Table 2 
represents the data from both fractions and includes the % increase from <38µm to <10µm. 
 
Table 6: Acid soluble metal concentrations 











































































51.8 66.3 6.0 57.8 11.7 6.8 23.1 41.8 16.1 48.6 
 
Elemental concentrations in the <10µm fractions showed the trend 
Fe>Al>Zn>Cu>Mn>Pb>Cr>Sn>Ni>As. The same pattern was observed in the <38µm 
fraction, with the exception of Mn, which was more abundant than copper. Albuquerque et 
  
al. (2016) concluded a similar pattern of metal concentration of PM10, 
Zn>Cu>Pb>Mn>Cr>Ni>As, the notable difference being the increased Pb concentration 
relative to Mn. Other studies investigating metal concentrations of PM10 also indicated a 
similar order, again with Pb being more abundant than Mn (Lim et al. 2010). It is worth 
noting that specific metal concentrations, in terms of absolute concentration and relative to 
other metals are very dependent on site. It is also worth acknowledging that literature 
quoting concentrations of metals within PM10 will generally be reported in units of mass per 
volume (of air), as collection on filters is the most common method of quantification. 
 
Such large differences in metal concentrations between the fractions may appear to 
conclusively disprove any possibility that the two samples may be comparable. However, it 
is documented that the largest constituent of RD is Si, and that the concentration of Si 
increases in larger grain fractions (Brown et al. 2015). It is feasible that the difference 
between the two samples may be the significantly larger concentration of Si in the <38µm 
fraction. 
In an attempt to bypass this issue, we are able to refer back to the SEM-EDX work originally 
carried out as a means of ascertaining particle size distribution. Recalculating the 
percentage weight (%Wt) composition for each particle once C, O and Si have been 
removed, we can compare quantities of each remaining element present in each sample. A 
full suite of crustal and trace elements quantified by SEM-EDX were left in the %Wt equation 
to increase accuracy. Distribution for each element also quantified by ICP-OES was found to 
be skewed left (Al, As, Cr, Cu, Fe, Mn, Ni, Pb, Sn and Zn). Therefore the Mann-Whitney U 
test was used to compare each of them between the <10µm and <38µm faction, the null 
hypothesis (H0) being that the samples are statistically not the same. With the exception of 
Fe, Zn and As, it was found that we can accept the alternative hypothesis for all other 
elements. In the case of As, the SEM-EDX data indicated too few As containing particles in 
either fraction to perform a Mann-Whitney U test. With regards to Fe and Zn, the Mann-
Whitney U test indicated that these elements were more enriched in the <10µm fraction. 
 
ALF soluble metals results 
Concentrations of ALF leachate were normalised to mg/kg, in the same way as the acid 
digested samples were.  For simplicity, the data can then be represented as bioaccessibility 
(%) for each element using equation 3. Results for each metal are presented in table 3. 
 
Equation 3. Bioaccessibility (%) 






Table 7: Bioaccessibility data 










































Table 3 shows the bioaccessibility data presented as %. Standard deviations for each metal 
are given as calculated by propagation of errors (Miller and Miller 2005). The results do 
  
seem to indicate a strong similarity between the leaching behaviour of the two samples 
across the full range of metals: there is an average difference of just 1.35% between any 
given element with respect to fraction size. The largest absolute difference is 2.88mg kg-1 for 
Cu; the smallest is 0.18mg kg-1 for Al. This appears to support the elemental composition 
results obtained using SEM-EDX. The results here suggest that it is likely that that the forms 
in which the metals are present in both samples, i.e mineralogically or otherwise are the 
same. Vastly different leaching behaviour between the two samples would suggest that 
different minerals or free metals are present in one sample but not the other. In comparison 
to other studies, the bioaccessibility in ALF results achieved here are significantly lower than 
those collected by Wiseman and Zereni (2014), who achieved bioaccessibility around an 
order of magnitude higher across the suite of metals analysed, generally between 60-80% 
bioaccessible. Pelfrene et al. (2017) carried out ALF dissolution tests on a range of certified 
reference materials. Results indicated large variability in dissolution of metals between each 
of the reference materials, % bioaccessibility of Mn was found to be 5.5% (±0.1), 44.3% 
(±0.2) and 46.8% (±2.6) amongst the three analysed reference materials 
 
Single Particle Analysis 
To attempt to elucidate the somewhat conflicting results achieved between the acid digest 
data and the data from both the SEM-EDX and leachates, further analysis of RD was carried 
out using CC-SEM-EDX. In this section, all data referred to are from the original <38µm 
fraction sample, unexposed to water. Particles have been clustered in accordance with 
Table 1, with extra criteria added to group particles with a diameter of <10µm. Table 4 
shows cluster data for the original <38µm fraction and for particles within this sample that 
have a diameter of <10µm, the portion within each cluster observed is presented as a 
percentage, in order to normalise the number of particles of a given observed size. A large 
number of particles were found to match the criteria for more than one cluster.  These mixed 
clusters are also defined in Table 4. 
 
Table 8: Cluster data 
Cluster Clusters present in <38µm 
fraction (%) 
Clusters present in 
<10µm fraction (%) 
Silicates 57.7 56.3 
Silicates and Calcites mixed 0.3 0.4 
Silicates and Trace mixed 6.9 7.3 
Calcites 0.4 0.4 
Calcites and Al rich mixed 4.2 4.3 
Calcites, Al rich and Trace 
mixed 7.1 7.3 
Ti rich 0.2 0.1 
Fe rich 2.5 2.3 
Fe rich and Trace mixed 0.3 0.3 
Al rich 1.6 1.3 
Al rich and Trace mixed 8.2 7.4 
Trace 7.2 7.3 
Undefined 3.4 5.2 
 
  
Table 4 shows markedly similar clustering data between the two size fractions. The largest 
absolute difference between the two fractions was the silicates cluster, the <38µm fraction 
contained 1.4% more Silicates than the <10µm fraction. Calcites, Ti rich, Fe rich, Al rich and 
Trace clusters were all within 0.3% of each other with respect to the different size fractions. 
There was a slightly more noticeable difference between the mixed clusters, where the 
differences between the size fractions ranged up to 0.8%. This could suggest that in both 
samples particles are commonly present as aggregated collections of particles, in 
agreement with previous research on the topic (Thorpe et al. 2007) 
The undefined row indicates that particles fit none of the clustering criteria.  In most 
circumstances, this classification was attributed to highly carbonaceous particles, containing 
trace amounts of various other elements. It is observed that there is a significantly larger 
portion of undefined particles in the <10µm size fraction. 
 
Conclusions 
The aim of this study was to assess the possibility of using larger size fractions of urban 
particles to act as a proxy for PM10, in terms of metal concentrations and their possible 
biological behaviour. While acid digestion results seem to indicate that this is not possible, 
assessing manipulated SEM-EDX data, leaching behaviour and SPA data suggested the 
opposite conclusion. Manipulating the SEM-EDX data and the leaching experimentation 
methods ignores the well-regarded, sizable input of Si. This is supported by the clustering 
data where it can be observed that silicate particles are slightly more abundant in the <38µm 
fraction than the <10µm fraction.  Possibly the most likely explanation for the similarity in 
composition and behaviour of the two samples here is that the larger fraction is simply a 
precursor to the smaller, with the larger fraction having a significant presence of aggregates 
which ultimately disintegrate to form the smaller fraction. This conclusion is touched upon in 
the discussion section 3.4. 
Referring back to the aim as outlined in the introduction section of this paper, it does appear 
that the <38µm fraction could be used as at least a first approximation of metal enrichment 
in PM10 for the purpose of in vitro tests. It therefore enables researchers to easily use a 
larger sample size and thus provide more representative results. Further work on the topic 
using intra-molecular analytical techniques could broaden the conclusions drawn here and 
offer a firmer explanation of the role of Si within these particles. 
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